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Abstract. A large data set of over 4,700 records of avian mercury (Hg) levels in northeastern North
America was compiled and evaluated. As Hg emissions remain poorly regulated in the United States and
Canada, atmospheric deposition patterns and associated ecological responses continue to elicit interest by
landscape managers, conservation biologists, policy makers, and the peneral public. How avian Hg
exposure is interpreted greatly influences decision-muaking practices. The geographic extent and size of this
data set is valuable in understanding the factors that affect the exposure of Hg to birds. Featured are
differences found among tissues, major aquatic habitats and geographic areas, between age class and
gender, and among species. While Hg concentrations in egg and blood reflect short-term Hg exposure, Hg
concentrations in liver and feather provide insight into long-term Hg exposure. Blood is a particularly
important matrix for relating site-specific exposure to methylmercury {(MeHg). The level of MeHg is
generally 5-10x greater in adults compared to nestlings. Age also influences MeHg bicaccumulation,
particularly for individuals where MeHg intake exceeds elimination. Gender is of interpretive concern when
evaluating Hg exposure for species exhibiting sexual dimorphism and niche partitioning. Based on two
indicator species, the belted kingfisher (Ceryle alcyon) and bald cagle (Haliaeetus leucocephalus), we found
MeHg availability increased from marine, to estuarine and riverine systems, and was greatest in lake
habitats. A large sample of >1,800 blood and egg Hg levels from the common loon (Gavia immer)
facilitated a suitable comparison of geographic differences. Although some clusters of highly elevated Hg
exposure (i.e., blood levels > 3.0 pg/g, ww and egg levels > 1.3 pg/g, ww) were associated with hydrological
and biogeochemical factors known to increase MeHg production and availability, others were not. Geo-
graphic areas without a relationship between Hg exposure and biogeochemical processes were associated
with emission or waterborne point sources. Differences in Hg exposure among species are primarily cor-
related with trophic position and availability of MeHg. Although piscivorous species were repeatedly
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shown to have some of the highest MeHg levels of the 38 species analyzed, insectivorous birds in both
aquatic and terrestrial habitats (such as montanc areas) were also found with elevated MeHg levels. A
betier understanding of the factors confounding interpretation of Hg exposure provides an effective basis
for choice of indicator species and tissues according to 2 selected scenarios. This and the national need for
spatiotemporai monitoring of MeHg availability require careful consideration of indicator species choice,
Only then will local, regional, continental, and even global monitoring efforts be effective.

Keywords: bird; loon; methylmercury; monitoring; indicator species

Introduction

The ecological impact from atmospheric deposition
of mercury (Hg) has emerged as a major global
environmental issue. Global concerns stem from the
broad geographic extent of contaumination, the
increasing global signal of He deposition, and, until
recently, a general lack of regulations to control
many uses and the disposal of Hg (United Nations
Environment Programme, 2003). In North Amer-
ica, decades of increasing Hg deposition appear to
have reversed in some areas (Engstrom and Swain,
1997, Schuster et al., 2002; Fevold et al, 2003),
including the Northeast (Kamman and Engstrom,
2002), but the need to wdentify and monitor eco-
logical changes remains a high priority (Mason et
al,, 2005). Federal, state and/or provincial regula-
tion of atmospheric mercury emissions in the Uni-
ted States and Canada is in place for some industrial
sectors (L.e., munictpal and medical waste incinera-
tion), but is currently lacking for others (i.e., coal-
fired electrical generators and mining). Not all
environmental Hg is related to atmospheric depo-
sition. Many past and even current inputs of
waterborne Hg sources occur throughout North
America and the Northeast. These are related to
past improper waste disposal of Hg at weapons
faciljties (Halbrook et al., 1999), chlor-alkali plants
(Fimreite, 1974; Gardner et al., 1978; Barr, 1986;
Adair ¢t al., 2003), mercury, goid, and silver mines
(Elbert and Anderson, 1998; Henny et al., 2002;
Seiler et al., 2004; Weech et al., 2004) and govern-
mental storage facilitics (Moore et al.,, 1999) as well
as current inputs from wastewater treatment plants
{Glass et al., 1990).

The U.S. Environmental Protection Agency
(USEPA) investigated the ccological impacts of Hg
based on key wildlife species as a basis for potential
regulatory actions (USEPA 1997). An outgrowth of
this effort was the development of a generic wildlife

criterion value for bird and mammal species (Nic-
hols and Bradbury, 1999). Since the USEPA Report
to Congress (LJISEPA1997), scientific investigations
on the biogeochemical process of methylmercury
production and availability have dramatically im-
proved our basic knowledge (Morel et al., 1998;
Lucotte et al., 1999; Wiener et al., 2003). A better
understanding of the mechanisms of Hg transfer
and fate has improved the ability to predict meth-
yvimercury (MeHg) production and availability
(USEPA 2002), particularly in freshwater habitats
of northeastern North America (Evers and Clair,
2005). This has resuited in a greater insight into now
identifying specific geographic areas and biota at
greatest risk to Hg exposure and effects.

Birds are at particularly high risk to Hg toxicity
because many species arc at high trophic levels
{e.g.. susceptible to biomagnification), are long-
lived (e.g., susceptible to bioaccumulation), are
vulnerable to neurological and reproductive im-
pacts from elevated Hg levels, and are frequently
subjected to multiple anthropogenic stressors.

Using birds as bioindicators of MeHg availability

The use of piscivorous birds as bioindicators of
MeHg availability and risk in freshwater systems is
common (e.g., Fimreite, 1974; Barr, 1986; Scheu-
hammer, 1987; Wolfe et al., 1998; Rumbold et al.,
2001; Henny et al., 2002; Evers et al., 2003), al-
though insectivorous birds are increasingly being
used as well (Woife and Norman, 1998; Gerrard and
St. Louis, 2001; Adair et al., 2003). Historically, Hg
exposure was primarily determined by killing birds
and was thercfore based on organs analysis
(Thompson, 1996). Although collection of viable
eggs continues to be a relevant lethai method widely
used (Braune ct al., 2001), non-lethal sampling ef-
forts based on blood (Bowerman et al., 2002;



Evers et al., 1998; Fevold ct al., 2003}, feathers
(Burger, 1993), and abandoned eggs (Scheuhammer
et al., 2001; Evers et al., 2003) are increasingly a
more frequently used approach. Since Hg concen-
trations in different avian tissues reflect different
temporal scales of past Hg exposure, care must be
taken in considering Hg pharmacokinetics when
selecting the best avian tissue to match specific bi-
omonitoring objectives.

This paper represents a three-year effort through
the U.S. Department of Agriculture’s North-
castern States Research Cooperative (NSRC) to
comprehensively compile and synthesize bird Hg
data across northeastern North America. The pa-
per's purpose is to describe this large data set and
use the information to identify and assess the
importance of factors that affect exposure and
bioaccumulation of Hg.
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Methods
Source data sets

We targeted the collection of Hg data in birds
from aquatic freshwater systems in New England,
New York, and eastern Canada (castern Ontario
to the Canadian Maritimes) (Fig. 1). The Great
Lakes and Lake Champlain were not included
within our data set. Only blood Hg data for belted
kingfishers and bald eagles were gathered from
saltwater systems; these data were used to dem-
onstrate differences among major aquatic habitats
(Fig. 2). The majority of data {>90%) were pro-
vided by BioDiversity Research Institute, Cana-
dian  Wildlife Service, U.S. Environmental

Protection Agency, and the U.S. Fish and Wildlife
Service.

Figure 1. Distribution of Hg sampling effort for all bird species, 1969-2003.
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Figure 2. Distribution of sumpling effort by hahitat type for the belted kingfisher and bald eagle in Maine.

All tissue data represent analysis of total Hg on
a wet weight (ww), in the case of feathers, fresh
weight (fw), basis in ug/g (or ppm). Estimated
values or ranges of the proportion of MeHg in a
particular tissue are cited for cach within the
Discussion section. The term juvenile means
young-of-year birds and adults signify individuals
at least one year of age. Latin names for those
species within our Hg data sets arc provided in
Appendix 1.

Common loon bicod and egg Hg sampling
locations were converted into an ESRI ArcView
point shapefile (i.e., formatting georeferenced
parameters in a way that can be used by spatial
software), Egg Hg values were converted to adult
female blood equivalency with y = 1.5544x + 02238

(Evers et al., 2003). A six latitudinal minute by six
longitudinal minute polygon grid created in Coor-
dinate Grid Maker 2.29 was layered on the loon
data. The 6-min interval was chosen as the best
tesolution to balance local and regional trends. The
loon Hg shapefile was spatially joined to the grid
polygon where the arithmetic mean of all the points
falling within a grid cell was calculated. These global
means were then displayed in 1.0 pg/g (ww) inter-
vals.

Laboratory methods
The data utilized in this compilation were gener-

ated at a number of laboratories over a period
of several vears. Although there were some



differences in sample preparation and analytical
methods, all analyses included quality control
(QC) samples to allow evaluation of accuracy and
precision, and all laboratories utilized atomic
absorption spectroscopy to measure Hg concen-
trations.

Sample types collected and submitted to the
laboratories for analysis primarily included avian
blood, feathers, and eggs. Blood sampies were
either in sealed capillary tubes or in glass or plastic
vacutainer-type collection tubes. Samples that
were severely clotted were not analyzed unless the
entire sample could be removed from the collec-
tion tube.

Feather samples were either analyzed whoie or
as subsamples following homogenization. Aliquots
of feathers were obtained by reducing individual
feathers to small picces with either stainless steel
scissors or a Spex 6800 cryomill.

Egg samples generally required homogeniza-
tion; a task that was sometimes complicated by the
egg samples that were fully formed. Egg samples
that were largely soft tissue were homogenized by
cither a Tissuemiser or a small food processorf
blender prior to subsampling. Eggs containing
hard parts and feathers were homogenized with a
blender or with a Spex 6800 cryomill. Only loon
cggs were corrected for moisture loss

Most blood, feather, and egg samples required
digestion prior to analysis. This was accomplished
by following a procedure similar to EPA 245.6, in
which nitric and sulfuric acids were used in con-
junction with potassium permanganate and
potassium persulfate to solubilize the tissue and
convert any bound Hg to the free Hg*"* ion
(Lobring and Potter, 1991). Prior to analysis, ¢x-
cess KMnQ, was reduced with hydroxylamine
hydrochloride and the samples were made to vol-
ume with deionized water. )

Analysis of digest solutions was based on the
“cold vapor” atomic absorption spectroscopy
method first introduced by Hatch and Ot
{1968). Using either a manual or automated
approach, Hg?* in solution was reduced to Hg’
with SnCly, the Hg® was transferred to the gas
phase, and the Hg® -containing gas was swept
into an atomic absorption ceil. Mercury levels
were determined by comparing sample absor-
bance peak heights with those of calibration
standards.
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A subset of samples was analyzed by a direct
determination method that did not require sample
digestion (EPA 7473) (U.S. EPA, 1998). A
homogenized, dry sample was placed in a tared
nickel boat, weighed, and then placed into a tube
furnace. A stream of O, assisted in sample com-
bustion and carried free or organic-bound Hg
species through a heated catalyst and onto a gold
trap where the free Hg? was collected. When the
sample had been combusted for a sufficient length
of time, the gold trap was heated and the released
Hg® was carried through a pair of atomic
absorption cells where it was measured. This
method required samples that were particularly
well-homogenized because only a small sample
mass could be accommodated in the nickel boats.

Each batch of samples processed and analyzed
was accompanied by a number of QC samples,
including a method blank, spiked blank, certified
reference material, duplicate sample, and spiked
sample. Typical detection limits for data presented
here were 0.0025 pg/g (ww). Precision as measured
as relative percent difference of duplicate pairs was
approximately 85% and accuracy as measured by
recovery of certified reference materials and spiked
samples was 80%.

Statistical analysis

Mercury concentrations are expressed as arithme-
tic means with standard deviations (SD) in the
tables and geometric means with variation
expressed as standard error (SE) in figures.
Arithmetic means and SD are provided for com-
parative purposes with published literature.
Because sample sizes were regularly small and were
therefore not normally distributed, statistical
analysis was conducted on the exponentiated value
of the mean of the log-transformed values. Log-
transformed data were normally distributed based
on normal probability plot residuals. Homosce-
dasticity was checked with Bartlett’s test, which is
sensitive to the normality assumption. JMP soft-
ware (SAS Institute Inc., 2001) was used to per-
form statistical analysis. Hypotheses were tested
using one-way analysis of variance (ANOVA).
Testing was followed by post-hoc tests using Tu-
key-Kramar honestly significant different (Tukey’s
test) if the ANOVA demonstrated significant dif-
ferences (Zar, 1999). JMP’s Tukey’s test output
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did not include actual probability values and in-
stead indicated significance when numbers were
positive. Therefore, only probability values “less
than™ and *‘greater than” 0.05 are shown in the
Results section. Student’s t-tesls were used when
comparing paired data sets. A non-parametric test,
the Kruskal-Wallis One-Way ANOVA, was used
in some cascs to compare multiple independent
groups. JMP software corrected for inequity of
unbalanced data sets. We used an alpha of 0.05 for
our level of significance,

Results

A total of 4,769 Hg concentrations representing 38
species and six tissue types are recorded within the
NSRC avian database (Appendix 1-3; Fig. 1).
Samples were collected between 1969 and 2003
with the matority (> 84%;) from 1993 to 2003. Six
factors were tdentified as having significant influ-
ence on the interpretation of avian Hg levels. The
NSRC data set was used to demonstrate how these
factors influence Hg exposure.

Influences of tissue type

Mercury data collections totaled 2,158 blood, 943
egg, 281 muscle, 1,100 feather, 239 liver, and 48
kidney samples (Appendix 1). Approximate
respective inter-tissue comparative ratios based on

blood for common loons breeding in northeastern
North America were 0.4:1:2:6:15 (egg:blood:mu-
scle:feather:liver). For a site-specific subset of Hg
exposure data (south-central Quebec, New England
and Canadian Maritimes), there were no significant
geographical differences among tissue ratios
(p>0.05; with the cxception of blood) (Fig. 3).
Muscle Hg levels among eight waterfowl species
were categorized by four major foraging guilds
during the breeding season and indicated significant
differences between piscivores versus each of the
other three foraging guilds and insectivores versus
herbivores (Fig. 4).

Intra-and inter-tissue relationships were stron-
gest in the following three pairings: (1) adult and
juvenile blood, (2) adult female blood and egg, and
(3) juvenile leather and blood. Data analyzed were
based on sampling cfforts that represented pairings
from the same breeding territory (i.c., each pair of
aduit and juvenile blood Hg levels in tree swallows
was from the same nesting box). Paired adult-
Juvenile blood Hg levels in common loons had a
significant relationship (+>=0.63, p <0.01) as they
did for tree swallows (-2=0.74, p<0.01). Paired
adult female blood and cgg Hg levels were sig-
nificantly related in loons (#=0.79, p<0.01})
(based on Evers et al., 2003) and tree swallows
(r* =049, p<0.01). Paired eaglet feather and
blood Hg ievels were significantly related
(r*=0.67, p<0.01) (based on Welch, 1994).
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Figure 3. Comparison of gecometric mean * SE of Hg levels in four tissuc types for adult common loons breeding in south-central
Quebee, New England, and the Canadian Maritimes (n = number of respective samples by region). The arithmetic mean + SD
of Hg in liver is used for comparative purposes with the litcrature. Liver He values in New England are from Pokras et al. {1992).



Age as a factor

Five species of birds were used to demonstrate
relationships in blood Hg levels between juveniles
(<2 months of age) and adults (> 1 year of age)
(Fig. 5. Two species were insectivores (tree swal-
low and song sparrow) and three species were pi-
scivores (common loon, common merganser, and
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belted kingfisher). While aduit tree swallows had
significantly higher blood Hg levels than nestlings
(p <0.05), adult song sparrows did not have sig-
nificantly different blood Hg levels than their
fledged young (p > 0.05). Significantly higher blood
Hg levels in adults versus juveniles were found in
all three species of piscivorous birds (p<0.05).
Ratios of adult-juvenile Hg levels were: song

G.80

0.60
a ab b

0.40 T
- -
0.00 P . _ . .

Harbivore (n=10) Ormrivore (n=45) Insactivore {n=39}

Total muscle Hg {ug/g ww)

Piscivore (n=51)

Figure 4. Comparison of geometric mean + SE of Hg levels in muscle among four foraging guilds of waterfow! (n = number of
samples). Means nol sharing a common letter are significantly different {(p < 0.05). Waterfowl specics represented by foraging guild
are: herbivores ~ Canada goose; omnivores — mallard, American black duck, green-winged teal, and ring-necked duck; insectivore
- cominon goldeneye; and piscivore — hooded merganser and common merganser.
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Figure 5. Comparison of geometric mean + SE of blood Hg levels of five specics for two age classes (= number of juvenile
samples, number of adult samples). Means not sharing a common letter within a given species are significantly different (p <0.05).
Species codes are: SOSP, song sparrow; TRES, trec swallow; BEKI, belted kingfisher; COME, common metganser and; COLO,

common loon.
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sparrow 1.7:1, common merganser 3.6:1, tree
swallow 5.9:1, belted kingfisher 5.6:1, and common
loon 10.6:1.

Gender as a fuctor

Three species were used to demonstrate a
relationship in blood Hg levels between male and
female adults (Fig. 6). Blood Hg levels in male
common loons were significantly higher than
females (p<0.01). In beited kingfishers and tree
swallows, there was no significant difference
between male and female blood Hg levels (p > 0.05).

Aquaric habitat comparisons

Data for the belted kingfisher and bald eagle
showed relationships in MeHg availability for four
major aquatic habitat categories: marine, estua-
rine, rivering, and lake. Only individuals sampled
in Maine were used for an analysis of inter-habitat
differences (Fig. 2). Both species exhibited an
increasing trend in which mean blood Hg levels in
marine < estearine < riverine < lake (king-
fishers, Fig. 7 and cagles, Fig. 8). Adult blood Hg
levels were significantly higher in kingfishers for-
aging on lakes and rivers versus marine habitats
(p<0.05), but not different in rivers versus estu-
aries (p>0.05). Eaglet blood Hg levels were

significantly higher from nests along lakes versus
those adjacent to marine (p <0.05) and estuarine
(p <0.05) habitats. Blood Hg levels in eaglets from
nests along rivers were significantly higher than
those along marine habitats (p <0.05).

Geographic differences

Based on a standard species (common loon) and
tissue types {blood and cgg) and a large sample size
{n = 1,882), spatial heterogeneity in Me¢Hg avail-
ability was demonstrated across northeastern
North America (Fig. 9). The proportion of mean
blood and converted egg Hg concentrations (see
“Source data sets” in Methods section) within a
six latitudinal minute by six longitudinal minute
cell grid (n = 300 cell grids) was 19.7% for 0~1 pg/
g, 45.6% for 1-2 pgjg, 20.7% for 2-3 pg/g, 8.7%
for 3-4 pg/g, and 3.3% for >4 pg/g.

Variation in species

Three sites provided an opportunity to compare
Hg levels in multiple species within the same area
{which avoids confounding factors related to
geographical differences). two examples were on
lakes and one was on a river. On Aziscohos Lake,
eggs of five species (three piscivores, one insecti-
vore, and one herbivore) were compared (Fig. 10).
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Figure 6, Comparison of geometric mean + SE of blood Hg levels of three species by sex (1 = number of female samples, num-

ber of male samples). Means not sharing # common letter within a given species are significantly different (p < 0.05). Species codes
are: TRES, tree swallow; BEKI, belted kingfisher and; COLO, commeon loon.
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Figure 8. Comparison of geometric mean * SE of blood Hg levels for juvenile bald eagles in Maine among four major aquatic

habitat types (n =

Piscivore egg Hg levels were significantly higher
(p<0.05) than insectivores (tree swallows) and
herbivores (wood duck). Larger piscivores tended
to have higher egg Hg levels than smaller pisci-
vores (i.e., common loon > common merganser >
hooded merganser). Similar patterns were docu-
mented on Flagstaff Lake in egg Hg levels (com-
mon loon > common merganser >  belted
kingfisher) (Fig. 11).

Blood Hg levels were compared for 11 insec-
tivorous birds from the Sudbury and Charles

number of samples). Means not sharing a common letter are significantly different {p < 0.05).

Rivers (Fig. 12). There were no significant differ-
ences in biood Hg levels. between the rivers for four
of the most common passerines sampled at each
site (Kruskal-Wallis one-way analysis of Variance;
p = 0.65). Age classes were combined because
song sparrow blood Hg levels were not signifi-
cant]y different between breeding adults and nes-
tlings (Fig. 5). Generally, blood Hg levels
increased with body weight. For seven selected
songbirds, there was a significant correlation be-
tween mean weight and blood Hg levels (r2=0.72,
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Figtre 9. Geographic distribution of mercury levels in adult common loon blood and blood cquivalents based on eggs, [993.-2003.

p =002 y = 0.0162x + 0.0054). Granivorous
songbirds such as the American goldfinch had
blood Hg levels significantly lower than insectiv-
orous songbirds (<< 0.05). '

Discussion
Sclecting the correct tissue

The pharmacokinetics of MeHg and total Hg
(how both forms are distributed throughout the
body} are fairly well known in birds; their
understanding provide insights toward selecting
the correct tissue for mecting specific research or
monitoring objectives.  Ingestion of dietary
MeHg appears to be readily ubsorbed into the
blood (83% in ¢common loons, Fournier et al.,
2002) and is thercafter distributed to various

body tissues, namely the liver, kidney, brain,
spleen, and muscle. Some tissues, such as the
Jiver, are terminal endpoints where MeHg is
largely unavailable for remobilization, whereas
MeHg deposited in muscle tissue is available and
remobilizes during feather molt. Blood and
feather Hg samples are generally taken nonle-
thally. Although bicod can be taken immediately
after death through cardiac puncture (Henny
et alk, 2002), it cannot be taken through veni-
puncture after death for reliable comparison with
living bird blood Hg levels (because of rapid and
nonlinear motsture loss).

Mercury concentrations in avian tissues can
indicate different (1) modes of toxic action, (2)
MeHg and total Hg composition, (3} exposure
timeframes, and (4) elimination abilities. Six tis-
sues routincly used for determining Hg exposure in
birds are described in our data set.
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Figure 10. Comparison of geometric mean + SE of egg Hg levels among species on Aziscohos Lake, Maine (n = number of
samples). Means not sharing 4 common letter are significantly different (p <0.05). Species codes are: WODU, wood duck; TRES,
tree swallow: HEGU, herring gull; HOME, hooded merganser; COME, common merganser and; COLO, common loon.
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Figure 11. Comparison of peometric mean + SE of egg Hg levels among species on Flagstaff Lake, Maine (# = number of sam-
ples). Means with different letters are significantly different (p < 0.03). Species codes are: WODU, wood duck; BEKI, belted king-
fisher; COGO, common goldeneye; COME, common merganser and; COLO, common loen.

Tissue interpretation

Blood is the best tissue for evaluating short-term
dietary uptake. Mercury in blood is primarily
MeHg (>95%) in both piscivores (Fournier et al.,
2002) and insectivores (Rimmer et al., 2005). The
half-life of MeHg in the blood of chicks under-
going feather molt was three days in common

loons - (Fournier et al, 2002) and 5-6 days in
Cory’s shearwaters (Monteiro and Furness, 2001).
In non-molting adults, the haif-life of MeHg in the
blood was greater: for Cory’s shearwater
(Calonectris diomedea) the half-life was 40-60 days
(Monteiro and Furness, 2001} and for the mallard
was 74 days (Heinz and Hoffman, 2004). In our
study, adult loon blood Hg levels, which were
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Figure 12. Comparison of geometric mean + SE for blood Hg levels (adult and juvenile combined} among species on or near the
Sudbury and Charles Rivers, Massachusetts {n = number of samples). Means not sharing a common letter are significantly dif-
ferent {p=<0.03). Species codes are: AMGO, American goldfinch; YWAR, yellow warbler; WODU, wood duck; GRCA. gray cat-
bird; COYE, common yellowthroat; SQSP, song sparrow; SWSP, swamp sparrow. WIFL, willow fiyeaicher; TRES, tree swallow:

RWBL, red-winged blackbird and; NOWA, northern watertheush.

collected 60-120 days post-arrival to the breeding
take, were strongly correlated with prey fish Hg
levels and therefore primarily reflected uptake of
dietary Hg from the breeding lake {Fevold et al.,
2003; Evers et al., 2004, Burgess und Hobson, in
press; Champoux et al., in press).

As in blood, egg Hg levels are primarily in the
MeHg form: tn loons it was > 95% (Scheuhammer
ct al., 2001; Evers et al., 2004), in seabirds it is
>90% (Fimreite et al, 1974). Because female
blood Hg levels are highly correlated with egg Hg
levels for the common loon (Evers et al., 2003),
eggs and their outer membranes are also pertinent
tissues for predicting Hg exposure within a bird’s
breeding territory (Heinz and Hoffman, 2003).
How predictive egg Hg levels are for the breeding
territory depends on amount of time the female
spent within the territory prior 10 egg-laying and
Hg body burden levels accumuiated during the
winter and migration. Generally, piscivores arriv-
ing from marine overwintering areas have been
exposed fo lower MeHg availability than levels
found on freshwater aquatic systems (Fig. 7, 8).
Rapid equilibrium of dietary MeHg uptake and
blood MeHg levels thereafter plays an important
role in forming a strong MeHyg relationship be-
tween eggs and breeding-season blood levels. The
strength of this relationship is also impacted by
intraclutch differences in Hg levels. In common
tloons, intraclutch variation between two eggs was

25% (Evers et al., 2004), in larids it averaged 39%
between the first and second eggs (Becker et al.,
1994), and in common merganser clutches of > {0
eggs we sometimes found variations of one order
of magnitude (afthough nest parasitism in cavity-
nesting ducks is common and it unknown if mer-
ganser clutches represent more than one female). A
standardized comparison of egg Hg levels among
locations thercfore requires knowledge of egg
laying order.

Virtually all Hg in a feather is MeHg (Thomp-
son and Furness, 1989) and is sequestered for long
time periods allowing retrospective analysis
(Frederick et al., 2004). Feather Hg reflects. blood
Hg levels at the time of molt (Bearhop et al., 2000),
however, if MeHg is depurated in the muscle tissue
(as ts the case for individual birds with a high
dietary MeHg uptake), it is available for remobi-
lization. Therefore, feather Hg levels reflect both
site-specific dietary uptake of MeHg and body
burden. Feather Hg generally reflects 70-93% of
the muscle MeHg burden (Burger, 1993); there-
fore, there can also be chronic bioaccumulation of
MeHg, particularly for highly exposed individuals
(i.e., where MeHg ingestion exceeds climination).
This attribute makes feather Hg levels a relevant
tissue for evaluating chronic body burdens, par-
ticularly when considering the stability of MeHg in
the feathers (Appelquist et al., 1984). However,
individual variation in physiological response to



Hg (Bearhop et al., 2000), as well as the broad
differences in inter-species pharmacokinetics, re-
quires careful evaluation of risk.

Four internal tissues are commonly used for Hg
exposure investigations: brain, liver, kidney and
muscie. Although MeHg crosses the biood-brain
barrier and can have significant impacts on brain
functions, brain tissue is best harvested from rel-
atively fresh carcasses and therefore is a more
difficult tissue to use in field studies. It is more
commonly used for analysis in experimental stud-
ies (Heinz, 1975; Finley et al., 1979; Scheuhammer,
1988).

Liver is one of the more commonly analyzed
internal tissues for Hg in birds (Sundlof et al,, 1994;
Augspurger et al., 1998; Pokras et al., 1998; Cohen
et al., 2000). Liver and kidney filter toxins such as
MeHg and effectively demethylate MeHg using
selenium (Se) bonds that form a nontoxic Hg-Se
protein complex (Stoewsand et al., 1974). Scheu-
hammer et al., (1998a) found a nearly 1:1 molar
ratio of Hg:Se in the liver and kidney of common
loons and common mergansers. He also demon-
strated that the proportion of MeHg in the liver
and kidney declined as total Hg concentrations
increased (i.e., liver and kidney total Hg levels were
independent of MeHg concentrations). Therefore,
determining levels of currently toxic Hg in the liver
and kidney requires analysis of MeHg concentra-
tions, while concentrations of Se-bound inorganic
Hg provide an indication of past MeHg exposure.

The “7:3:1 rule” is an often-used conversion
factor for liver (ww), feather (fw}, and muscle (ww)
tissue Hg concentrations (Appelquist et al., 1985).
Although Thompson et al, (1990) demonstrated
the weakness of this conversion approach, these
tissues in common loons of three different regions
in northeastern North America follow the “7:3:1
rule” (Fig. 3).

Unlike the liver and kidney, muscle Hg levels
generally have proportionally higher levels of
MeHg (80-100%) in the common loon and com-
mon merganser (Scheuhammer et al.,, 1998a).
Muscle tissue Hg levels are generally examined in
waterfowl (Pearce et al., 1976; Braune et al., 1999,
Cohen et al., 2000}, in part, to determine potential
human health risks. Our data set supports other
findings that muscle Hg levels are generally less
than liver and kidney (Gardiner, 1972; Gochfeld,
1980) and that piscivorous waterfowl have muscle
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Hg levels significantly greater than other foraging
guilds of waterfowl] species (Fig. 4).

Age affects Hg exposure

A potential limitation of using birds as an indica-
tor of Hg is the inability to identify individual age
once breeding begins. The knowledge of a bird's
age is critical for evaluating Hg bioaccumulation.
Marking techniques, such as uniquely numbered
or colored leg bands, provide a reliable method for
tracking individual age and removing this limita-
tion. Such techniques have been used successfully
to evaluate time reiationships with Hg. In cases
where MeHg ingestion exceeds elimination,
feather Hg levels increase with age (Evers et al.,
1998; Rimmer et al., 2005). Scenarios where indi-
viduals can depurate and demethylate ingested
MeHg at a similar annual rate of ingestion lack a
positive correlation with increasing age and
feather Hg levels (Furness et al., 1990; Thompson
et al., 1991; Gochfeld et al., 1996; Donaldson et
al., 1997; Fevold et al., 2003).

While bioaccumulation of MeHg can be a crit-
ical interpretive factor related to age in situations
with high Hg exposure, there is also a common
pattern for adult blood Hg levels to exceed those
of unfledged juveniles in areas with even low Hg
exposure (Fig. 5). Burger and Gochfeld (1997)
documented adult Franklin’s gull {Larus pipixcan)
and herring gull blood Hg levels to be significantly
greater than juveniles from the same colony of the
same year. Differences in Hg levels between age
classes (juvenile vs. adult) is dictated by (1) stage of
juvenile feather molt and (2) partitioning of forage
base by size of potential prey.

A major depuration route for MeHg is via the
feather (Crewther et al., 1965), and therefore
feathers are a useful indicator for monitoring Hg
body burdens (Burger, 1993). However, the
interpretation of feather Hg levels requires an
understanding of feather-molt chronelogy (Fur-
ness et al., 1986). Blood and feather MeHg levels
are highly corrélalcd when blood is sampled
during feather molt. Birds have the ability to
rapidly transfer dietary uptake of MeHg from
red blood cells to growing feathers (Fournier
et al., 2002; Kenow et al, 2003). The physio-
logical capacity of birds to process MeHg this
way appears to be great. Fournier et al., (2002)
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found loon chicks, experimentally dosed with
MeHg concentrations substantially greater than
those found in nature, were still able to effec-
tively depurate much of the MeHg inte emerging
feathers. When juvenile feather molt ends, blood
MeHg levels thereafter increase (Spalding et al.,
2000a; Fournier ¢t al., 2002). This ability to
rapidly transfer blood MeHg into growing
feathers partly accounts for the significant dif-
ference in blood Hg levels between adults and
juveniles prior to fledging. Our data indicate that
this is relevant for piscivorous and insectivorous
birds. For the song sparrow, blood Hg levels of
recently fledged young when compared with lo-

caily breeding adults, demonstrated no signifi-

cant difference between Lhe age classes. However,
difference of age ratios among species (Fig. 5)
indicates Hg differences between age classes are
also dictated by other factors.

Generally, prey choice differs between adults
foraging for themselves versus for their young. For
example, the size of fish prey selected by juvenile
common loons increases as they grow larger (Barr,
1996). We found adult blood Hg leveis of piscivore
species were 3.6 to 10.6 times higher than those in
unfledged voung (Fig. 5) and that variation sug-
gests that adults are foraging on prey that are larger
and have higher levels of Hg. In agreement, Burgess
and Hobson (in press) found that adult loons fed at
a higher trophic level (as indicated by stable-nitro-
gen 1sotope ratios) and had higher blood Hg levels
than did juventile loons. These differences in blood
Hg and trophic levels were related to differences in
body weight in the loons. Blood sampling for belted
kingfishers and tree swallows typicaily occurs when
the adults are 6 times the weight of the juveniles,
while in common loons, aduits are sampled when
they are usually 10 times the weight of juveniles.
Conversely, common mergansers are usually sam-
pled when the adult females are relatively similar in
size with the young. Such rough correlative rela-
tionships across age classes between body weight
and prey-size selection are likely contributing to age
class differences in Hg exposure.

Gender affects Hg exposure
Although most studies indicate differences in Hg

levels between male and female birds are not sig-
nificant (Burger, 1993: Burper, 1995; Gochfeld

et al., 1996), there are exceptions (Hoffman and

"Curnow, 1979; Braune and Gaskin, 1987; Don-

aldson and Braune, 1999}, When there are differ-
ences tn Hg levels between sexes they can be
dictated by (1) depuration of Hg in eggs, (2) sexual
dimorphism, and (3) niche partitioning of the
forage base. Although depuration of MeHg in eggs
1$ an important mechanism for elimination, deri-
vation of MeHg from serum proteins and a steady-
state equilibrium with dietary uptake of MeHg
likely compensates for the loss of MeHg from the
body burden within weceks (Furness and Green-
wood, 1993) or possibly days (Kambamandi-Di-
mou et al., 1991). Differences in blood Hg levels
between sexes of adult loons sampled > 60 days
after eggs are laid regularly demonstrates other
factors are involved. Choice of prey items is likely
the primary factor dictating differences in Hg lev-
els between sexes. Levels of MeHg in prey items
vary according to species, trophic status, age, size,
and habitat associations (Wiener and Spry, 1996).

Based on comparisons of three species, the loon
exhibited significant differences of blood Hg
between sexes. Loon Hg levels were also greater in
liver for males vs. females (Pokras et al., 1998).
Common loons are sexually dimorphic. On aver-
age, males are 21% larger than females (Evers,
2005). The larger males apparently forage on larger
prey fish based on the correlative strengths between
favored prey fish Hg levels (yellow perch, Perca

HAavescens) and their blood Hg levels (Evers et al.,

2004). Larger fish generally have higher Hg levels
than smalier fish of the same species from the same
location (Weiner and Spry, 1996; Drysdale et al., in
press; Kamman et al., 2005). Therefore, blood Hg
levels are higher in male common loons because
they are foraging on larger fish.

In general, blood Hg differences between malc
and female belted kingfishers are not significant,
however, within individual pairs Hg levels are
typically significantly different. Because males and
lemaies are relatively stmilar in size (females tend
to be slighliy heavicr), prey size is likely not the
driving factor; rather males and females partition
foraging niches (Albano, 2000).

Hg patterns in aquatic habitats

Aquatic systems are one of the more al-risk
ecosystems for MeHg biocavailability because one



of the better-known methylating organisms, sui-
fate-reducing bacteria, inhabit this environment
(Gilmour et al., 1992). To adequately compare
MeHg bioavailability across four major aquatic
habitat types requires a standard species, age
class and sampling tissue. Both the bald eagle
and belted kingfisher fit these criteria. A subset
of the blood Hg data from both species in
Muaine indicates interspecies agreement that
MeHg availability increases from marine to
estuarine to riverine to lake ecosystems. Because
atmospheric deposition of Hg is relatively uni-
form across the Maine study arca (VanArsdale
et al, 2005), with some significant local excep-
tions, interpretation of the hydrological and
biogeochemical factors influencing Hg methyla-
tion and availability and their relationships with
bird blood Hg levels is presented.

Although marine systems are well known for
their elevated biotic MeHg levels, those levels
primarily represent long-lived species with top
trophic status (e.g., swordfish and shark species).
A standard comparison between freshwater and
in-shore marine systems documents the latter has
significantly lower MeHg availability. In-shore
marine systems appear to be more effective in
diluting MeHg production versus freshwater
systemns, although in-shore habitats geochemi-
cally greatly vary in MeHg production (Ham-
merschmidt and Fitzgerald, 2004). Estuaries are
dynamic communities that are influenced by tidal
actions and varying volumes of fresh and salt
water. They are generally hydrologically hetero-
geneous landscapes that have less of an ability to
dilute Hg inputs than marine systems. Although
tidal exchanges do regulariy provide an impor-
tant flushing mechanism that lowers MeHg
availability {Lamborg et al., In Press), tidal re-
sponses vary in magnitude daily, weekly, and
monthly. Methlymercury availability therefore
varies tremendously within and between estuaries
(Shriver et al., 2002).

Based on our analysis, the ability of inorganic
Hg to be converted to MeHg and become
available to biota is greater in freshwater versus
saltwater habitats. Gariboldi et al., (1998) also
documented prey items were higher in Hg from
freshwater versus saltwater habitats based on
sampling efforts with the wood stork (Mycteria
americana). Riverine habitats tend to have higher
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levels of MeHg availability than estuaries, bul
tend to have lower levels when compared to
lakes. Comparisons of MeHg availability be-
tween adjoining riverine and lake habitats based
on crayfish, fish, and birds consistently show
greater Hg exposure on lakes (Fimreite, 1974).
Flushing abilities within riverine systems are a
driving force for these differences.

Therefore, in coastal regions, MeHg exposure
arising from atmospheric Hg deposition is gener-
ally greatest in piscivorous birds foraging on
freshwater lakes. Lake hydrology and biogeo-
chemistry largely determine the degree of aquatic
MeHg exposure. Lakes with low pH (< 6.3, Meyer
et al., 1995; Burgess and Hobson, in press), large
areas of scrub-shrub and emergent wetlands
(Kramar et al., 2005), and large areas of exposed
shoreline substrate of organic or sandy soils that
are frequently inundated and dried through the
summer and fall (i.e., reservoirs; Evers and Re-
aman, 1998) are predictive of elevated blood Hg
levels in the common loon. Although newly cre-
ated reservoirs are well known for their ability to
enhance MeHg production and availability
through the decomposition of vegetation (Jackson,
1988; Lucotte et al., 1999, Gerrard and St. Louis,
2001), this phenomenon is generally viewed as
short-lived (i.e., <10 years in secondary consum-
ers) (Lucotte et al., 1999). Some reservoirs have
longer lasting abilities to enhance Hg methylation
and have the potential to be some of the highest
risk aquatic habitats (Evers et al., 2004).

Geographic differences exist

There are continental patterns in the availability of
MeHg. Long-term sampling efforts across North
America indicate a significant west to east trend
exists with northeastern North America exhibiting
the highest levels (Evers et al., 1998, 2003; Scheu--
hammer et al, 2001). Significant within-region
differences are primarily driven by hydrological
and biogeochemical factors and point source
influences. The coliection of > 1,800 blood and egg
Hg levels for the common loon across New Eng-
land, New York and eastern Canada enabled us to
effectively evaluate areas of greatest concern
(Fig. 9). Clusters of clevated MeHg availability
were found in the western Adirondack Mountains
of New York, north-central Massachusetts,
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southeastern New Hampshire, western mountains
of Maine, and a small area east of Orrington,
Maine in the United States (Fig. 9). In Canada,
areas with high MeHg exposurec were in eastern
Ontario, south-central Quebec and southern Nova
Scotia. There did not appear to be smooth spatial
trends in loon Hg levels across northeastern North
America, as highly elevated Hg levels were
scattered among low Hg concentrations in almost
every region sampled.

In the Adirondack Mountains and eastern
Canada, clusters of elevated MeHg availability
were likely related primarily to lake acidification.
It is well established that lakes with low pH con-
tain fish with higher levels of Hg than same-size
and species of fish in lakes with more circumneu-
tral pH levels (Wiener ¢t al., 1990; Winfrey and
Rudd, 1990; Drysdale et al., in press). Oligotroh-
phic lakes in eastern Canada and parts of New
England and New York are susceptible to in-
creased rates of anthropogenically derived sulphur
deposition (i.e., actd rain) (Driscoli et al., 2001).
Although there is evidence of declining levels of
atmospheric input of sulfur dioxide, base cation
levels are lowered in many systems where re-
sponses in lake pH levels are lagging behind pre-
dictive modeis. Therefore, these acidified lakes
continue to be a cause of concern for their ability
to enhance McHg productivity. Associations be-
tween lake acidity, fish Hg levels and lower com-
mon loon productivity have been observed in the
U.S. and Canada (Meyer et al., 1998; Burgess et
al,, 1998a). Scheuhammer and Blancher (1994)
predicted up to 30% of iakes in central Ontario
have the potential to adversely impact common
loon productivity.

Other arcas of concern arc related to topog-
raphy and lake hydrology (c.g., western moun-
tains of Maine) und point sources (both airborne
and watcrborne). Airborne sources in southern
New England appear to contribute to greater-
than-expected loon Hg levels in southeastern
New Hampshire (Evers, 2001) and Orrington,
Maine. Waterborne point sources are well
known in castern Massachusetts, such as on the
Sudbury River. There, investigations associated
with thc Nyanza Superfund Site have docu-
mented associated Hg contamination > 25 km
downstream from the point source (Wiener and
Shiclds, 2000).

Species Hg exposure patterns

Differences in Hg levels among species are dictated
by trophic level and availability of MeHg (i.e.,
aquatic vs. terrestrial and marine vs. freshwater;
low exposure vs. high exposure). Trophic structure
is a primary driver of variability in MeHg bio-
magnification (Cabana et al., 1994). Recent evi-
dence indtcates that the trophic status of an
aquatic vertebrate is based primarily on the com-
plexity, both longitudinal and vertical, of the
planktivorous community (Chen et al., 2003).
Methylmercury can btomagnify several orders of
magnitude in aquatic ecosystems. For example, the
average bioconcentration factor for the common
loon in Maine lakes is 1.37 x 10% (based on
unfiltered water for total Hg) (Evers et al., 2004).

The degree of MeHg biomagnification
through aquatic-based food webs is the primary
reason for the multitude of Hg studies on obki-
gate piscivores. Particular emphasis has been
placed on larger species for which trophic status
is potentially greatest; such species include the
common loon (Meyer ct al,, 1995, 1998; Burgess
et al, 1998a, b; Evers et al, 1998, 2003;
Scheuhammer et al., [998b, 200t; Fevold et al.,
2003; Burgess and Hobson, in press; Champoux
et al, in press), bald eagle (Grier, 1974;
Wiemeyer et al, 1984; Frenzel and Anthony,
1989; Bowerman ct al., 1994; Anthony et al,
1999; Bowerman et al., 2002), osprey (Cahill et
al., 1998; DesGranges et al., 1998), wading birds
(Gariboldi et al., 1998; Bouton et al., 1999;
Spalding et al., 2000b; Henny et al., 2002), and
seabirds (Braune, 1987; Burger and Gochfeld,
1995; Monteiro and Furness, 1995, 1997; Braune
et al., 2001). Other foodweb pathways important
for MeHg transfer are generally of lesser concern
because trophic status of the endpoint species is
generally lower than piscivores. Benthic-based
MeHg transfer through bivalves has been investi-
gated using various diving species of waterfowl
{(Ohlendorf et al., 1986; Henny et ai., 1991; Braune
et ak, 1999; Cohen et al,, 2000; Wayland et al.,
2002}, while such transfer through macroinverte-
brates (farval and adults) (Bishop et al, 1995;
Wolfe and Norman, 1998; Reynolds et al., 2001;
Gerrard and St. Louis 2002, Adair et al.,, 2003) and
vegetation has also been described (Fimreite, 1974:
Langis et al., 1999).



Elevated MeHg bioavailability in specific ter-
restrial ecosystems within northeastern North
America has recently been documented. Montane
environments without standing water appear to
have the ability to generate MeHg. Rimmer et al.,
(2005) documented Bicknell’s Thrush blood Hg
concentrations for 21 mountain locations (arith-
metic meanof .14 + 0.08 pg/g, wwwitharange of
<0.01 to 0.70 ug/g, ww) at levels similar to those
found in many of the insectivorous songbirds sam-
pled along rivers in Massachusetts (Fig. 12).

The comparison of multiple species within the
same area and habitats, while using appropriate
tissues and minimizing confounding factors (such as
age class and sex), is the optimal approach for
determining interspecies relationships of Hg expo-
sure. Based on such past studies (Dustman et al,,
1972; Fimreite, 1974; Langis et al.,, 1999) and our
data sets, Hg exposure can be approximately pre-
dicted by foraging guilds. An all-purpose ranking
from low to high Hg exposure for birds is: terrestrial
herbivores, aquatic herbivores, terrestrial insecti-
vores, benthivore-bivalves, benthivore-macroin-
vertebrates, small piscivores, and large piscivores.
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Exposure of Hg in scavengers and omnivores is
broad and dependent on opportunistic food sources
(Fimreite, 1974). Our ranking assumes MeHg
availability is driven by atmospheric deposition and
is not universal in application, because some habi-
tats such as montane ones contain insectivorous
birds that have Hg exposure greater or equivalent to
piscivores.,

Recommended bivindicators

We recommend species and tissue types that best
indicate 12 targeted scenarios (Table 1) based on
the analysis of our data set, the recommendations
made by the working group (USEPA Hg Mason
et al., 2005), spectes’ ubiquitous within northeast-
ern North America, and logistical feasibility.
Identified indicator species are not universal and
may be only relevant to the scenario posed. Many
of our chosen bioindicators are also useful for
determining MeHg effects through such endpoints
as long-term reproductive success. For example,
bald eagie breeding populations are used in
Michigan (Bowerman et al., 2002) and common

Table 1. Summary of recommended avian bioindicators, age/sex class, and tissue type for 12 scenarios in freshwater, estuarine, and

terrestrial systems in northeastern North America

Scenario Species

Agefsex’ Tissue type
P!

Comparison of major aquatic habitat types

Belted kingfisher

Adult & fledged young Blood & egg’

Bald eagle Juvenile Blood & feather
Lake >25 ha Common loon Adult Blood & epg
Common merganscr Adult lemale Blood & cgg®
Lake <25 ha Commoen loon Juvenile Blood
Hooded merganser Adult female Blood
River Common merganscr Adult female Blood & egg?
Belted kingfisher Adult & juvenile Blood& egg?
Tree swallow Adult & juvenile Blood & egg
Estuaries Ammodramus spartow spp. Adult & fledged young Blood
Emergent wetlands American bittern Adult Blood & egg
Virginia rail Adult Blood & egg
Song sparrow Adult & fledged young Blood
Red-winged blackbird Adult & fledged young Blood & egg
Shrub-scrub wetlands Waterthrush spp. Adull Blood
Swamp and Song sparrows Adull Blood
Montane areas Bicknell’s thrush Adult & fledged young Blood
Deciduous forest Wood thrush Adult & fledged young Blood
Coniferous forest Catharus thrush spp. Adult and fledged young Blood
Long-lerm risk in lakes Common loon Adult Feather
Greatest risk in aquatic systems Bald eagle Adult feather

! Juvenile = unfledged young which have yet to reach completion of foather molt and fledged young = young-of-the-year that have

completed feather molt.

2 When using cgg tissue from these species, only use composite values for entire clutch to avoid wide intra-clutch variation.
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loon breeding populations with color-marked
individuals are monitored throughout New
England (Evers et al., 2004} and Wisconsin (Meyer
et al., 1998; Fevold et al., 2003).

Our selections are species- and genera-specific
for illustrative purposes, but species with similar
foraging requirements, behavior, and natural
history patterns may be suitable surrogates;
preferably, trophic status is similar. Evolving
techniques in stable 1isotope analysis offer
numerous applications to matching trophic sta-
tus through analysis of tissues (e.g., blood,
feather, egg, muscle, bone). Such techniques
provide quantitative measures of trophic position
(Hobson, 1993; Bearhop et al., 2000; Nisbet et
al., 2002, Dominguez et al., 2003), dietary
emphasis (i.c., freshwater vs. marine [Hobson,
1990; Mizutani et al., 1990; Bearhop et al.,
1999], marinc versus terrestrial [Hobson, 1987,
Hobson and Sealy, 1991; Schmutz and Hobsen,
1998]), contaminant bioaccumulation (Cabana
and Rasmussen, 1994; Kidd, 1998; Atwwell et al.,
1998), and nutrient allocation to reproduction
(Hobson et al., 1997; Hobson et al., 2000). Here
in, scenartos and associated avian selections re-
late primarily to freshwater breeding habitats,

Selecting a standard species across multiple
aguatic habitats, particularly between freshwater
and saltwater ones, s difficult. The belted king-
fisher 1s a ubiquitous species that is an obligate
piscivore in all major aquatic habitats. As a
burrow-nesting species, repeated access to young
and adults is leasible for the kingfisher, Sam-
pling efforts to determine site-specific exposure
should focus on biood. Intraclutch variability in
egg Hg levels appears to be high (Lane et al,,
2004). Bald eagle' pairs also commonly forage
within all major aquatic habitats. Adults are
difficult to capture, therefore, chicks are gener-
ally sampled to determine Hg exposure (Bower-
man et al., 2002). Blood and breast feathers are
the most common sampling tissues. Adult eagle
feathers from the nest site can be useful for
determining Hg exposure (Bowerman et al.,
1994) and may reflect some of the highest Hg
levels within an aquatic ccosystem. However,
foraging habits of breeding pairs vary dramati-
cally within and between breeding seasons, hab-
itat type, and geographic area (Knight et al.,
1990; Kozie and Anderson, 1991; Anthony et al.,

1999). Although etther fish or birds can comprise
the majority of prey remains at eagle nests,
Domingucz et al. (2003) found that stable-
nitrogen isotope ratios showed little difference in
trophic status among nests in Newfoundland.

The common loon is one of the better bioindi-
cators ol lake-specific MeHg availability as it has a
top trophic position in the aquatic food web, is
long-lived, and in most cases remains within its
breeding territory for 4-6 months. Adult blood and
egg Hg ievels reflect dietary Hg exposure of breed-
ing loons on lakes > 25 ha. Territorial pairs occu-
pying lakes <25 ha generally maintain and feed on
more than one lake (i.e.,, multi-lake territories)
(Piper et al., 1997). Because adult commeon loons
with multi-lake territories rarely bring food items
back to thetr natai lake to feed their young, blood
Hg levels of juvenile loons best represent MeHg
availability on their natal lake. Common mergan-
sers are also obligate piscivores that can reflect lake-
specific MeHg availability. Sampling efforts for
adult females can be facilitated through the use of
artificial boxes. Similar to kingfishers, intraclutch
variation in egg Hg levels is high for mergansers and
dictates individual egg or composite analysis (ver-
sus selecting one egg). Other high-trophic level pi-
scivores that generally forage on lakes are not
optimal lake-specific indicator candidates because
(1) of their tendency to commonly use multiple
waterbodies within their breeding territory, (2) they
are difficult to cfficiently capture and sample (e.g.,
great blue heron}, and (3) they regularly prey on
lower-trophic-level organisms such as benthic-
feeding fish (e.g., osprey) and terrestrial birds and
mammals (e.g., bald cagle}. Instead, such species
best represent MeHg availability at a watershed
levei. Double-crested cormorants phalacrocorax-
aurftus may be good indicators of multiple large
lakes and other aquatic systems.

Determining mercury exposure in riverine
habitats is most promising with the common
merganser, hooded merganser, belted kingfisher,
and tree swallow. The belted kingfisher is
incrcasingly being used as an indicator for
assessing Hg in riverine systems {Baron et al.,
1997, Moore et al., 1999). Use of artificial
nesting boxcs on riverine habitat and experi-
mental design interests for both piscivorous and
insectivorous birds can be achieved with the
hooded merganser and tree swallow.



Although most investigations of avian Hg
exposure have focused on waterbodies, wetlands
and strictly terrestrial habitats are increasingly
being included during risk assessments. In
emergent wetlands, insectivores best reflect
MeHg availability. Larger-bodied insectivorous
birds have greater Hg exposure than their
smaller counterparts (Fig. 12). The Virginta rail
(Ralflus limicolay 1s a good indicator candidate
because it is more insectivorous than the sora
(Porzana carolina) and is more common and less
limited by marsh size than the American bittern
(Botaurus lentiginosus). Clapper rails  (Rallus
longirostris) in San Francisco Bay had greater
body burdens of Hg than associated piscivorous
birds, such as terns (U.S. Fish and Wildlife
Service, 2003). The red-winged blackbird had
some of the highest blood Hg levels of songbirds
within a  Massachusetts riverine  wetland
(Fig. 12). Although the red-winged blackbird and
sparrow species (i.e., song and swamp) are gra-
nivores most of the year, during the breeding
season they are obligate insectivores. Based on
limited Hg data, both the Louisiana (Seiurus
motacilla) and northern waterthrush may be
insectivorous passerines at greatest risk in river-
ine habitats; waterthrushes forage specifically on
aquatic organisms. Other relatively large-bodied,
insectivorous passerines associated with northern
aquatic systems, such as the rusty blackbird
(Euphagus carolinus), may also be at risk; specific
Hg-sensitive habitats are acidic headwater areas
{Bank et al, 2005) draining recently logged
coniferous catchments (Porvari et al., 2003).

Methylmercury availability in terrestrial insec-
tivorous passerines is relatively unknown but a
recent compelling study by Rimmer et al. (2005}
indicates further investigations are necded. That
study documented Hg levels in Bicknell’s thrush
and further comparison of the blood Hg level
ranges show an overlap with those of eaglets;
thereby indicating equivalent trophic status of a
terrestrial-based insectivore with an aguatic-based
piscivore. Recent investigations have demon-
strated that MeHg is present in foliage (approxi-
mately 1% of the total Hg content) (St. Louis
et al., 2001; Ericksen et al., 2003). Milier et al.,
(2005) estimated MeHg availability to terrestrial
food webs using forest foliage and modeled
deposition and concentrations of leaf, litterfall,

Mercury cxposure in Northeast North America 211

precipitation (wel and dry), and particulate Hg in
northeastern North America. Litterfall total Hg
concentrations from these models were signifi-
cantly correlated with the blood Hg levels of Bic-
knell’s thrush (Rimmer et al., 2005). Conceivably
MeHzg in litterfall and contributions of foliar total
Hg to saturated soils where potential methylation
environments exist are providing an important
basis for biomagnification of MeHg in inverte-
brates. Acidified environments further enhance
methylation (Furutani and Rudd, 1980; Xun et al.,
1987), and with the influence of heavy wet depo-
sition of acid ions (i.e., acid rain), northeastern
North America’s landscape is generally more
acidic than pre-industrial times (Driscoll et al,
2001). Soil acidification may impact bird popula-
tions in several ways (Graveland, 1998) inciuding
the depletion of soil calcium levels. Breeding birds
have high demands of calcium for eggshell for-
mation and proper juvenile growth. The wide-
spread depletion of environmental calcium
availability in northeastern North America is now
linked to adverse effects on the distribution of
wood thrush (Hylocichla musteling) (Hames et al.,
2002). Unfortunately, the strong link between
environmental acidification with MeHg produc-
tion and calcium depletion may be creating a sce-
nario where their synergy has the potential for
long-term, landscape-level impacts on insectivo-
rous passerine populations across much of north-
eastern North America.
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Appendix 3. Tissue Hg levels (arithmetic mean + SD and range) from lethal sampling efforts

Liver (ww)
Mean = SD (Range)

Specics

Muscle (ww)
Mean + SD (Range)

Kidney (ww)
Mean + SD (Range}

common loon - aduft
common loon - juvenile
black-crowned night-heron
great blue heron

29.7 + 38.5{1.9 - 154.0)
149 £ 25.6 (0.3 - 92.6)

Canada goose 0.1 + 3 (0.1-0.2)
wood duck 0.3+ <0.1(03-03)
mallard © 05 +£02(01-08)
American black duck 0.6 £ 0.4 (0.1 -2.0)
American green-winged teal 08 +03(0.2-13)
ring-necked duck 0.6 + 0.3(0.2-1.5)
common goldencye 15+ 1.8{0.1 -8.2)
COmMMOonN merganser

hooded merganser 47 £ 30{l.1 -12.2)

osprey — adult
osprey — juvenile
bald eagle - adult
bald eagle — juvenile
herring gull

10.6 + 11.2 (0.6 - 23.0)
0.9 + 0.4 (02 - 1.5}
22 + 22 (06~ 11.8)
1.2 + 09 (0.6 -19)
36 £ 25(1.0-8.2)

39.9 & 250 (1.7~ 79.1) 4.10 + 3.40 (0.40 - 15.90)
35.9 & 249 (11.0 - 60.7) 0.90 + 0.81 (0.20 — 2.40)
15 £03(1.2-19)
19 + 0.9 (0.4 - 3.3)

0.04 + 0.03 (0.02 - 0.14)

0.13 + (.08 (0.02 - 6.26)
0.16 = 0.12 {0.03 - 0.45)
0.21 £ 0.15 (0.02 - 0.59)
0.17 £ 0.11 (0.03 - 0.47)
0.33 + 0.20 (0.05 - 0.88)
1.71 £ L.71 (068 — 6.77)

0.96 + 0.35(0.04 - 1.92)
157 +£ 14.7 (2.3 - 36.7) 1.5 £ 1.5(0.6-4.3)
L1 £ 06 (0.3 -2.1) 0.1
92 1 124 (0.7 -33.4) 0.4 £ 04(0.2-1.5)
0.6 + 0.5(0.3 - 1.0) 0.3 £ 0.1(02-03)
1.59 + 1.32 (0.35 - 3.98)

provided funding to compile and synthesize the
Hg databases.
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Abstract. Eighty pairs of mallards (Anas platyrhynchos) were
fed an uncentaminated diet until each female had laid 15 eggs.
After cach female had laid her 15th egg, the pair was randomly
assigned to a control diet or diets containing 5, 10, or 20 pg/g
mercury as methylmercury until she had laid a second set of 15
eggs. There were 20 pairs in each group. After the second set
of 15 eggs, the pair was returned to an uncontaminated diet,
and the female was permitted to lay another 30 eggs. For those
pairs fed the mercury diets, the even-numbered eggs were
incubated and the odd-numbered eggs were saved for possible

mercury analysis. Mercury in the even-numbered eggs was

estimated as the average of what was in the neighboring odd-
numbered eggs. Neurological signs of methylmercury poison-
ing were observed in ducklings that hatched from eggs con-
taining as little as 2.3 pg/g estimated mercury on a wet-weight
basis, and deformities were seen in embryos from eggs con-
taining about | wg/g estimated mercury. Although embryo
mortality was seen in eggs estimated to contain as little as 0.74
ig/g mercury, there were considerable differences in the sen-
sitivity of mallard embryos, especially from different parents,
with some embryos surviving as much as 30 or more pg/g
mercury in the egg.

Mercury contamination of eggs has been suspected as a cause
of impaired reproduction in wild birds (Barr 1986, Fimreite
1974), but associations between mercury levels in eggs and
reproductive problems in field studies are complicated by the
presence of other environmental stressors that may have an
effect. Consequently, the results from controlled laboratory
studies with mallards, black ducks (dras rubripes), ring-
necked pheasants (Phasianus colchicus), and chickens (Gal-
{us gallus) have been used to help establish the concentrations
of mercury in eggs that are associated with effects on avian
reproduction (Heinz 1974, 1976, 1979; Finley and Stendell
1978; Fimreite 1971; Tejning 1967). The laboratory data have
been used as a guideline for whether the mercury concentra-
tions found in the eggs of wild birds might be harmful (Eisler
2000, Henny et al. 2000, Meyer et of. 1998; Scheuhammer ef
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al. 2001; Thompson 1996; Wiemeyer ef al. 1984; Wolfe et al,
1998).

In past laboratory studies with mallards, groups of breeding
aduits were fed different concentrations of methylmercury, and
a mean mercury level was calculated from a sample of eggs
from each group (Heinz 1974, 1976, 1979; Heinz and Hoffinan
1998). When reproductive success of a group was significantly
less than that of controls, the mean mercury level in eggs from
that group was judged to be a harmful level. However, indi-
vidual embryos likely differ in their sensitivity to methylmer-
cury. As long as laboratory-generated findings with methyl-
mercury continue to be used to help protect the reproductive
success of wild birds, especially species that cannot tolerate
much reproductive loss because their numbers are already low,
it is important to know how sensitive individual embryes can
be.

Our primary objective was to estimate the lowest concentra-
tions of mercury in matlard eggs that would harm the most
sensitive embryos. Our secondary objective was to determine
how variable individual mallard embryos are in their sensitivity
to methylmercury.

Materials and Methods

Care of Adults and Administration of Mercury Diets

Eighty breeding pairs of 1-year-old mallards (Anas platyrhynchos)
(Kidder Game Farm, Milton, WI) were randomized to 1 m? outdoor
breeding pens on April 15, where they had access to flowing water and
a commercial game bird breeder diet (Purina Mills, St. Louis, MO).
The diet contained about 20% crude protein, 2.5% crude fat, and 7%
crude fiber. On April 24 we began collecting eggs from each pair. Eggs
were labeled, stored in a Kubl egg cooler (Flemington, NJ) at about
13-14°C, and at weekly intervals incubated in a Kuhl incubator at a
temperature of 37.5°C and a relative humidity of about 54%. On day
25 of incubation we transferred the eggs to a Kuhl hatcher set at a
temperature of 37.2°C and a relative humidity of about 70%.

Each of the 80 pairs was fed the untreated commercial diet until the
female had laid 15 eggs. These first 15 eggs served to establish
baseline data on the hatching success of each pairs” eggs prior to the
start of mercury treatment. On the day a female laid her 15th egg, that
pair was randomly assigned to one of the four treated diets: a control
diet or dicts containing 5, [0, or 20 pg/g mercury as methylmercury
¢hloride. Methylmercury has been shown to be the main forn of
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mercury found in the eggs of wild birds (Rumbold er al. 2001;
Scheuhammer et al. 2001). Each treatment had 20 pairs of ducks. The
dictary concentrations of mercury we used, especially the 10 and 20
pglg treatments, were higher than had been used in some previous
studies with mallards (Heinz 1974, 1976, 1979), but these concentra-
tions were selected because we wanted mercury levels in eggs to
increase greatly over a shert period of time.

The methylmercury diets were prepared by first dissolving methyl-
mercury in a small amount of acetone and then in a larger volume of
corn oil. These solutions were then mixed with the breeder diet to
make premixes, which were kept frozen untif needed. The premixes
were blended into a larger volume of breeder diet to make the final
diets; these final diets contained about 0.2% corn oil. Two samples of
each diet were analyzed to confirm the concentration of mercury. The
samples of control diet were reported to contain less than 0.02 pg/p
mercury. Recovery of mercury from the three treated diets averaged
89%. Mercury was analyzed by cold-vapor atomic absorption spec-
trophotometry at the Patuxent Anatytical Control Facility, located at
the Patuxent Wildlife Research Center.

For the 20 pairs selected 10 receive each of the three mercury-treated
diets, only the first 14 eggs were incubated to establish a baseline for
hatching success; the 15th egg was saved for possible mercury anal-
ysts. For the 20 pairs of controls, all of the first 15 eggs, plus all later
eggs, were incubated. Eggs 16 through 30 were collected while the
female was being fed her freated diet. On the day the 30th egg was laid,
the pair was switched back to an untreated diet, and the female was
allowed to lay another 30 eggs or until July 16, when the study was
terminated. For those females switched to one of the three mercury-
containing diets, we only incubated their even-numbered eggs and
saved their odd-numbered eggs for possible mercury analysis.

Determining the concentrations of mercury that harmed individual
eggs required some way of estimating how much mercury was in an
egg while still allowing that egg to go through all the stages of
incubation, hatching, and duckling survival. Our approach to estimat-
ing the mercury concentration in an incubated, even-numbered egg
was to take the averuge of the mercury in the odd-numbered egg laid
the day before and the odd-numbered egg laid the day after the
even-numbered egg. During the period when an egg-laying female was
on a constant methylmercury diet, mercury levels in eggs would be
increasing; once the mercury diet was stopped mercury in eggs would
decrease. In cither case, the average of the mercury between the
previous egg and subsequent egg should give a good estimate of what
was in the unanalyzed egg.

We cxamined the fate of all the control eggs and all the even-
numbered eggs of mercury-treated pairs. After eggs hatched, the
ducklings were banded and kept for 6 days in heated pens provided
with flowing water and untreated duck starter diet (Purina Mills).
Because many hundreds of odd-numbered eggs were saved for poten-
tial mercury analysis, it was not feasible to have them all analyzed for
mercury. Therefore, after the study of the hatching success of the
even-numbered eggs and the 6-day survival of ducklings was com-
pleted, we carefully examined the fate of the eggs from each of the
mercury-treated females. Some of the pairs had poor hatching success,
even prior to being put on their mercury diets. We did not analyze
many odd-numbered eggs from these poor-achieving pairs because
failure of an egg to hatch could just as easily have been due to chance
as to mereury poisoning. We limited most of our mercury analyses of
odd-numbered eggs to situations where an even numbered egg (1)
produced a deformed embryo, (2} produced a duckling that displayed
neurological signs of methylmercury poisoning, or {3) failed to hatch
when a series of eggs laid before it did hatch. In addition, with a few
exceptions that are noted in the Results and Discussion, we did not
include estimates of mercury in even-numbered eggs when more than
1 day separated the laying of the even-numbered egg from the laying
of the neighboring odd-numbered eggs. Our estimates of mercury in
these selected, even-numbered eggs were most likely to provide in-
formation related 1o true mercury toxicity, as contrasted to the normal
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armount of embryo mortality that even controls might be expected to
suffer during incubation, Even with these restrictions, we analyzed
over 200} odd-numbered eggs for mercury and related the estimates of
mercury in even-numbered eggs to the toxic effects listed later.

Neurological Signy

The feeding of methylmercury to breeding maltards and black ducks
has been shown to produce neurological signs related to characteristic
brain lesions in some of their ducklings (Heinz and Locke 1976; Finley
and Stendell 1978). Affected ducklings may appear normal when
hatched, but within 1 to 3 days they begin to lose coordination and
stagger about. In several studies, including the current one, we have
never seen a control mallard duckling exhibit these neurological signs.
Therefore, when ducklings from mercury-treated parents in the current
study began to lose balance and stagger, this was an almost certain sign
that they had been poisoned by methylmercury.

Deformities

Methylmercury has been repocted to cause various kinds of deformi-
ties in mallard embryos, but deformities also occur in a small percent-
age of control ducklings (Hetnz and Hoffman 1998; Hoffman and
Moore 1979). In one large study with mallards, 6.1% of 1-week or
older control embryos exhibited some form of deformity, primarily
hydrocephaly (Heinz and Hoffman 1998). In the same study, 16.4% of
the embryos from parents fed 10 pg/g mercury as methylmercury were
deformed, many exhibiting deformities not seen in controls. In the
current study, we could not be as certain that deformed embryos were
caused by mercury as we were that neurological signs werc the result
of mercury in the egg.

Failure of Fggs to Hatch

Not all eggs, even conlréls, can be expected to hatch. A hatch of
70-80% of fertile control egps is a good hatch for mallards {Gile and
Meyers 1986; Heinz 1979; Heinz and Fitzgerald 1993; Heinz and
Hoffiman 1998). Therefore, to reduce the likelihood that the failure of
an egg to hatch was unrelated to mercury treatment, we included data
only for those pens that had a proven record of good hatching success
prior to the switch to the mercury diets. After subtracting out the one
or two unusable eggs that were occasionally cracked or infertile among
the first 14 laid by the mercury-treated females, we defined good
hatching success as there being no more than ! unhatched egp out of
the first 12, 13, or 14 usable cggs. Although not as certain an indicator
of methylmercury poisening as the exhibiting of neurological signs,
the failure of an egg to hatch (when other uncontaminated or less
contaminated eggs laid before or after this egg did hatch) provided
information on threshald levels of mercury in mallard eggs that cause
harm.

Mercury in Eggs That Hatched and from Which the
Hatchlings Survived 6 Days

Although the main purpose of our study was to determine the lowest
concentrations of mercury that harmed the most sensitive mallard
embryos, we also were interested in how much embryos could differ
in their sensitivity to mercury. One way to examine this variability was
to determine how much mercury could be in an egg that did hatch and
the duckling survived for the 6-day observation period. When an



Mercury Thresholds in Eggs

embryo died or was deformed, we could not be absolutely certain that
mercury was to blame. In contrast, we did know with absolute cer-
tainty when the estimated level of mercury in an egg did not kill an
embryo, cause a deformity, or cause neurological signs in the hatch-
ling. By examining the concentrations of mercury in eggs that pro-
duced healthy 6-day-old ducklings, we were able to understand how
different mallard embryos can be in their sensitivily to methylmercury.

Results and Discussion

Neurological Signs

The lowest estimated mercury concentration in an egg that
produced a duckling with neurological signs was 2.3 pg/g on a
wet-weight basis and the highest value was 30 pg/g (Table 1).
Given the specificity of this sign as something seen in previous
studies only in mercury-poisoned ducklings, we believe the
ducklings listed in Table 1 were poisoned by mercury and the
estimated mercury levels in eggs produced these neurclogical
problems. There were no control ducklings in this study that
ever exhibited a loss of balance and staggering. Also, in the
three groups that were switched to mercury-treated diets, there
were no ducklings that exhibited neurological signs when they
hatched from eggs laid prior to the start of the mercury diets.
Most of the ducklings that exhibited signs of mercury poison-
ing hatched from eggs 22 through 30, which was during the
period when mercury was in the diet of the mothers. Two
ducklings that exhibited neurological signs hatched from eggs
that were laid shortly after the cessation of the mercury diet.

Deformities

The lowest estimated mercury concentration associated with a
deformed embryo was 0.93 pg/g on a wet-weight basis and the
highest value was 18 pg/g (Table 2). The estimate of 0.93 pg/g
for egg number 62-48 (the 48th egp laid by female number 62)
was based on the average between a value of 0.935 for egg 47
and 0,926 for egg 49. Egg 6246 also produced a deformity and
contained only 1.0 pg/g mercury, which was the average
between values of 1.15 pg/g for egg 62-45 and 0.935 pg/g for
egg 62-47. These two estimates seem to be very accurate
averages based on mercury in the neighboring odd-numbered
eggs. Female 62 also produced deformed embryos in her 20th
egg, which contained 3.7 pg/g mercury, and in her 54th egg.
The 54th egg is not listed in Table 2 because the odd-numbered
neighboring eggs were not analyzed for mercury, but we know
that the 54th egg almost certainly contained less mercury than
the value of 0.926 pg/g reported for egg 49. The embryo from
this 54th egg was badly deformed, with short legs, extra toes,
a spoon-shaped upper bill, and an abnormal right wing. An
unusual pattern of embryotoxic responses was seen in the eggs
from female 62 in that, after egg number 20, which had a
deformed embryo, eggs 22, 24, 26, and 30 (which would have
contained more mercury than 22) all hatched. Egg number 28
was infertile. All of the even-numbered eggs from 32 through
44 also hatched, but they would have had more mercury than
egg numbers 46, 48, and 54, which produced deformed em-
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Table 1. Estimated mercury concentration in eggs that produced
ducklings that exhibited neurological signs of methylmercury poi-
soning

Concentration of Female's Pen Mercury Estimated 1o

Mercury in Parents’ Number-Egg Have Been in Egg
Diet (pg/g) Number® (rg/g, wet weight)®
10 64-24 10

20 2-24 27

20 2-26 4.0

20 6-24 22

20 6-28 22

20 6-30 26

20 9-26 27

20 9-34 24

20 20-24 36

20 20-26 33

20 27-26 54

20 28-22 23

20 45-26 4.1

20 46-30 8.1

20 46-32 7.8

20 52-28 30

20 63-22 19

20 71-24 23

* The pen number of the female that laid the egg, followed by the egg
number {according to the sequence in which the eggs were laid).

b The concentration of mercury in the egg producing this duckling was
estimated by taking the average of the mercury in the egg laid the day
before and the egg laid the day afler this egg.

bryos. We do not know why, but the embryos from this female
seemed to be very different in their sensitivity to mercury.

Another female’s egg (65-16) also produced a deformed
embryo and contained an estimate of only !.0 wg/g mercury.
The 15th egg by female 65 was laid the day before the mercury
treatment was started and was reported to contain 0.0278 jg/g
mercury. The 17th egg was reported to contain 2.06 png/g
mercury. The estimate, based on eggs 15 and 17, could be
biased toward the low side because the 15th egg was a pre-
treatment egg, and mercury could have jumped considerably by
the 16th egg. Like female 62, female 65 also had an unusual
pattern of embryotoxic effects in her eggs, suggesting differ-
ences in sensitivity among siblings. After egg 16, eggs 18, 20,
and 22 all hatched. Thereafter, all of her eggs failed to hatch,
either because they died (in two cases) or were infertile in all
the rest.

In addition to the deformities listed in Table 2 or discussed
so far, there were four additional embryos from mercury-
treated parents that exhibited deformities, but either the neigh-
boring eggs were not analyzed or the neighboring eggs were
not laid within 1 day of the egg that produced the deformed
embryo. One of these deformities, in the 32nd egg laid by a
female fed 5 pg/g mercury was a deformed ball of tissue
without any limbs. Only the 33rd egg from this female was
analyzed and it contained 1.1 pg/g mercury; therefore, the
deformed 32nd egg probably contained somewhat more than
1.1 wg/g mercury because it was laid one day closer to the time
when the female was still being fed mercury.

A second additional embryo, from the 30th egg laid by a
female fed 5 pg/g mercury, had a clubbed right foot that



260

G. H. Heinz and 1. J. Hoffman

Table 2. Estimated mercury concentration in eggs that produced embryos with deformities

Female’s Pen Mercury Estimated

Number-Egg

Concentration of
Mercury in Parents’

1o Have Been in Egg

Diet (pg/g) Number* (ng/g, wet weight)® Description of Deformity
5 16-26 38 Twisted toe on right foot; abnormal right wing; body generally
underdeveloped
5 62-20 37 Elongated, spoon-shaped upper bill; legs and feet abnormal;
abnormatl joint on right wing
5 62-46 1.0 Spoon-shaped upper bill; hydrocephaly; short legs; extra toes;
abnormal wings
5 62-48 0.93 Upper bill shorter than lower; short legs; extra toes; abnormal
right wing
10 89-24 12 Lower bill longer; eyes poorly developed; stunted body;
deformed skull
20 52-22 15 Left wing does not extend; foot deformed
20 65-16 1.0 One body sharing 1wo fused heads; exencephaly; small eyes;
deformed bilt
20 77-22 18 Exencephaly; small right eye; lower bill longer and twisted

* The pen number of the female that laid the egg, followed by the egg number (according to the sequence in which the eggs were laid),
® The concentration of mercury in the egg with this deformed embryo was estimated by taking the average of the mercury in the egg taid the day

before and the egg laid the day after this egg.

pointed backward plus rigid joints in its leg. It came from an
egg that was estimated to contain 8.7 g/g mercury, but the
estimate was based on the average mercury in the 29th egg
([0.1 ng/g), which was laid 2 days prior to the egg with the
deformed embryo, and the 3 Ist egg (7.29 yug/g), which was laid
1 day after. If anything, the 30th egg may have had slightly
more mercury than the estimate.

A third embryo, from the 32nd egg lard by a female fed 10
pg/g mercury, had two heads partially fused together, a twisted
upper bill, and a deformed right wing. Only the 33rd egg was
analyzed for mercury, and it contained 12 pg/g mercury.
Therefore, the deformed embryo came from an egg that prob-
ably contained somewhat more than 12 pg/g mercury.

A fourth embryo, from the [6th egg laid by a female fed §
ng/g mercury, had a crossed bill and an indentation in the bill.
The estimated value of only 0.44 pg/g mercury in this egg has
to be viewed with caution for a number of reasons. First,
deformities were limited to the bill. Second, the estimated
mercury concentration of (.44 was arrived at by taking the
average of a value of (.87 pg/g mercury measured in egg
number 17 and a value of 0.01 for egg number 15. Egg 15 was
laid while the female was still on its uncontaminated diet; it
was reported to contain less than the detection Hmit of 0.0198
pg/g mercury, and consequently was assigned the value of
0.01, which is one-half the detection limit. Because of the
uncertainty of how quickly mercury would build up in the very
first egg laid after the switch to the mercury-containing diet, it
is possible that the estimate of mercury in egg 16 was some-
what on the low side, but we can say with some assurance that
this egg contzined less than the 0.87 pg/g reported for the egg
laid the following day. Finally, after the deformed embryo from
egg number 16, eggs 18, 20, 22, 26, and 28 all hatched and
eggs 24 and 30 died; therefore, this female also bad an irregular
history of embryotoxic effects.

A total of three embryos from the 20 breeding pairs of
controls also were found to be deformed. Three deformed
embryos is a low number considering that all but 4 of the 20
pairs of controls produced 60 eggs, and the lowest of these 4

still produced 48 eggs for incubation. One of the deformed
controls had a slightly shorter lower bill than upper bill, an-
other had a shorter upper bill plus exencephaly, and the third
was a case of conjoined twins with exencephaly and a crossed
bill.

Interpreting the results for deformities is clearly not as
straightforward as for neurological signs. Though we do not
rule out the possibility that as little as I pg/g or even less
mercury did itn fact cause the deformities we saw, at the same
time we believe these estimates should be taken with some
caution.

Failure of Eggs to Hatch

The lowest estimated mercury concentration in an egg that
failed to hatch was 0.74 pp/g on a wet-weight basis and the
highest value was 38 wg/g (Table 3). In addition to the mer-
cury-treated pens listed in Table 3, 10 of the 20 control pens
also met the criterion of having no more than one of their first
12-15 fertile eggs fail to hatch. Because the odd-numbered
eggs from control pens were incubated along with the even-
numbered eggs, there were as many as 15 eggs incubated from
eggs 16 through 30. The mean hatching success of this second
set of 15 eggs from the [0 control females was 89.2%, with a
range from 80% to 100%. In only 1 of these 10 control pens did
2 eggs in a row fail to hatch. The uniformly high hatching
success of eggs 16 through 30 for this select group of control
pens suggests that it is unlikely that a series of eggs from the
similarly select group of mercury-treated females in Table 3
would have failed to hatch by chance alone. Almost certainty,
most of the eggs listed in Table 3 did die from mercury
poisoning.

The lowest value in the table, 0.74 pg/g, came from pen 84,
which hatched all 14 of its first set of eggs and all of the
ducklings survived for 6 days. Based on this pretreatment
success, we would have expected egg 16 to hatch unless
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Concentiration of Female’s Pen

Fraction of Fertile Eggs Mercury Estimated

Mercury in Parents’ Number-Egg that Hatched During the o Have Been in Egg

Diet (ug/g) Number® Pretreatment Period® {ug/g, wet weight)®
5 11-28 13/14 5.2

5 34-26 13/14 7.1

10 82-28 13/14 14

10 - 82-30 13/14 17

10 89-24 13/14 12

10 89-26 13/14 13

10 89-28 13/14 14

20 19-34 14/14 34

20 46-34 14/14 13

20 63-20 11412 i3

20 63-26 11/12 29

20 63-28 11/12 30

20 63-30 11412 38

20 65-24 12/13 23

20 84-16 14/14 0.74

20 84-26 14/14 33

20 84-28 i4/14 34

* The pen number of the female that laid the egg, followed by the egg number (according to the sequence in which the eggs were laid).
b The numerator is the number of eggs that hatched, and the denominator is the number of fertile eggs that were incubated.
© The concentration of mercury in the egg that failed to hatch was estimated by taking the average of the mercury in the egg laid the day before

and the egg laid the day after this egg.

mercury killed the embryo. The estimated mercury value for
egg 84-16 was based on the average between the value of 0.009
wg/g for the 15th egg (mercury was below the detection limit
of 0.0185 wg/g, and the egg was assigned a value of one-half
the detection limit) and the value of 1.48 pg/g reported for the
17th egg. Even if the actual concentration of mercury in the
16th egg was closer to the 17th egg than to the 15th egg, it
would still have been somewhat less than the 1.48 ug/g te-
ported for egg number 17, and this would still be the lowest
value in Table 3. What is peculiar about this pen is that eggs 18,
20, and 30 hatched, and they had estimated mercury values of
8.0, 22, and 31 pg/g. The embryos in eggs 22, 24, 26, and 28
all experienced some form of embryotoxic effect. Even-num-
bered eggs 32 through 52 all hatched, and only one duckling
{84-32) failed to survive 6 days. The return to perfect hatching
success after the cessation of mercury in the diet of female 84
suggests that the observed failures of eggs during the mercury
treatment were in fact due to the mercury the female deposited
in these eggs. However, it is still uncertain why some eggs laid
after egg 16 but still within the period when the female was
being fed mercury showed no indications of mercury poison-
ing.

If for some reason the estimated mercury level of 0.74 ng/g
in egg 84-16 was not the cause of death of this embryo, then the
next lowest value in Table 3 is the 3.4 pg/g value for egg
19-34. The fate of the eggs laid before and after egg 19-34
provide especially strong evidence that the embryo in egg
19-34 did die from mercury poisoning. Not only did all 14
eggs collected prior to the start of the mercury treatment for
this female hatch, but egg numbers 16 through 28 (eggs laid
while the female was on the mercury diet} all hatched. Egg 30,
the last laid while on mercury treatment, failed to hatch, and its
estimated concentration of mercury (based on an egg laid 3
days before and anotber laid 3 days after cgg 30) was 4.8 pg/g,

Egg 32 also failed to hatch; egg 31 was not analyzed, but egg
33 contained 4.2 pwg/g mercury. Egg 32, being closer to the
period when mercury was in the female’s diet, should have
contained slightly more than 4.2 wg/g. After egg 34, eggs 36
through 44 all hatched, presumably because mercury levels had
declined to a safe level in these eggs that were more removed
from the period when the female was fed mercury.

There were many other eggs from mercury-treated females
that failed to hatch and for which we have estimates of mer-
cury, but the data did not meet the rigorous criteria we im-
posed: {1) no more than one of the fertile pretreatment eggs
failed to hatch and (2) the neighboring eggs analyzed for
mercutry had to have been laid no more than 1 day before and
1 day after the egg whose mercury concentration we wished to
estimate. We did examine these data and there were no mer-
cury values lower than even the second lowest value of 3.4
pg/g in Table 3.

Some of the estimated concentrations listed in Table 3 prob-
ably were higher than what was necessary to kill those em-
bryos. For example, a series of increasing mercury levels is
seen in Table 3 in eggs 63-20, 63-26, 63-28, and 63-30. In
addition to these embryos that died, 63-16 and 63-18 also died,
but we were only able to estimate that mercury was less than
5.0 ng/g (the level reported in egg 19). Egg 63-22 produced a
duckling that exhibited neurological signs of methylmercury
poisoning (this egg is listed in Table 1). Egg 63-24 hatched, but
the chick was unable to walk normally and died. Egg 63-30, for
example, probably did not require the 38 pg/g mercury it
contained to kill the embryo; it probably would have died had
its mercury level been closer to the vatue of 13 pg/g listed for
egg 63-20. The reason 63-30 had 38 pg/g mercury was because
it was laid later in the period when the female was being fed
mercury; this egg, therefore, probably had more than enough
mercury to kill the embryo.
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Mercury in Eggs That Hatched and the Ducklings
Survived

The results in Table 4, showing high levels of mercury that
were not associated with harm, were not clear-cut. Except for
pen number 84, there was not much difference between the
mercury concentrations in eggs from the same female that were
poisoned by mercury and those not poisoned. However, results
discussed for data in the other tables suggest that less contam-
inated eggs may suffer from methylmercury poisoning,
whereas much more contaminated eggs from the same female
may hatch normally,

It addition to the differences in sensitivity that may exist
among embryos from the same parents, it is clear that embryos
from different parents can differ greatly in their sensitivity to
methylmercury. As has been mentioned, the neurological re-
sults in Table | are the most reliable of all our data because we
have never observed control mallard ducklings that exhibited
these signs. Several ducklings hatched from eggs estimated to
contain less than 5 pg/g mercury suffered neurological effects.
For other ducklings, more than 20 pg/g mercury in the egg was
needed to cause the same effects, The same observations can be
made with the data in Tables 2 and 3; the concentration of
mercury associated with embryotoxic effects can differ by
more than an order of magnitude among the eggs from different
parents.

Considerations of Mercury in Egg White Versus Egg Yolk

One final consideration in interpreting our results deserves
mentioning. Because the egg-laying females in our study were
in the process of building up mercury in their bodies during the
period when mercury was fed and were losing mercury once
they were returned to an uncontaminated diet, mercury in egg

yolks and egg whites were rising and falling during these two

periods.

In our study, when the female mallards were first started on
their mercury-contaminated diets, the first eggs they laid would
have had very little mercury in the yolk because the yolk,
which takes many days to form, would have been almost
completely formed prior to exposure to methylmercury. With
these early eggs, an even greater than normal preponderance of
the mercury would be in the albumen, which forms during the
day the egg is laid. When chickens were fed methylmercury,
about 95% of the mercury in their eggs was found in the
atbumen (Tejning 1967). During about the first half of incuba-
tion, an embryo relies almost completely on using the yolk for
tfood (Freeman and Vince 1974). The relative contribution of
mercury in the yolk and mercury in the albumen to the toxicity
of mercury to the embryo is not known, but Tejning (1967)
found that about 10 pg/g mercury in chicken eggs caused
embryonic death before the 10th day of incubation, which is
prior to the utilization of albumen as a food resource by the
chicken embryo (Freeman and Vince, 1974),

Nearly all of the deformed embryos that appear tn Table 2
were well beyond the stage when they were utilizing only yolk
as a source of food, and nearly all of the embryos that failed to
hatch and are listed in Table 3 were older embryos. Further-
more, most of the embryos that suffered toxic effects were not

G. H. Heinz and D. J. Hoffman

from eggs laid shortly after the switch to the mercury diets or
shortly after the switch back to the uncontaminated diet. Con-
sequently, we doubt that shifting ratios of mercury in yolk to
albumen could have complicated our interpretations very
much, However, with wild birds in nature, shifting ratios of
mercury in yolk versus albumen could be common when breed-
ing females move into and out of mercury-contaminated areas.
Until the refative toxic contributions of mercury in the albumen
versus the yolk are understood, it cannot be known whether
basing toxic mercury thresholds on whole eggs could be mis-
leading.

Conclusions

Our current study with individual eggs provides more reliable
information than our earlier studies if one wishes to discover
the lowest concentrations of mercury in eggs that will harm the
most sensitive mallard embryos.

The findings for neurological signs, which were almost cer-
tainty related to mercury in the eggs, clearly showed that
concentrations of mercury as methylmercury in excess of 2
pg/g on a wet-weight basis will harm sensitive mallard em-
bryos. Data related to deformities and embryo mortality sug-
gest that even lower concentrations of mercury in eggs may
cause harm, but these findings were not as definitive as were
the data for neurological signs. Therefore, we believe it is
wisest to conclude that there is some evidence from deformities
and mortality, although not conclusive, that wet-weight mer-
cury concentrations of about 1 pwg/g or perhaps a little below 1
pg/g can harm the most sensitive mallard embryos.

Our conclusions lend more reliability to the findings from
other mercury studies i which thresholds for effects were
expressed as mean concentrations of mercury in sample eggs
from different treatment groups. When mallards were fed 3
ng/g mercury as methylmercury during two successive breed-
ing seasons, toxic effects on embryos and young were associ-
ated with samples of eggs that contained between about 6 and
9 ng/g on a wet-weight basis (Heinz 1974, 1976). These older
studies were different than the current study in that the breed-
ing adults were started on their mercury diets well before the
breeding season, and, consequently, mercury concentrations in
eggs were fairly stable over the time when eggs were collected.
Levels of mercury in eggs much below the 6-9 ug/g range
were not produced in the early studies, so the mean levels of
mercury in eggs were higher than what might have been
minimal to cause harmful effects.

In another earlier study, breeding mallards were fed 0.5 pg/g
mercury as methylmercury over three generations (Heinz
1979). When data for all three generations were combined, the
number of 1-week-old ducklings preduced per breeding pair
was significantly lower for the pairs fed 0.5 pwg/g mercury than
for controls. Samples of 9-14 eggs were collected in each of
the three generations for mercury analysis. The mean levels of
mercury in eggs were (.79, 0.86, and 0.84 pg/g on a wet-
weight basis in the three generations, respectively. These three
means from this 1979 study were the lowest to have been
assoctated with reproductive impairment in mallards. Based on
the findings of that study, and lacking mercury toxicity data
specific to the wild birds they studied, some investigators doing
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Table 4. Estimated mercury concentration in eggs that hatched and the ducklings survived 6 days

Concentration
of Mercury in
Parents’ Diet

Female’s Pen
Number-Egg
Number for Eggs

Mercury (pg/g, wet
weight) Estimated to
Have Been in Eggs

Fraction of Fertile
Eggs That Hatched
During Pretreatment

Estimated Mercury in Other Even-Numbered
Eggs That Suffered an Embryotoxic Effect

(ng/g) that Hatched® That Hatched® Period® and Were from the Same Female®
5 16-28 5.7 11/13 16-26 (3.8 png/g), 16-30 (5.7 pg/g)
5 34-28 >173 13/14 34-26 (7.1 ng/)
34-30 =73
10 £9-30 > 14 13/14 89-24 (12 pug/p), 89-26 (13 pg/g), 89-28
(14 pg/g)
20 77-26 23 14/14 77-22 [deformed] (18 pg/g), 77-24
77-28 23 [neuroltogical signs] (23 pg/g)
20 84-18 80 14/14 84-16 (0.74 ug/g), 84-22 [neurclogical signs]
84-20 22 (~=28 pg/g), 84-24 [neurological signs]
84-30 31 (=29 pg/g)

aThe pen number of the female that laid the egg, followed by the egg number (according to the sequence in which the eggs were laid).
* The concentration of mercury in the egg that hatched was estimated by taking the average of the mercury in the egg laid the day before and the

egg laid the day after this egg.

¢ The numerator is the number of eggs that hatched, and the denominator is the number of fertile eggs that were incubated.

4 These eggs were neighboring eggs iaid by the same female that produced the eggs listed in the second column that hatched. These eggs failed
to hatch or, if noted in brackets, the embryos were deformed or exhibited neurological signs of mercury poisoning. The estimated mercury
concentrations are shown in parentheses (a = symbol indicates that the estimate for the even-numbered egg used odd-numbered eggs that were

not always only 1 day removed from the egg being estimated).

field studies have adopted a value of about 0.8 g/g mercury on
a wet-weight basis as a best estimate of how much mercury it
might take to harm the reproductive success of the birds they
studied (Henny et al. 2000; Lonzarich ef al. 1992).

The fact that findings from our recent study, designed spe-
cifically to estimate the least amount of mercury that will harm
an embryo, do not contradict the use of the 0.8 pg/g threshold,
taken from Heinz (1979), raises an interesting question. Why
did the earlier study, which was hased on mean mercury levels
in groups of eggs whose individual fate was not even deter-
mined, come up with about the same threshold as the more
carefully designed current study? We believe the answer lies in
the fact that the approximate value of 0.8 ng/g from Heinz
(1979) was an average. The average probably included some
mercury concentrations that were below an effect threshold
plus some that were higher than what was needed to harm the
most sensitive embryos. Even though the older study (Heinz
1979} yielded about the same answer, the findings from the
current study, designed specifically to determine the lowest
concentrations of mercury in mallard eggs that harm the most
sensitive embryos, are more appropriate to establishing a toxic
mercury threshold in eggs that can be used as a default thresh-
old for the eggs of other species. It is important to recognize,
however, that any default threshold assumes that the embryos
of wild birds are of about the same sensitivity to mercury as are
matlards. This may not be true. When results from various lab
and wild birds were compared, there was evidence suggesting
that reproductive success of some species may be more sensi-
tive to methylmercury than it is for other species (Koster et al.
1996).

Our study was not designed specifically to determine what
percentages of embryos or ducklings from eggs with varying
amounts of mercury would be harmed, but we did gain some
insights. The 60 pairs of mallards fed the three mercury diets
was a large number, but if one were to use even larger numbers
of breeding pairs it is possible that cven more sensitive em-

bryos could be discovered. However, from a practical point of
view, we do not think that mercury levels in mallard eggs of 1
ug/g or less are likely to harm more than a small percentage of
embryos. As our data in Table 4 showed, many embryos from
eggs with 10 or more pg/g mercury seem to do well.

Acknowledgments, We are grateful to Carel Erwin, Laura Heinz,
Michael Hoffman, and Howard Townsend for help in caring for the
breeding pairs and gathering data.
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Abstract

Anthropogenic mercury (Hg) air emissions for the eight Great Lakes states in 1999-2000 were evaluated by analyzing three
inventories. The US Environmental Protection Agency (EPA) National Emissions Inventory (NEI) had the most complete coverage
for all states, and total Hg emissions ranged from 42261b in Minnesota to 15,8281b in Pennsylvania. Coal-fired electric utilities
accounted for 52.7% of the region’s Hg emissions, varying from 20.2% of the total in New York to 67.5% in Ohio. Other important
contributors to regional emissions included municipal waste combustion (5.6%), mercury-cell chlor-alkali plants and hazardous-
waste incinerators (4% each), stationary internal combustion engines (ICEs) {3.5%), industrial, commercial, and institutional (ICT}
boilers {3.3%), and lime manufacturing (3.0%). Although medical waste incineration accounted for just over 1% of regional
emissions using the original classifications, the inclusion of health care facilities that may have been inappropriately identified with
other sectors would increase the sector to 4.5% of regional emissions (and decrease the stationary ICE sector to 1.4% of the regional
total). There were substantial differences for some sectors between the NEI and the Great Lakes Regional Air Toxics Emissions
Inventory {GLED), as well as unexplained differences within inventories between states (particularly for the cement, lime, and
asphalt industries, and for lamp breakage). Toxics Release Inventory data for 2000 mainly covered electric utilities, and differences
from the NEI were significant for several states. An independent assessment indicates the possibility of underestimated Hg emissions
by about twofold for ICI boilers, although data for the sector (in particular concerning fuel oil emissions) are highly uncertain.
Limited data indicate the likelihood of significant underestimates of electric arc furnace mercury emissions in the NEI and GLEI
tnventories. Several measures are here identified for improving the reliability of the inventories, both for modeling of atmospheric
transport and deposition modeling and for tracking progress in Hg reduction initiatives.

@& 2004 Elsevier Inc. All rights reserved.
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1. Introduction

Mercury (Hg) contamination is widespread in the US
Great Lakes region. Statewide consumption advisories
due to Hg contamination covering at least one fish
species are in place in seven of the eight Great Lakes
states, covering inland lakes (Michigan, Minnesota,
Wisconsin), rivers (Indiana), or both (Illinois, Ohio,
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Pennsylvania) (US EPA, 2003a). In addition to posing
risks to human health {National Research Council,
2000), Hg contamination in the region also threatens
certain fish-consuming wildlife, including loons and
mink (Evers et al., 1998; Henry et al., 1998).
Atmospheric deposition has been recognized for some
time as the major pathway by which most aguatic
ecosystems are contaminated by ongoing Hg loadings
(e.g., Jackson, 1997; Fitzgerald et al., 1998; Schroeder
and Munthe, 1998; US EPA, 2000). For example, resuits
from the Lake Michigan Mass Balance Study indicated
that in the mid-1990s, 84% of total Hg loading to the
lake {considering atmospheric and tributary inputs) was
through atmospheric deposition (Landis and Keeler,
2002). Mercury is released to the atmosphere through
both natural processes and human activities (Gustin,



M. Murray, S.A4. Holmes | Environmental Research 95 (2004 282-297 283

2003; US EPA, 19974). Studies of inland lake sediment
cores, however, show a significant anthropogenic Hg
signal; the modern/preindustrial Hg flux ratios in eight
rural Minnesota lakes ranged from 3.0 to 6.7 (Engstrom
and Swain, 1997), and a similar range was found in the
Adirondack region of New York (Lorey and Driscoll,
1999). A study of Great Lakes sediment cores showed
significantly higher impact of human activity on Hg
loadings to the lakes, with increases in areal loadings of

~up to 336-fold over preindustrial values in Lake
Ontario. The increased loadings were attributed to more
local industrial sources and distinct sediment mixing and
integration processes (Pirrone et al, 1998). Although
some of the inland lake data indicate that Hg loadings in
the region peaked several decades ugo, there is no
indication that loadings have returned to preindustrial
values, and anthropogenic Hg releases in the United
States and other regions of the world are still significant
(United Nations Environment Programme—Chemicals,
2002).

There have been increasing efforts in the past decade
to develop more comprehensive Hg emissions inven-
tories. Accurate inventory data—including information
on parameters such as source location, stack height, and
Hg emissions amount and speciation—are important as
source terms for atmospheric transport and deposition
models (e.g., Bullock and Brehme, 2002, Seigneur et al.,
2003; Cohen ¢t al., 2004). Accurate inventories are also
necessary in the policy context, both in assisting in
regulatory and voluntary program decision making, and
in assessing progress In meeting broader policy goals,
such as the virtual elimination targets for persistent
toxic substances in the Great Lakes Water Quality
Agreement and the Canada—US Binational Toxics
Strategy (International Joint Commission, 1987; Envir-
onment Canada and US EPA, 1997).

Known historic Hg air emissions sources in the
United States have included coal-fired clectric utilities,
certain mining practices, product- or usc-related emis-
sions {c.g., through waste disposal and certain manu-
facturing industries), and other incidental or use-related
cmissions. This article presenls an overview and analysis
of Hg emissions in the Great Lakes states in 1999, based
on recently released inventories for the region. The
analysis addresses most of the major Hg-emitting
sectors; more detailed analysis of coul-fired electric
utilities in the regton will be presented in a separate
article (in preparation).

2. Materials and methods

Three inventories covering broad activity sectors and
including emissions data for Hg in the Great Lakes
states were considered in this assessment. Brief over-

views of the inventories and the approach used for data
acquisition follow.

2.1. National Emissions Inventory ( NEI)

The NEI is an effort by the US Environmental
Protection Agency (EPA) to establish 1 comprehensive
inventory for both criteria and hazardous air pollutants
{HAPs). Intended uses of NEI data include in the
National, Air Toxics Assessment, in residual risk
analysts, and in other atmospheric transport modeling
efforts (Pope et al., 2002; ERG, Inc., 2003a). The first
systematic national inventory for HAPs, including Hg,
was compiled in 1990, through what was then termed
the National Toxics Inventory (NTT), and a second NT1
inventory for HAPs was completed for 1996. EPA
released the Final Version 3.0 of the 1999 NEI in July
2003 (Pope et al., 2002; ERG, Inc., 2003a) .

The inventory for Hg and other HAPs is divided into
point, nonpoint (NPS), and mobile sources. Point
sources include major and area sources. Major sources,
as defined in the 1990 US Clean Air Act {CAA), are
those facilities that have the potential to emit = 10 tons
per year of one HAP or =25tons per year of any
combinatton of HAPs. Facilities whose annual emis-
sions are below these thresholds are considered area
sources. Data in the 1999 HAP inventory are derived
from a number of sources, including state, local, and
tribal agencies; industry; EPA data for regulated source
categories, through Maximum Achievable Control
Technology (MACT) standards; Toxics Release Inven-
tory (TRI); estimated nonpoint data for sources not
included in state, local, and tribal data: and 1996 NTI
data for sources not otherwise included. For 1999 data,
all Great Lakes states except Ohio had submitted point
source emissions data to the US EPA (Pope et al., 2002;
ERG, Inc., 2003a).

NPS emissions in the NEI consist of area sources with
smatler and/or more diffuse emissions. In part, the
definition refers to sources that the US EPA would
regulate under provisions other than sections 112 or 129
of the CAA (Pope et al., 2002). Estimates for area
sources are obtained using a ‘top-down' approach, in
which national-, regional-, and state-level emissions data
are used to estimate emissions at the local (county) level,
(Area sources where an individual emissions estimate
can be obtained, but where the total emisstons full below
the major category thresholds just mentioned, are
considered point sources and are included in the point
sourcc NEIL.} The hierarchy of data compilation
involved state, local, and tribal data, supplemented by
MACT NPS dala, supplemented by EPA data based on
emission factors and activity data. Though passed
through quality assurance/quality control measures,
differences in estimation approaches may lead to
different estimates for the same category, limiting
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between-state comparability. Among the Great Lakes
slates, four (Michigan, Minnesota, New York, and
Wisconsin) submitted initial or revised NPS data to
EPA (Pope et al., 2002; ERG, Inc., 2003b). For Ohio,
emissions data for 15 HAPs, not including Hg, were
submitted from the Regional Air Pollution Control
Agency covering $ix counties in the southern part of the
state (ERG, Inc., 2003a). In cases where no local, tribal,
or state data are submitted, the EPA develops emissions
estimates. Finally, no Hg emissions estimates were made
for mobile sources in any jurisdiction in the 1999 NEI.

The data analysis approach for the NEI data was as
follows. NEI point source and NPS state data files for
1999 (in MS Access format) for the eight Great Lakes
states (Illinois; Indiana, Michigan, Minnesota, New
York, Ohio, Pennsylvania, and Wisconsin} were down-
loaded from the NEI website following finalization in
summer 2003 (see US EPA, 2003b). Queries were
developed and applied to each database file to identify
only those facilities/units (point source data) or counties
(NPS data) with reported Hg releases, based on the NEI
pollutant codes for the nine forms of Hg contained in
the 1999 NEI. Speciated Hg emissions (i.e., elemental
gaseous Hg, gaseous divalent Hg—also known as
reactive gaseous Hg—and particulate divalent Hg) were
given onty for coal- and coke-fired electric utilities in the
1999 NEL ‘

The approach for placing individual facilities in
scctors was based on process characterization. Source
Classification Codes (SCCs) and MACT code identifica-
tions were obtained from the NEI Lookup database
available on the NEI website (US EPA, 2003b). SCCs
were available for all records and were used initially to
categorize afl facilities. For cases where the SCC was
nonspecific (e.g., 39999999, for miscellancous manufac-
turing industries), MACT codes, if present, were used to
assign facility categorization. Key Hg-emitting sectors
with MACT codes were stationary iniernal combustion
engines (ICEs) (0105%); industrial/commercial/institu-
tional (ICI) boilers (0107); stationary combustion
turbines (0108) (which were considered with stationary
ICEs in this analysis), integrated iron and steel
manufacturing (0305); iron foundries (0308}, steel
foundries (0309); lime manufacturing (0408); Portland
cement manufacturing (0410); taconite iron ore proces-
sing (0411); asphalt roofing and processing (0418),;
hazardous waste incineration (0801 {1-4)); municipal
landiills (0802); chlerine production (1403) (limited to
chlor-alkali plants in this analysis), medical waste
incineration (1801); municipal waste combustion
{(1802); and electric utility boilers (1808 (1-3)).

A very small fraction of facilities had SCCs and
MACT codes indicating two different sectors; these were
predominantly in the stationary ICE and the ICT boiler
categories (based on MACT codes). In these cases,
facitities were placed in these two categories based on

their respective MACT codes. For facilities with SCCs
indicating ICI boiler or ICEs but a different MACT
code (again, a small number of records, typically
manufacturing sources with lower Hg emissions rather
than any of the MACT categories just listed), the
facilities were maintained in the boiler or ICE cate-
gories. Facilities having neither a specific SCC (e.g.,
39999999 for miscellaneous sources) nor a MACT code
were left in the miscellaneous category.

2.2. Great Lakes Air Toxics Emissions Inventory
(GLEI)

The GLEI is a project of the eight Great Lakes states
and Ontario to compile point, area, and mobile source
emissions for toxic chemicals of concern in the region. A
steering committee made up of representatives from
each state and Ontario used a software tool and a
standardized protocol to develop emissions estimates for
each chemical. Emissions sources are organized by
Standard Industry Classification (SIC) codes, SCCs,
and Area and Mobile Source (AMS) codes. The most
recent inventory, for 1999, consists of 213 HAPs,
including Hg, and estimates for point, area, and mobile
sources (GLC, 2003).

Although a standard protocol is in place, reporting
restrictions and/or unavailability of data can lead to
incomplete coverage of sources in each state. In
addition, choice of emission factors for a specific source
is made by individual.state representatives based on
information on the source (including control technolo-
gies in place) (0. Cabrera-Rivera, Wisconsin Depart-
ment of Natura! Resources, personal communication).
For this analysis, Hg emissions data (aggregated by SIC
codes and SCCs) for the Great Lakes states were
obtained directly from the authors, because sector-
specific Hg data were not yet available via the Internet
(O. Cabrera-Rivera, personal communication). Because
of the paucity of measured. emission factor data for
mobile sources (GLC, 2003), Hg emissions estimates for
mobile sources were not considered in this analysis,
although estimates were made in the 1999 GLEL

2.3. Toxics Release Inventory

The TRI was established under the US Emergency
Planning and Community Right-to-Know Act of 1986,
with the first reporting year in 1987. The requirement
originally applied to industrial facilities falling in SIC
codes 20-39; having =10 employees; and meeting a
threshold requirement-—either manufacturing or proces-
sing a chemical in excess of 25,000 1b/year, or otherwise
using a chemical in excess of 10,0001b/year (US EPA,
2001a). Reporting requirements have since been ex-
tended to other facilities, including federal facilities in
1994 and electric utilities, coal and metal mining
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operations (with several exceptions), and other sectors
for the 1998 reporting vear. In 1999, EPA lowered
reporting thresholds for Hg and other persistent,
bioaccumulative toxic chemicals, applicable to the
2000 reporting year. The new requirement stipulated
that any facility that manufactures, processes, or
otherwise uses > 10]b of Hg or Hg compounds would
be required to report (US EPA, 2001b).

The process involves industry submittal to EPA and
state or tribal governments of themical data (including
amount and locations of chemicals stored on-site and
estimated release amounts, with no requirement for
measured values), compilation by EPA, and publication
of annual inventories. Dala reported include releases to
air, discharges to water, land disposal, underwater
injection, and on-site and off-site transfer (US EPA,
2001a). For this study, TRI air emissions data for Hg
and Hg compounds on a state level for the Great Lakes
states were downicaded via TRI Explorer {(US EPA,
2003c) and processed in MS Excel. Because the lower
reporting threshold did not take effect until the 2000
reporting year {and the large majority of Hg-emitting
facilities did not meet the previous threshold require-
ments for Hg), this analysis focused on TRI data from
the 2000 reporting vyear. (Although TRI data are
incorporated into the NEl—unless overridden by other
data—the two databases represent two different data
collection efforts.) Because ‘of the relatively small
number of facilities reporting to TRI cven with the
lower threshold, Hg emission comparisons are made
only for clectric utilities and state tolals,

2.4 Additional database for coal-fired utility hg
emissions

This analysis also relied upon the 1999 Information
Collection Request (ICR) for coal-fired electric utility
steam-generating units, an effort to gather information
on Hg emissions [rom the units in support of the US
EPA regulatory determination for these units (US EPA,
2003d). Information derived from this effort included
utility plant configurations and pollution control de-
vices, coal Hg content, and estimated Hg emissions for
all units in the United States. This has been the only
systematic effort thus far to estimate, on the basis of
meuasurements, Hg emisstons from coal-fired utility units
in the United States; data from this effort were
incorporated directly into the 1999 NEI. For this study,
plant and state totals for fucilities in the Great Lakes
states were obtained via the EPA Air Toxics website
from the plant-by-plant mercury emission estimates file
{US EPA, 2003d).

Because of its breadth of coverage, the US EPA NEI
was the inventory examined in greatest detail in this
assessment. In addition, more detailed comparisons
between inventories were examined for several major

sectors, and independent estimates of emissions were
considered for two sectors.

3. Results

A compilation of Hg emissions estimates for the eight
Great Lakes states from the US EPA NEI is given in
Table I. The data are presented in the format (i.e., point,
nonpoint) used in the NEI database. A slightly different
breakdown showing sector percentages for the Great
Lakes states is shown in Fig. 1. Coal-fired electric
utilities were responsible for 52.7% of the Hg emissions
in the region in 1999, ranging in individual states from
20.2% in New York to 67.5% of the total in Ohio. This
breakdown is quite different from 2000 estimates for
Ontario, where the total fuel combustion sector was
responsible for on the order of 20% of total Hg releases
of 3028 kg (Trip et al., 2004; also see discussion in
Hagreen and Lourie, 2004). The overall Hg emissions
picture for the Great Lakes states evolved from earlier in
the decade, at which point several other nonutility
sectors were more prominent. The remainder of this
section presents more detailed discussion of Hg emis-
sions characteristics of several major sectors.

3.1, Electricity generation

Mercury exists naturally in coal and is released upon
combustion. Electric utilities accounted for 85.6% of
total coal consumption in the United States in 1999 (US
DOE, 1999). Variables that influence the amount of Hg

" released from coal combustion include the coal rank and

concentrations of other constituents (in particular
chlorine), combustion conditions in the boiler, flue gas
temperature and composition, fly ash properties, and
pollutant controls after combustion (Kilgroe et al.,
2002). Pollution control devices for other pollutants
(i.e, sulfur dioxide, nitrogen oxides, or particulate
matter, PM) can have an impact on Hg emissions from
coal-fired units, although apart from fabric filters (for
PM control), they are not generally effective at
controlling elemental Hg (Kilgroe et al., 2002).

Total Hg emissions from coal-fired electric utilities in
the eight Great Lakes states are given in Table 2 for four
nventorics. Although coal-lired utility boiler emissions
data in the NE1 were derived directly from the EPA ICR
effort, Table 2 shows minor differences between the NEI
and ICR databases for the eight states. More substantial
differences in electric utility Hg emissions are scen in
comparing 1999 ICR or NE] data to TRI data for 2000.
These include ~30% and ~12% lower reported
emussions i Illinois and Pennsylvania, respectively,
and ~18% higher reported emissions in Minnesota
and Ohio, compared with NEI data. Although the
higher 2000 estimates for some states may be due to a
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Tahle 1 .
Mercury emissions {lb) for Great Lakes States [rom US EPA NEI, 1999

Sectors Ilinois Indiana  Michigan Minnesota New York  Ohio Pennsylvania  Wisconsin  Regional total
Point sources
Electricity gencration

Electric utilities—coal 6016 4885 3094 1265 1028 7117 9961 2263 35,618

Other electricity generation 26 29 29 3 605 10 710 46 1458
ICT boilers

Coal® 149 189 133 47 86 165 294 122 1187

Other 152 57 9% 33 3 25 115 66 549
Stationary [CEs® 552 1344 195 39 138 0 118 0 2387
Chlor-alkali plants — — — — 1653 — 1082 2735
Cement manufacturing 1216 298 67 NA 40 38 58 9 1725
Lime manufacturing 1947 NA NA NA NA NA 42 13 . 2002
Petrofeum refining 151 3 NA NA NA 189 318 4 692
Primary metal produciion NA NA 60 635 NA NA 329 NA 1024
Secondary metal production 68 344 258 97 NA 0 NA 60 | 828
Incincration® 695 641 . 902 1413 1270 593 2289 mn 8173
Other point sources® 1453 774 24 495 625 417 962 1091 5841
Nonpoint sources
ICI boilers 8 32 52 14 132 90 72 34 464
Residential builers 13 26 48 68 505 60 378 64 1161
Lamyp breakage 82 30 69 27 463 62 49 29 811
Dental preparation and use 6i 42 53 48 74 46 44 42 410
Laboratories 80 39 65 32 118 74 79 35 522
Other nonpoint sources 8 3 10 9 13 8 10 4 64
Total point seurces 12,424 8592 4861 4029 3795 10,206 15,196 5127 64,229
Total nonpoint sources 282 172 297 197 1305 340 632 208 3433
Overall total 12,705 8764 5158 4226 5100 10,547 15,828 5335 67,662

Source: Data drawn from US EPA, 1999 NEI database {US EPA, 2003b), based on source categories (see text for details), with point/nonpoint

source breakdown retained from EPA inventory.

NA, No dala available in the database. Zero values indicate value <0.5b. Totals may not add exactly because of independent rounding.

*Inchudes only facilities with utility MACT code.

*Iacludes only facilities with SCCs indicating coal-fired boilers.
“Includes stationary combustion turbines.

4 Detailed breakdown is presented in Table 4.

® As noted in text, may include facilities that could be considered to tall within specific categories above, but for which specific SCCs or MACT

codes were lacking.

combination of increased reported emissions at indivi-
dual units and TRI coverage of additicnal facilities not
in the ICR database, the reasons for lower 2000
estimates for Uinois (in particular) and Pennsylvania
are not clear.

Utility Hg emissions as reported through the GLEI
varied quite considerably from those reported through
the utility ICR, as shown in Table 2. For New York and
Ohio, no utility Hg emissions estimates were obtained
(on an SCC basis), and for Pennsylvania, utility Hg
emissions were only 28.1% of the ICR totals (34.1%
when based on SIC codes). Although agreement was
better for four other states, the estimated utility Hg
emissions total for Ilinois was nearly double (S8CC
basis) the ICR total. Although some states have more
limited ability to collect air toxics emissions data (GLC,
2003), the reasons for the considerable discrepancies in
states where data are available are not clear.

3.2, Industrial, commercial, and institutional boilers

ICI boilers involve controiled flame combustion and
provide thermal energy to run processes or machinery or
to produce electricity. Process heaters are units in which
combustion gases do not come into direct contact with
process gases in the combustion chamber. These boilers
and process heaters are used in a variety of ICI settings,
including oil and gas extraction and petroleum refining,
chemicals manufacturing, primary metals industries,
national security operations, health services institutions,
and educational institutions. These boilers can use coal,
oil, natural gas, or other fuels as energy sources (US
EPA, 2003¢). Mercury is a trace constituent in the fuels
(typically as mercuric sulfide in coal and as elemental Hg
in fuel oil and natural gas) and can be released upon
combustion. On the basis of an analysis of the emissions
inventory database used in development of the MACT
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Table 2

Coal-fired electric utility Hg emissions {Ib) for Great Lakes states from four inventories, 1999

Inventory Miinois  Indiana  Michigan Minnesota New York  Ohic  Pennsylvania  Wisconsin
National Emissions Inventory” 6016 4885 3094 1265 1028 17 9961 2263
Electric utility information collection request® 5989 4884 3083 1265 1027 7109 9959 2264
Toxics Release Inventory (2000)° 4169 5736 3010 1497 1175 8392 8730 2114
GLEI (5CC)! 11,868 4383 2612 1452 NA NA 2800 2284
GLE! (SIC)® 12006 4395 2662 1531 106 NA 3400 2577
2000 TR1 % difference from ICR -30.4 17.4 -2.3 18.4 14.4 18.0 ~11.8 -6.6

“Data drawn from US EPA, 1999 NE! database (UJS EPA, 2003b), as described in tex(.
P From US EPA Air Toxics website (US EPA, 2001d), plant-by-plant mercury emission estimates: htip:;/waw. epa.goevittn/atw/combust/utiltoy/

stastate. pdf file.

CYear 2000 data, for Standard Industrial Classification (SIC) codes 4311, 4931, 4939, from US EPA TRI Explorer (US EPA, 2003c).
1999 Great Lakes Air Toxics Emissions Inventory, calegorization hdsed on SCC (data derived from spreadsheet provided by O. Cabrera-Rivera,

personal communication).

“Same as note d, for categorization based on SIC codes 4911, 4931, Note that SIC codes 491 I, 4931, 4939 are not exclusively for coal-fired
electricity generation, but it is assumed that most Hg emissions are associated with coal-fired wnits.

standard for [CI boilers by the US EPA, ~42% of the
inventorted ICI boilers und process heaters in the United
States in the late 1990s were in the Great Lakes states
(US EPA, 2003f).

Table 3 indicates Hg emissions estimates from ICI
boilers in the Great Lakes states based on the NEI and
GLEIL Data for the NEI show that for every state but
New York, coal-fired ICI boilers were the largest
subcategory of Hg emissions in the NEI database. The
data also show that emissions from oil-fired beilers and
boilers burning gas or other fucls were also relatively

substantial in most states (as categorized in this
assessment, the “other” category may include boilers
burning a mix of coal and other fuels). Data from the
GLEI show agreement within a factor of 2 for ICI Hg
totals with data from the NEI database for four of the
five Great Lakes states with available data. However,
coal-fired emissions for 1llinois boilers from the GLEI
were eight times higher than the estimate derived from
the NEI database.

The third set of data in Table 3
estimates for [ICI boilers based

indicate Hg emissions
on statewide fuel
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Table 3 '
ICI boiler Hg emissions (Ib) for Great Lakes states from two inventories and fuel consumption approach, 1999

Inventory/sector Ilinois Indiana Michigan Minnesota New York OChio Pennsylvania Wisconsin Regional total
NETI*

Coal 160 194 134 48 98 169 301 129 1232

Oil 58 35 65 14 116 87 132 27 533

Gas and other 121 49 84 33 7 25 48 67 434
Total 339 278 283 94 222 280 481 123 2199
GLEIP

Coat 1279 89 33 43 NA NA NA 220 1764

oil 34 9 14 2 NA NA NA R 66

Gas and other 83 42 57 33 NA NA NA 151 368
Total 1396 140 205 78 NA NA NA 379 2198
Estimate based on statewide fuel consumption :

Coal* 449 540} 264 205 203 453 496 212 2822

oi® 17 23 17 31 645 80 109 66 987
Total 406 563 281 236 849 533 604 278 3809

Overall totals may nol add exactly due Lo independent rounding.

“Data drawn from US EPA NEI database (US EPA, 2003b), as described in text. Space heaters and boilers with SCCs not specifically indicating
coal or oil (i.e., 10200ixy-102005xy for industrial, and 103001xy and 103002xy for commercialfinstitutional) are included in gas und other category.

® 1999 Great Lakes Air Toxics Emissions Inventory data. Same category breakdown as for NEI (data derived from spreadsheet provided by O.
Cabrera-Rivera, personal communication).

©Stalewide coal consumption data for ncnutility industriat plants are from DOE (1999) (Table 71, with estimate for New York based on 1998 and
1999 data for three states in that census region); emission factor of 5,431b per trillion BTUs from ERG, Inc. (2002) {Appendix A); heat content of
coal from DOE (1999) (Table 107). Mercury emissions calculated as product of coal consumption data {(converted to BTU basis from heat content
data) and emission factors.

dStatewide oil sales data for industrial and commercial sectors are from DOE {2000), with adjusted distillate and residual fuel oil data [rom Tables
16, 17, respectively; average heating values for distillate and residual oils of 136,725 and 152,400 BTUs/gal, respectively, derived from US EPA
{1997b) {Table 6-10, averaging No. 1, No. 2 fuel oil values (distillate) and No. 6 (residual) for central and eastern regions for each fuel); Hg emissions
factors of 0.00887 and 8.801b per trillion BTUs, respectively, from ERG, Inc. (2002, Appendix A). Mercury emissions for distillate and residual fuels
calculated as product of 0il consumption data (converted to BTU basis from heat content data) and emission factors. Totals for both fuels are showa

in table.

consumption data and emissions factors (derived for the
US EPA MACT standard development process) for coal
and fuel oil (see footnotes ¢ and d in Table 3). In
deriving these estimates, it was assumed that all such
fuel in each category was consumed at ICI boilers in
each state. For coal boilers, data from the fuel
consumption approach are uniformly higher than NEI
estimates for each state (ranging from 1.6- to 4.3-fold
higher than the NEI estimates, for Pennsylvania and
Minnesota, respectively), and higher for two of the five
states with available data in the GLEI; the total regional
emissions in the fuel consumption approach are 2.3-fold
higher than the total estimate for all eight states in the
more complete NEI. For oil-fired boilers, there are even
greater discrepancies, with the fuel consumption esti-
mate/finventory estimate ratio ranging from 0.3 (Illinois
in the NEI) to 14.7 (Minnesota in the GLElD), and the
fuel consumption approach overall leading to a nearly 2-
fold higher estimate than the NEI for the eight states
combined. Relative to other states, it is likely that the
NEI estimate for New York oil-fired boiler emissions in
particular is low; whereas the state’s oil-fired ICT boiler
Hg emissions in the NEI amounted to 22% of regional
emissions for the sector in 1999, the state accounted for

=65% of industrial and commercial sector residual oil
sales in the eight states (US DOE, 2000).

Discrepancies in Hg emissions estimates for the three
approaches could be due to a number of variables
(including different coverage in number of boilers
between each database), but one important issue is
choice of emission factors. For coal combustion, the
latest version of the US EPA Factor Information
Retrieval Data System (FIRE 6.23) has Hg emission
factors for bituminous/subbituminous-fired ICI boilers
of 16 and 3.21b per trillion BTUs of heat input, for
uncontrolled and controlled emissions, respectively
{US EPA, 2003g; the latter converted based on average
heating values in US EPA, 1997b). The average value
derived by the US EPA in the ICI boiler MACT
database (used as well in the fuel consumption approach
presented in Table 3), which takes into account
that some facilities have pollution control equip-
ment installed, is 5.431b per trillion BTUs {(ERG, Inc.,
2002). This value is in the range of median values
derived from the utility ICR for bituminous and
subbituminous coals (7.1 and 5.01b Hg per trillion
BTUs, respectively) (Kilgroe et al., 2002), If emission
factors similar to the lower value from the FIRE
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database (3.21b per trilion BTUs) were used in
development of the NEI and GLEI on a considerable
number of coal-fired 1CI boilers in the region, this could
partly explain the lower estimated Hg emissions in the
inventories compared with the fuel consumption ap-
proach.

For petroleum products, the uncertainties surround-
ing emission factors are even higher than for coal. A US
EPA compilation of estimated Hg concentrations in
crude oils from various regions of the world gave mean
values ranging from 0.1 to 1505 parts per billion (ppb),
and mean Hg concentrations for gas condensates
ranging from 15 to 3964 ppb (US EPA, 200ic). A
review of petroleum-related Hg emissions indicated
mean Hg levels in distillate and residual fuel oils ranging
from 4 to 400 ppb (Wilhelm, 2001).

These wide-ranging values have been mirrored in US
EPA emission factors derived over the past decade.
Whereas a value of 7.01b Hg per trillion BTUs for
residual and distillate fuel oil was used to estimate
cominercial and residential boitler Hg emissions in the
US EPA Mercury Study Report to Congress, an
emission factor of 0.61b Hg per tnllion BTUs was
derived from meuasurements on utility residual fuel oil
(US EPA, 2001¢). The latest version of the US EPA
FIRE emission factor database has a distillate oil Hg
emissiont factor (uncontrolled) of 3.01b per trillion
BTUs of heat input, or intermediate between the two
values above, while no value was available for residual
fuel oils (US EPA, 2003g). As part of its ICI boiler
MACT standard development, the US EPA derived
emussion factors for residual and distillate-fired boilers
of 8.8 and 0.00887h Hg per trillion BTUS, respectively
(ERG, Inc., 2002). The distillate factor is nearly 340
tlimes lower than the distillate oil Hg emission factor in
the FIRE database, whereas the residual factor is at the
high end of published emission factors. These latter two
factors were used to obtain the emissions estimates in
the fuel consumption approach given in the last section
of Table 3, and (given the emission factor differences)
most of the Hg emissions were associaied with residual
oil. Assuming that the emissions factors from the I1CI
boiler MACT standard development are in fact more
appropriate for the Great Lakes boiler population, the
net effect (of a lower distillate factor but a high residual
cil factor) may indicate underestimated total oil-fired
ICI boiler Hg emissions in the NEI and GLEI
inventories.

However, there is a crucial need to obtain more
accurate data on Hg emissions from a wider variety of
petroleum sources. A recent article reporting analyses of
standard reference materials using a  closed-system
combustion technique with cold-vapor inductively
coupled plasma mass spectrometry analysis noted the
importance of low blanks in analyzing Hg concentra-
tions at the low end of the scale in petroleum products.

These authors found a substantially higher Hg level in
restdual fuel (3460 pg/g) than distillate fuel, but this
valuc was stll at the low end of other published
data (Kelly et al, 2003). Converting to a heat
content basis (following the approach of US EPA
(2001c), such an Hg concentration would correspond to
an emission factor of ~0.21b Hg per trillion BTUs,
or over an order of magnitude lower than most emission
factors most recently used by the US EPA. If this
finding is more typical for residual oils, and if a typical
distillate cil emission factor is indeed much lower than
for residual oils—as found in ERG Inc. (2002)—Hg
emissions associated with ICE oil-fired boilers in the
Great Lakes region would be substuntially less than
indicated in the last row of Table 3 (assuming complete
coverage of all such boilers). Such an assessment
would obviously have to be confirmed with Hg
concentration data on residual and distillate fuel oil
known to be burned in a representative fraction of these
boilers.

Finally, although the statewide [uel consumption
approach yielded higher estimated total Hg emissions
from ICI boilers than the two inventories examined,
the regional estimate based on fuel consumption is
still lower than what would be expected based on
findings from the MACT regulatory development
process (indicating ~26,0001b for all fuels for the
entire United States, with no Hg emissions from
natural gas—-fired boilers reported) (ERG, Inc., 2002).
This is puarucularly puzzling given that the MACT
regulatory development process reported a considerable
number of ICI boilers in the Great Lakes region;
for example, unalysis of the inventory indicated that,
on a boiler-per-segment basts (taking into account
different fuels burned, but not beiler capacity), > 55%
of the coal-fired boilers were in the Great Lakes states
(US EPA, 2003). {Though not published in the
literature, un assessment of regional boiler emissions in
this database has been reported; Delta Institute, 2002.)
The reasons for the lower than expected regional Hg
emissions (or conversely the higher than expected
national emissions from ICT boilers, considering that
the fuel consumption approach yielded regional esti-
mates within a factor of 2 of the NEI inventory estimate)
are not clear. Issues to investigate would include
emission factors, boiler population, cupacity, and
operational data.

An additional oil-related source of Hg emissions is
petroleum refining. As shown in Table 1, estimated
cmissions varied considerably among the states, with no
data available for Michigan, Minnesota, and New York,
and highest emissions in Pennsylvania (3181b). Much
better information on the Hg content of crude oil, as
well as ensuring complete coverage of all refining
facilities, is necessary to better quantify Hg emissions
from the scctor.
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3.3. Stationary ICEs and combustion turbines

Stationary ICEs range in size from 1 horsepower to
> 10,000 horsepower, and serve to generate mechanical
or electrical power at fixed sites (US EPA, 2003h).
Mercury can be present at trace levels in the fuels (e.g.,
gasoline, diesel oil, natural gas) and released upon
combustion. Combustion turbines work similarly, by
burning fuels (typically natural gas), and produce
electricity, heat, or shaft power. Combustion turbines
are used- by the electric power industry, independent
power producers, the gas pipeline industry, and chemi-
cal and industrial plants, with sizes ranging from 1 to
~200MW (US EPA, 2003i). For purposes of this
analysis, the two sectors were considered together.

Table | indicates that Hg emissions from stationary
ICEs and combustion turbines ranged substantially,
from <0.05!b in Ohio to 13441b in Indiana, and the
total for the ecight states accounted for 3.5% of the
region’s Hg emissions. There was an equally wide range
in the number of emissions records, from 8 in Ohio to
905 in Dllinois. However, inspection of SIC, emission
unit, and process codes indicated that 61.6% of the
emissions for the sector in all states were attributable to
health care facilities, mostly from emissions at facilities
in Indiana (13331b) and Pennsylvania (1181b), Con-
sidering the importance of these emissions, two possible
explanations for these results are (1) mistaken placement
of the facilites in the stationary ICE category rather
than the MACT and SCC medical waste incineration
category, or (2) if categorized appropriately as ICEs,
erroneously high Hg emissions estimates. This is an issue
that is easily resolved, and because of the magnitude of
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the emissions ecstimates and the likelihood of signifi-
cantly differing Hg control requirements for ICEs as
compared with existing requirements for medical waste
incinerators (MWIs), it is obviously important for these
facilities to be properly categorized. If these facilities
were indeed misclassified, the stationary ICE Hg
emissions would drop to 9171b in 1999, or 1.4% of
the regional total.

3.4. Waste incineration

In the mid-1990s, waste incineration accounted for
34% of the 158 tons of anthropogenic Hg emissions in
the United States, according to the US EPA (1997a).
Estimation of incinerator emissions in 1999 is particu-
larly challenging, because it was a period of finalization
and/or state implementation of federal emissions stan-
dards for municipal waste combustors (MWCs), MWIs,
and hazardous waste incinerators (HWIs) (e.g., US
EPA, 2000). Given this caveat, estimates for the Great
Lakes states in 1999, derived from the NEI inventory,
indicate that Hg emissions from incineration were
almost certainly down from the mid-1990s, but were
still appreciable, at 81741b, or 12.1% of the regional
emissions total (see Table 4 and Fig. 1}. MWCs were
most prominent, at 5.6% of the regional total, followed
by HWIs (4.0% of the total).

Table 4 also shows the significant variation in
incinerator Hg emissions among states for a given
sector. For example, Hg emissions from MWCs in the
NEI ranged from none in Ohio to just over 10001b in
Minnesota, New York, and Pennsylvania. Emissions
from commercial and industrial selid-waste incinerators

Table 4

Mercury incinerator emissions (Ib) for Great Lakes states from two inventories

Sectors [incis  Indiana  Michigan Minnesota New York Ohio  Penosylvania  Wisconsin ~ Total
NE[*

Municipal waste combustion .28 24 536 1001 1047 NA 1002 132 3776
Medical waste incineration 51 244 50 2 38 17 283 36 721
Sewage sludge incineration NA NA NA s 3 81 14 NA 476
Hazardous waste incineration 128 372 316 32 182 494 990 194 2709
Commercial and industrial inclusive. 488 1 0 NA NA NA NA 8 496
Total 695 641 902 1413 1270 593 2289 3N 8174
GLE®

Municipal waste combustion 28 128 1295 329 316 NA 400 188 2684
Medical waste incineration 47 921 50 0 242 NA NA NA 1260
Sewuge sludge incineration 4] 118 162 405 3 NA NA NA 687
Hazardous waste incineration NA NA NA NA NA NA NA NA NA
Commercial/instit.jindust. 702 657 0 NA 348 NA NA NA 1707
Total 777 1824 1507 733 90y NA 400 188 6338

NA, Data not available in databases. Zero values indicated reported values <0.51b. Totals may not add exactly because of independent rounding.
“Data drawn from US EPA NEI database (US EPA, 2003b), as described in text.
® 1999 Greal Lakes Air Toxics Emissions Inventory, calegorization based on SCC (data derived from spreadsheet provided by O. Cabrera-Rivera,

personal communication).
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(CISWIs) were even more disparate; Illinois had 223
emissions records with a total of 488 b Hg emissions,
compared with a total of six records and 8.61b Hg for
the other states combined. The dilferences may be due
to a combination of differential category assignment, as
well as potentially to more comprehensive reporting in
[linois. Comparison of Hg emissions estimates from
incinerators in the NEI database to those in the GLEI
show good agreement in some cases and others that vary
considerably. State totals generally were within a factor
of 2, for the five states with more complete GLEI data.

Some inconsistencies tn reporting codes were also
identified in the incineration sectors in the NEL As
noted previously in the discussion on stationary ICE
emissions, 14701b of Hg emissions that may have been
associated with MWIs were categorized as stationary
ICE sources on the basis of MACT codes andjor SCCs.
In addition, two heaith care facilities {one each in
linois and Indiana, with emissions of 192 and 6601b,
respectively) were categorized in this analysis in the
“other point source” catlegory, because there were
neither MACT codes nor SCCs for medical waste
incineration. Including all of these facilities (amounting
to 61 emission records) with questionable assignments in
the medical waste category would increase the regional
MWI Hg emissions contribution from 1.1% to 4.5%
(ic.. to 30441b). In addition, the second largest
incineration source of Hg emissions in Michigan—the
Detroit Water and Sewerage District plant at 162 1b—
had a MACT code placing it in the HWI category,
rather than the sewage sludge category.

As a result of continuing implementation of incin-
erator regulations and closures of some facilities, it is
probable that Hg emisstons from the MWC, MWI,
HWI, and CISWI sectors have decreased-—possibly

291

substantially in some cases—from the 1999 estimates

shown in Table 4. But in light of the discussions above,

substantial reductions would presumably not be ex-

pected at the facilities with conflicting classifications, if

those in question have indeed been improperly classified

as ICE rather than medical waste incineration units,
given that MACT standards for ICE and combustion

turbine units were just being finalized m 2003-2004 (US

EPA, 2003h,1).

3.5, Manufacturing industries

As shown in. Table 1 and Fig. |, certain manufactur-
ing processes can be significant sources of Hg emissions,
but there arc significant variations among states.
Mercury-cell chlor-atkali plants are one of the largest
Hg-consuming sectors in the Uniled States, and there
has been concern for some time about accounting for
Hg use and releases at such plants, because of the
considerable discrepancies between consumption data
and reported release data (e.g., Ayres, 1997). The US
Chlorine Institute, in partnership with the US EPA,
developed a voluntary goal of reducing Hg use by 50%
in the mercury-cell chlor-alkali sector by 2005, com-
pared with a 1990-1995 baseline {Chlorine Institute,
Inc., 2003). Annual Hg air emissions (as reported to the
TRI (US EPA, 2003c) for the two mercury-cell chlor-
alkali plants in the Great Lakes region, as well as the Hg
use trend in the secter, are shown in Fig. 2 {Chlorine
Institute, Inc., 2003). The data show the substantial
decline in Hg consumption in the sector nalionwide
(86%) that has occurred since 1990; this decrease has
been due in part to technology improvements in the cell
room and plant closures (capacity was down 26% in
that period) (Chlorine Institute, Inc., 2003). However,
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Fig. 2. Mercury emissions from chloe-alkali plants in Ohio and Wisconsin (TRI data; available through 2001), and Hg use in the US mercury-cell

chlor-alkali industry (from Chlorine Institute. 2003)
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despite the impressive reductions sectorwide in Hg
consumption {which is presumably occurring to some
extent at all plants), reported Hg air emissions have not
changed as substantially at the two Great Lakes plants;
when comparing the 4 years for which data are available
at both plants, 2000-2001 average emisstons were 15.8%
and 3.6% lower compared with 1995-1996 average
emissions, at the Ohio and Wisconsin plants, respec-
tively.

Even with the reductions, at 30 tons/year, mercury-
cell chlor-alkali plants remain one of the largest Hg-
consuming sectors in the United States (Johnson, 2001).
The US EPA recently finalized an Hg MACT standard
for mercury-cell chlor-alkali plants that prohibits Hg
emissions from new or reconstructed facilities, and
establishes emissions limits for existing facilities (US
EPA, 2003)). Although the US EPA anticipates con-
tinued Hg reductions from the affected facilities, the
agency notes that a complete understanding of Hg mass
balance in these plants—including the fate of most of
the Hg consumed—remains to be achieved (US EPA,
20033).

Another potential manufacturing source of Hg
emissions is cement production. The United States was
the world’s third largest cement manufacturer in 1999
{van Oss, 1999). Mercury can be present in both the raw
materials used and in the fossil fuels firing cement kilns,
and emissions can occur during preheating of raw
materials and thermal treatment in the kiln (US EPA,
1997b). (Hazardous waste-burning cement kilns are
grouped under the hazardous waste category.) Esti-
mated Hg emissions from cement manufacturing in the
1999 NEI database are given in Table |. The data
indicate that Illinois was responsible for the large
majority (70.3%) of the region’s Hg emisstons for the
sector. However, US Geological Survey (USGS) cement
production data for the year indicate that Pennsylvania
was the region’s top producer {6690 thousand metric
tons), followed by Michigan (5813), New York and
Maine (data reported together, 3285), and then Hlinois
(2939 thousand metric tons) (van Oss, 1999). Cement
production Hg emissions in the GLET were substantially
different from NEI values, with Indiana the top state at
3081b and Ilinois fifth in the region at 36.51b. Reasons
for the differences are again not clear, but probably
involve a combination of differences in number of
emission records, capacity and operational information,
and emission factors.

Two additional manufacturing sources of Hg emis-
sions are lime manufacturing and asphalt production.
At 1947 1b (97% of regional emissions), Illinois had the
highest NEI Hg emissions associated with lime manu-
facturing for the region. Whereas the GLEI also listed
Hlinois as the largest source of lime manufacturing
emissions, the value was 194.71b, or exactly 10.0% of
the NEI total. USGS lime production data for 1999

indicate that the top-producing states in the Great Lakes
region were Ohio and Pennsylvania (1870 and 1390
thousand metric tons, respectively), whereas llinois,
Indiana, and Missouri together {data were not available
separately) produced a combined 3930 thousand metric
tons (Miller, 1999). Mercury emissions from asphalt
production (not shown) also differed significantly
among the states, with Illinois accounting for 98.6%
of the regional total of 11171b Hg emissions. The
reasons for the disparate emissions in these manufactur-
ing sectors are not clear, but possible explanations
would include a disproportionate reliance on coal or
coke in the firing process at facilities in Hlinois, fewer Hg
co-benefits in control devices in the state, overestimation
of Illinois emissions (e.g., through use of higher emission
factors), underreporting and/or underestimation of
emissions in certain other states, or some combination
of these variables.

3.6. Primary and secondary metal production

Primary and secondary production of certain metals
can be important sources of Hg releases to the
environment. One such sector is taconite (iron ore)
mining and processing, in which taconite is mined and
processed into iron oxide pellets for use mainly in steel
production. In 1999, nearly all US crude iron ore
production was concentrated at 10 operations in regions
in two Great Lakes states: the Mesabi Iron Range in
northeastern Minnesota and the Marquette Iron Range
in the Upper Peninsula of Michigan (Kirk, 1999). This
sector was the primary metal manufacturing sector with
the highest Hg emissions in the Great Lakes region in
1999, with 471 1b of emissions in Minnesota according to
the WEL This was considerably lower than the value of
7581b estimated by the Minnesota Pollution Centrol
Agency (MPCA) for the state in 2000 (MPCA, 2002).
However, four records in the NET database with
nonspecific SCCs (39999999) and no MACT code were
in fact taconite processing facilities (with iron ore SIC
codes), and including them leads to a total of 8301ib,
much closer to the MPCA estimate for 2000. The two
other US taconite processing plants are in Michigan (US
EPA, 2002a). However, whereas the 1993 NEI had gas/
oil-fired boiler emission records for these plants (with
low Hg emissions), no other records for the facilities
were identified.

Iron and steel manufacturing represent additional
sectors of potential Hg emissions. US steet production
can be divided into integrated mills and nonintegrated,
or secondary, steel mills. Integrated producers use blast
furnaces to smelt iron ore, which is then typically
processed in basic oxygen furnaces to produce liquid
steel. Secondary production involves ‘minimills” and
specialty mills, which use electric arc furnaces (EAFs) to
melt lower cost (mostly scrap) metal, which is then
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processed into products such as stainless, alloy-electri-
cal, and tool steel (Fenton, [999). (Though less
commonly used in the industry now, due to increasing
plant size in some cases, the term ‘minimill’ is
retained here.) The major source of scrap metal entering
US EAF mills is the ferrous fraction of scrapped
automobiles. Because of the use of Hg in certain auto
components (in particular lighting swilches and antilock
braking systems) and the large number of autos
retired every year, potential mercury cimissions from
EAF steel production are substantial (Fenton, 2002;
Maine DEP, 2003). EAF mills accounted for 46% (or
45.1 million metric tons) of US stecl production in 1999
{Fenton, 1999).

Reported Hg emussions from iron and steel manu-
facturing facilities in the Great Lakes stales for the NEI
and GLEI inventories (data not shown) ranged from 0
and 31b in Wisconsin to 340 and 3361b in Indiana,
respectively (no data were available for New York and
Ohio). Gray-iron foundries were responsible for 60.6%
ol total reported iron- and steel-related emissions in the
NEI for the region (10991b), not counting taconite
production (considered previously). However, missing
from the two inventories are most of the EAFs in the
region. For example, in 1999 there were 92 EAFs in the
Great Lakes states (Anonymous, 2000); however, there
were records in the NEI for only 13 EAFs, in place at
either integrated iron and steel producers or iron
foundries in the region, Though limited, data indicate
that EAF minimills that process scrap autos can be
tmportant sources of Hg emissions; for example, annual
emissions at a single Ohio facility were estimated at
6601b (Sastry et al, 2002). (Though not in the peer-
reviewed literature, this issue is addressed in detail in
Ecology Center, 2001).

The reason for the discrepancy in coverage is that the
US EPA delisted EAF operations at stainless and
nonstainless stcel manufacturing facilities from the
MACT source list in 1996, reasoning that the facilities
werc not major sources of emissions (as defined in the
Methods section} under the US CAA (US EPA, 1996).
In addition, many iron and steel loundrics are not major
sources (US EPA, 2003k), and it appears that the
majority of smaller plants are escaping notice in the
inventories. In terms of US steel production, mills using
the EAF technique are expected to account for > 50%
of production by 2010 (Crompton, 2001). Although U8
auto manufacturers had phased out Hg use in con-
venience lighting switches by the start of 2003 (Maine
DEP, 2003), the large number of vehicles with such
switches either retired or slated for retirement in the
coming decade indicates a lurge pool of product Hg
that may be released to the environment, but also for
which a pollution prevention option  {i.e., switch
removal prior (o shredding and metal reprocessing) is
readily achievable.

3.7. Nonpoint sources

Data in Table | indicate that NPS Hg emissions were
less than point source emissions in the NEI database,
but not insignificant. (As noted previously, data for ICI
boilers were considered with the point source data in the
preceding discussion.) In contrast to the case with many
of the point source sectors just examined, differences in
NPS Hg emissions among states were generally less
pronounced for most sectors. One exception was
residential boilers, where both New York and Pennsyl-
vania had considerably higher estimated emissions in the
NELI (Table 1); this probably reflects, [or the most part,
increased reliance on fuel oil for home heating in those
states (US DOE, 2000). Another exception was lamp
breakage, where estimated Hg emissions for New York
accounted for 57% of the regional total for the sector.
Given that the state’s 2000 population was only 23.3%
of the regional total (US Census Bureau, 2001) and that
estimated emissions from lamp breakage estimates
would typically be nade on a county population basis,
the reason for the discrepancy is not clear. On the basis
of apparent missing product-related Hg in Canadian
inventories (Hagreen and Lourie, 2004}, it is plausible
that a similar situation might apply to certain area
sources in the NEI and GLEI inventories for the Great
Lakes states.

4. Discussion
4.1 Mercury emissions trends in the Great Lakes states

The US NEI has evolved from less complete earlier
versions (Pope et al, 2002). Thus drawing solid
conclusions on Hg emissions trends for specific sectors
is difficult using data through 1999, as a result of
changes in protocols and coverage; moreover, similar
constraints apply to the GLEI (GLC, 2003). In addition,
TRI data have been available only for 2 years at the
lower reporting thresholds. Even though TRI data
covered many of the top Hg-emitting sources beginning
in 2000, the discrepancies in total emissions upon
comparison to the 1999 NEI are considerable: 2000
state total TRI Hg cmissions ranged from 27% (New
York) to 1 13% (Ohio) of the 1999 NEI totals (data not
shown).

In terms of nadional trends in Hg emissions, on the
basis of an assessment before release of the final 1999
NEI data, US Hg cmissions were estimated to have
declined by >40% between 1990 and 2001, in particular
as a result of a combination of use reductions and
emissions control regulations (especially on incinerators)
(Environment Canada and US EPA, 2002). {An analysis
of final 1999 NEI data on a national basis in a recent
report indicales that the national total emissions for



294 M. Murray, S A. Holmes | Envi

ronmental Research 95 (2004) 282-297

12,000

10,000 4

&5 Energy production {mostly coal and oil)
[T Other (mostly taconite production)
3 Product-related Hg

8,000 -

9,238
6,000 4

Hg air emissicns (ib)

4.000 -

1998 NEI

1980 1

a95 2000 2005
Year

Fig. 3. Mercury air emissions trend in Minnesota for three broad sectors, with projection to 2005 (data replotted from MPCA, 2002).

1999 were consistent with this trend; see Northeast
States for Coordinated Air Use Management, 2003),

One of the few internally consistent Hg emissions
inventories in the Great Lakes region known to the
authors is that developed by the MPCA for the state
(MPCA, 2002). Estimated Hg emissions through 2000,
and projections to 2005, are indicated in Fig. 3. Mercury
emissions in the state were estimated to have dropped
68% from 1990 to 2000—a result attributed mainly by
the agency to phase-out of Hg use in products {in
particular batteries and paint), as well as emissions
controls on incinerators (MPCA, 2002). (The 1999
estimated total emissions value from the NEI database
derived in this analysis is indicated in Fig. 3 as well.} The
2002 assessment included a revised estimate (upward by
30001b) of paint-associated Hg emissions for 1990,
reflecting the dynamic nature of Hg inventories (MPCA,
2002). The data show the impact on Hg emissions that
product bans or voluntary restrictions can have, as well
as the increased importance currently of incidental
emissions through industrial sectors (such as metal
mining and coal-fired electric utilities).

4.2, Policy implications and recommendations

Mercury emissions in the Great Lakes states
amounted to 67,6621b in 1999, On the basis of less
complete 1996 NEI data (not shown and no longer
available from the NEI website), as well as the more
thorough analysis for Minnesota (Fig. 3), total anthro-
pogenic Hg emissions in the Great Lakes region declined
from 1996 to 1999. This was a period of implementation
of emissions standards on incinerators that were
anticipated to result in up to 95% reduction in Hg
emissions (S EPA, 2000). The US EPA has finalized or

is in the process of finalizing air pollution control rules
that will affect a number of Hg-emitting sectors in the
region, including iron and steel foundries, taconite
plants, chlor-alkali facilities, and ICI boilers (US EPA,
20031). In addition, the agency recently proposed several
rule oplions covering coal-fired electric utilities (US
EPA, 2004). Implementation of these rules will influence
the magnitude and makeup of Hg emissions in the
region and elsewhere in the United States for the next
decade or more.

This analysis has shown that despite improvements in
emissions inventories—including coverage of more
facilities and availability of increased measurement data
(e.g., for coal-fired electric utitities}—questions remain
about the coverage and accuracy of Hg air emissions
estimates in the Great Lakes states. Improvements in the
Hg inventories are warranted in a number of areas,
including increasing measurement cfforts on diverse
sources to improve emissions factors and permit
increased use of actual stack test data, ensuring proper
categorization based on source type (in particular in
submissions to the NEI), improving GLEI coverage in
states with limited data, and increasing coverage of area
sources. There is a clear need for better data on Hg
emissions from certain sectors in particular, including
mercury-cell chlor-alkali facilities, EAFs, and ICl
boilers (in particular those burning fuel oils). In
addition, a better understanding of the range of Hg
levels in petroleum products will assist in bounding
mobile source emissions, which, though estimated
(based on detection limits) in the GLEI, were not
included in the 1999 NEI because of a lack of data.

One challenge in making improvements 1o the process
is likely to be the disparate personnel and offices
involved in inventory development, which in some cases
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may amount to at least four different parties involved
{for the three principal inventories considered here and
the US EPA Emission Factors and Inventory Group).
An additional challenge is the absence of reporting
requirements: the US EPA announced in 2002 that Hg
and other hazardous uir pollutants would not, for the
time being, be subject to mandatory cmissions reporting
requirements (US EPA, 2002b). Without such require-
ments, developing a comprehensive Hg  emissions
inventory that can mofe accurately show emissions
trends for different sectors—as is currently done
annually for criteria pollutants (US EPA, 2003m)—will
be much more challenging. Having good inventories is
essential both for understanding the transport and fate
of Hg in the environment, as well as for gauging
progress toward policy goals for Hg and other chemicals
of concern 1n the Great Lakes system and beyond.
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Abstract—Birds and mammals exposed to waterborne mercury {Hg) and methylmercury (MeHg) were collected and/or sampled
at Clear Lake, California, USA, to field test the predictive wildlife criteria model developed for the Great Lakes Water Quality
Initiative (GLWQI). Tissue samples collected from sampled animals were analyzed for Hg and organochlorine residues, and for
selected physiologic parameters known to be affected by Hg. All mammalian organ tissues analyzed contained less than 12 ppm
total Hg, wet weight. All avian tissue samples analyzed contained less than 3 ppm total Hg, wet weight. No evidence of Hg-
assaciated health effects was found. Tissue Hg residues were compared with water, sediment, and animal food samples to characterize
bicaccumulation of mercary in the Clear Lake food web. Total Hg bioaccumulation factors for the Clear Lake site closest to the
Hg source were: TL-2: 11,100; TL-3: 31,200; TL-4, 190,000. Our results support the final wildlife criterion (1,300 pg/L) and
suggest that the GLWQI model, with site-specific modifications, is predictive for other Hg-bearing aquatic systems.

Keywords—Wiidlife Methylmercury

INTRODUCTION

The United States Environmental Protection Agency (U.S.
EPA) Office of Water has undertaken investigations to deter-
mine toxicity thresholds of waterborne contaminants for ter-
restrial wildlife, Upper trophic level piscivores/omnivores,
such as great blue herons, mink, and raccoons, are at risk from
environmental contaminants that bioaccumulate in aquatic
foods chains. Blackbirds and swallows, which feed on emer-
gent aqualic insects, also may be exposed to waterborne con-
taminants. This study reports the sampling of fish-eating birds
and mammals and insectivorous birds from Clear Lake, Cal-
ifornia, USA, which is presently contaminated with mercury
(Hg) and methylmercury (MeHg), and was historically con-
taminated with organochlorines (OCs) [1-4]. Unless otherwise
noted, Hg refers to total Hg.

The goals of this project were to test the assumptions and
methods of the Great Lakes Water Quality Initiative (GLWQI)
model by comparing the wildlife criteria derived from the
model with measurements in a Hg-bearing system other than
the Great Lakes, and to suggest modifications to improve the
madel’s predictive power. The model was developed for es-
timating the threshold concentrations of water borne contam-
inants that constitute a health threat to vertebrate terrestrial
wildlife [5-7]. Water quality criteria previously published by
the U.S. EPA were based on tests on aquatic organisms and
laboratory animals and were designed to protect humans, fish,
and aquatic invertebrates {8]. Because of distinct physiologic
characteristics and different patterus of exposure, water guality
criteria developed for aquatic organisms and humans may not
be adequately protective of terrestrial wildlife. Therefore, the
GLWQI Committee, under the sponsorship of the U.S. EPA’s
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Office of Water, organized an effort to derive water quality
criteria for wildlife, or wildlife values (WVs).

Efforts to establish water quality criteria specifically for
wildlife originally followed the general model first employed
the Wisconsin Department of Natural Resources and refined
by Peterson and Nebeker [9] and the GLWQI {10]. After re-
view and revision, the model adopted for the final rulemaking
was [5-7,11,12]

D
WV = UF, + UF, + UF,
W+ 2, (Fry + BAF)

where WV is the wildlife value {(mg/L); 7D is the test dose
(mg/kg/d) for the test species, either a no observed adverse
effect level (NOAEL) or a lowest observed adverse effect evel
(LOAEL); UF, is the uncertainty factor (UF) for interspecies
extrapolation; U/F; is the uncertainty factor for subchronic to
chronic exposure extrapolation; UF, is the uncertainty factor
for LOAEL to NOAEL extrapolation; W7 is the average weight
in kilograms (kg) of the representative species; ¥ is the av-
erage daily volume of water (L/d)} consumed by the represen-
tative species; Iy, is the average food consumption (kg/d) at
trophic level i by the representative species; and BAF,, is the
bicaccumulation factor at trophic level i (i.e., the ratio of the
toxicant concentration in wildlife food to its concentration in
water; the units of the BAF are L/kg). Given the prominence
of Hg and MeHg as contaminants of concern to wildlife in
the Great Lakes, and because of their propensity to bioaccu-
mulate in food chains, these contaminants were singled out
for special consideration, via a field validation of the method
used to derive the WV, Clear Lake was chosen as the site for
the field validation study because it is contaminated with Hg
and MeHg, and because it is home to species different from
those used to derive the GLWQI model, but that also occupy
the upper trophic level piscivore niche. Clear Lake therefore

+ W
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provided an opportunity to test the riger and transportability
of the model.

Peterson and Nebeker [9] identified three information def-
icits bearing on hazard assessment for wildlife: toxicity of
environmental contaminants to wildlife, the dynamics of tox-
icant accumulatton in ecosystems, and the relative importance
of various routes of toxicant exposure to wildlife. Therefore,
our objectives were to compare the water Hg concentration at
Clear Lake with the toxicity threshold predicted by the GEWQI
model, to compare tissue Hg concentrations of Clear Lake
wildlife to tigsue Hg concentrations associated with published
NOAELs and LOAELSs, to compare dictary Hg intake of Clear
Lake wildlife with the dictary threshold concentration assumed
by the GLWQI criterion, and to determine whether this level
of Hg exposure affects the health and breeding success of Clear
Lake wildlife. In addition, we compared Hy residues in tissues
and samples obtaincd nonlethally with g residues in tissues
of toxicologic significance to cvaluate the suitability of non-
lethal sampling as a substitute for traditional tissue analysis.

The first task of the project was to use data derived from
controlled feeding studies in which the contaminant is admin-
istered to the test animals in food or water to estimate the
NOAEL, This NOAEL value, and information on exposure to
the contaminant in nature, were used to estimate the water-
barne concentration causing exposure equivalent to the ex-
perimentally derived NOAEL [13]. Using this method, the
GLWQI Committee derived a WV of 1,300 pg/L in the final
GLWOI rulemaking [5]. The second part of the project, re-
ported here, was to evaluate the model’s predictive strength
by field testing it with free-living birds and mammals in an
Hg-bearing aquatic system, under actual exposure conditions.
By comparing growth, reproductive success, and other indi-
cators of wildlife health between Clear Lake animals and an-
imals unaffected by Hg, we hoped to further estimate the im-
pact of @ known water concentration of Hg, and compare that
concentration with the WV concentration determined by the
maodel calculations,

From previous and concurrent work, we knew that Hg con-
centrations at Clear Lake were low relative to other Hg-bearing
systems for which descriptions have been published. [14-19]
Therefore, we had reason to anticipate small, sublethal effects.
For this reason, and because we were limited to small sample
sizes for each species surveyed, we tried to maximize the
number of parameters assessed, including as many ineasures
of population and. individual animal's health as could be
achteved within the time and budget resources available. Data
presented here include tissue Hg concentrations of animals
collected or sampled at Clear Lake, growth, measures of re-
productive success, and histologic and hematologic analyses,
These findings were used to critique the GLWQI WV model
in its draft form, and to suggest improvements to the model.
Ideally, we would also have sampled the species of birds and
mammals that were used to derive the final WV, that is, bald
cagle, herring gull, kingfisher, and otter, as well as mink. All
these oceur at Clear Lake, either seasonally or year-round. In
practice, species selection criteria were availahility, budget,
and logistical and regulatory access.

Clear Lake and Sulphwr Bank Mevcury Mine

Clear Lake was chosen as a field-testing site for the GLWQI
wildlife toxicity model because of the abundance and diversity
of terrestrial wildbife there potentially exposed to waterborne
Hg, and because of the concurrent study being conducted on
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sediment, water, and lower trophic level organisms by staff
from the University of California at Davis under the sponsor-
ship of U.S. EPA Region 9 Superfund [14.20,21]. Clear Lake
is California’s largest natural lake. It lies between the Inner
and Outer Coast Ranges, an area that contains cinnabar-bearing
serpentine soils. Sulphur Bank Mercury Mine (SBMM) is lo-
cated on the Oaks Arm of Clear Lake (Fig. 1). During past
open-pit cinnazbar mining and ore processing activities, Hg-
containing wastes were discarded in Clear Lake. Erosion of
tailing piles and leaching from the open pit (now filled with
water and referred to as Ierman Impoundment) continue to
deposit Hg to already contaminated sediments. Inorganic Hg
is converted to MeHg in Clear Lake sediments by microbial
action. Methylmercury is the contaminant of primary concern
from SBMM, because of its greater rate of absorption {98%)
compared Lo inorganic Hg {1%) [22], and because MeHg bioac-
cumulates and biomagnifics at higher trophic levels. Methyl-
mercury concentrations in excess of U.S. Food and Drug Ad-
ministration guidelines have been found in Clear Lake fish,
and have prompted the California Department of Health Ser-
vices to tssue a public health advisery recommending a limit

“on the consumption of Clear Lake fish, which has remained

in effect since 1986 [20]. Sulphur Bank Mercury Mine became
a Superfund site in 1990. Remediation work is currently under
way, under the directton of U.8, EPA Region 5.

Historically, Clear {_ake was also contaminated with QC
compounds, mostly as a result of a midge control program in
which dichlorodiphenyldichloroethane (DDD) was deposited
directly into the lake. The bioconcentration of dichlorodi-
phenyltrichlorocthane (DDT)/DDD in western grebes was re-
ported by Herman and coworkers shortly thereafter [23]. Be-
canse of this potentially confounding source of contaminant
impact on wildlife, we also analyzed a subset of sampled spe-
cies for OC residue.

Mercury concentrations at SBMM, Clear Lake water, sed-
iment, and lower trophic level biota have been sampled in the
course of a concurrent study conducted by members of the
Institute of Ecology, University of California, Davis, under
contract to U.S. EPA Region 9 Superfund. Suchanek and co-
workers [24] measured total Hg and MeHg water concentra-
tions monthly at six sampling sites in Clear Lake from 1992
through 1996, collecting samples from both surficial and deep
water layers, six to seven samples per site (concentrations are
vearly averages). Total sediment Hg in Qaks Arm, the site
closest to the mine, was 40 to 370 ppm with an average of
220 ppm (ug/g); total sediment Hg was 0 to 50 ppm at other
sites sampled throughout the lake. Oaks Arm total Hg was 81
ng/L. (ppt} in unfiltered deep water and 22 ng/L in unfiltered
surficial water. Unfiltered surficial water generally contains
less than 100 ppt at all sampling sites. Corresponding MeHg
measurements for Oaks Arm were 10 ppb (ng/g) in sediment,
and 0.1 to | ppt (ng/L) in unfiltered deep water. Unfiltered
deep water McHg is generally between 0,01 and 0.4 ppt else-
where in the lake. Methylmercury concentrations in Clear Lake
watcr are therefore close to the limits of detection of the most
sensitive analytical method, 0.05 ppt (ng/L} by cold-vapor
atemic fluorescence spectroscopy [25-27].

Great blue herons (Ardea herodias), double-crested cor-
tmorants (Phalacrocorax auritus), raccoons (Procyon lotor),
mink (Mustela vivon), and river otter {{.utra canadensis) are
among the upper trophic level piscivores at risk from envi-
ronmenta] contaminants that bioconcentrate in aquatic foods
chains. Three targe heron celonies were located on the shore
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Fig. 1. Map of Clear Lake, California, USA, showing Sulphur Bank Mercury Mine (SBMM) and great blue heron colonies.

of Clear Lake in 1993, and two in 1994, Double-crested cor-
morants also nested at one of the three sites (Fig. 1). Great
blue herons are widely distributed and often nest near con-
taminated sites, so a substantial fund of comparative data is
available [28-33]. Heron colonies in the western coastal states
have been useful for monitoring contaminant concentrations
in lakes, rivers, and estuaries. Mercury levels in heron tissue
have been measured at a number of sites in the United States
and elsewhere, providing a broad basis for comparison [32,34—
36]. Numerous other species of birds breed or winter at Clear
Lake or use the lake as a resting and foraging stop during
migration. We aiso collected red-winged blackbird (Agelaius
phoeniceus), Brewer's blackbird (Euphagus cyanocephalus),
and cliff swallow (Hirundo pyrrhonota) nestlings, to learn
whether these insectivorous birds were exposed to Hg and
MeHg at lower concentrations and to see if an effect of distance
from the mine was evident at this lower trophic level. Effects
of Hg on raccoons, otters, and mink have been reported in
numerous studies [37-48), and are summarized in Wolfe et al.
[49). These studies provide a basis for comparison and inter-
pretation of the tissue Hg residues in animals we sampled at
Ciear Lake. Of the other species used in the GLWQI model,
osprey were subject of a concurrent study [50], bald eagles
arc present at Clear Lake only seasonally and are restricted,
and belted kingfishers are customarily collected by shotgun, a
difficulty in a populated area, Although the GLWQI model
was developed for a system in which the Hg source is al-
mospheric deposition, the methodology used is independent
of source criteria; therefore, distance from an Hg point source
was not one of the variables of interest. However, because the
relationship between distance from the mine and Hg concen-
trution in the biota was a focus of the U.S. EPA Region Su-

perfund/UC-Davis study, we included it in our analysis when-
ever practical. Because the great blue heron colonies occurred
at various distances from SBMM, herons were a particularly
useful species to monitor in support of this secondary objective
as well. Raccoons were usually common all around the lake
in 1993, although an epizootic of canine distemper in the sum-
mer and fall of 1993 reduced raccoon numbers available for
sampling in 1994, Mink and otter are found in wetlands and
along creeks and sloughs. Observations by residents and local
biologists suggest that otter and mink populations have in-
creased during the last 10 years, but no formal population
studies have been conducted.

METHODS
Sample collection

All species sampled were collected (or captured, sampled,
and released) under U.S. Fish and Wildlife Service permit PRT-
779203, California Department of Fish and Game (CDF&G)
permit 4017, and Memoranda of Understanding with the
CDF&G for carnivores.

We collected heron, cormorant, blackbird, and cliff swallow
nestlings from nests. Recently dead and dying heron and cor-
morant nestlings were salvaged after falling from nests. Rac-
coons and mink were taken in box traps or padded double-
swivel leg-hold traps and either sacrificed, or anesthetized,
sampled, recovered in the field, and releascd.

Bloed, brain, muscle, kidney, liver, claws, and fur or feath-
ers were collected from all animals sacrificed. Blood, claws,
and fur or feathers were collected from live-sampled animals.
Brains of a subset of animals were separated into right and
left hemispheres, onc half was frozen for Hg analysis, the other
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was preserved in formalin selution and sent to the Veterinary
Pathology Laboratory at Oregon State University (Corvallis,
OR, USA) for histopathologic examtnation.

We sampled food items from the ground below nests (her-
ons and cormorants), from water and air near nests (insectiv-
orous passerings), or from the gastroiniestinal tracts of col-
lected animals. We determined heron food energy requirements
according to the method of Butler [51], then used these values
and food item Hg concentration to determine actual Hg ex-
posure in heron young. We then compared the model’s pre-
dicted toxicity threshold water concentration to measured Hg
concentration in Clear Lake water.

Residue analysis

Samples for residue analysis were frozen and shipped to
Brooks-Rand (Scattle, WA, USA} for total Hg or MeHg anal-
ysis by cold-vapor atomic absorbance spectroscopy according
to the methods of Bloom and Liang [26,27]. Tissue samples
from passerine birds were prepared for Hg analysis by pooling
tissues from three to six individuals. Feather samples consisted
of flight feathers from the left wing and contour feathers from
the feft side of the breast, pooled and digested to homogencity.
Liver, brain, and feathers or fur were analyzed for total Hg
and/or MeHg. A subset of kidney, blood, and muscle samples
also was analyzed for MeHg, Because Clear Lake historically
has been contaminated with OCs, we submitted a small subset
of Clear Lake bird and mammal tissues to Columbia Labo-
ratories (Corbett, OR, USA) for OC analysis, to compare pres-
ent-day OC tissue concentrations with those reported histori-
cally. We used fillets for the fish analyses, and liver tissue from
other animals, and fat-normalized the results, thus permitting
comparison between Clear Lake animals and results from pre-
vious work [52].

Tissue calibration

We looked for correlations between tissues that can be ob-
tained nonlethally (feathers or fur, and bleod and/or claws as
available} with Hg concentrations in tissucs of toxicologic
interest (brain and liver) via regression analysis and ¢ tests.

Growth rates and reproductive effects

We observed breeding activities at the Clear Lake heronries
to collect data on incubating nests, young per nest, and young
per successful nest {30]. During the incubation period, we
counted attended nests using a spotting scope {rom observation
points outside the colenies. Later, when the colonies could be
entered without undue disruption, we counted young in the
nest from the ground beneath trees [53]. The professional
climber who collected the nestlings for tissue analysis made
final counts of young in nests on collection day, We took
morphologic measurements {(weight and body length; and for
herons and cormorants, culmen, wing, and tarsus length) of
coltected animals. We caleulated heron nestling growth rates
by determining age from culmen length and plotting body
weights against the resulting age curve to compare growth
rates of Clear Lake heron chicks to growth rates of chicks not
exposed to contaminants [29,54].

Biomarkers and bivaccumulation

Mercury and MeHg may inhibit cholinesterase (ChE) ac-
tivity, or inhance the ChE-inhibiting action of organophos-
phorus (OP) insecticides [55-58]. Because the Quercus Point
rookery was located next to an orchard where guthion was
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applied, and exposure from drift was a possibility [59], we
measured blood and brain ChE activity in nestlings from that
colony, and from Slater Island, a colony with no known OP
exposure, using the oxime reactivation technigue, which al-
lows the animal to serve as its own control [60,61]. Because
various blood parameters may be affected by exposure to
MeHg [62—-64], we analyzed white blood cell ratios on a subset
of the animals sampled in 1993, Suchanek et al. {14,21] pro-
posed a bicaccumulation scheme for Hg in Clear Lake based
on the compartments they sampled: water, sediment, inverte-

brates, and fish. We modified the scheme to include the species

we sampled, thereby adding two additional trophic levels, and
calculated the bioaccumulation factors for each, using our data
and the measurements of Suchanek and coworkers.

Statistics

The statistical functions in Excel 4.0 {Microsoft Corpora-
tion, Redmond, WA, USA) were used for summary statistics.
tests for normal distribution, ¢ tests, and analysis of variance
(ANOVA). Regressions were done in Graph 111 (Computer
Associrtes, San Jose, CA, USA) or Excel,

RESULTS
Ty residues

Great blue herons and double-crested cormorants. With
few exceptions, all the food items and parts recovered from
nests, the ground below nests, and the gastrointestinal tracts
of heron and cormorant young were the Sacramento hitch (Lav-
inia exilfcaude). The mean Hg concentration in whole Sac-
ramento hitch was 0.563 ppm (0.31-0.87 ppm). Because 90
to 99% of the Hpg in fish tissue is in the methyl form [63], this
is equivalent to a concentration of approximately 0.3 to 0.85
ppm MeHg in the diet of nestlings fed Sacramento hitch. Mean
brain tissue Hg concentration of heren young was .35 ppm
{0.3-0.4 ppm}). Mean liver Hg concentration of heron young
was 1.46 ppm (1.32-1.71 ppm). For cormorant young the cor-
responding values were brain: 0.63 ppm (0.54-0.72 ppm) and
liver 2.42 ppm {1.91- 2.94 ppm). These values arc well below
tissue Hg concentrations associated with Hg toxicity in.young
birds, I to [0 ppm in brain and 5 to 20 ppm in liver [49,66).
No correlation was found between tissue Hg concentration and
distance from the minc. Tissue Hg concentrations for great
blue heron and double-crested cormorant nestlings and their
food items are given in Tables 1 and 2. The relationship be-
tween heron blood Hg and brain, kidney, and liver Hg was
significant (p = 0.025). In herons sampled in 1993, no cor-
relation was found between feather Hg and either liver or brain
Hg. Tn 1994, after we improved the feather sampling and anal-
ysis method, we found a correlation between feather Hg and
tiver Hg {(p = 0.01) but not between feather Hg and brain Hg.
In cormorants, a strong correlation (p = 0.005) was found
between feather Hyg and both liver and brain Hg (Fig. 2). Ne
correfation was found between age or body weight and Hg
residue in any heron brain or liver.

Insectivorous passerine young. As anticipated, Hg residues
(1.018-0.03 ppm in brain, .094-0.364 ppm in feathers, 0.24~
0.92 in liver) were below known toxicologic benchmarks for
all ages of all three species. Thresholds for Hg toxicity in adult
birds are 5 to 20 ppm in brain and 9 to 30 ppm in liver [49,66].
Samples of insect food collected from passerine foraging areas
contained .01 to 0.031 ppm Hg in sweep sumples and {1.254
to 0.420 ppm in dip samples. Based on our small sample, the
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Table i. Totai mercury (ppm wet wi., mean with standard deviation in parentheses) in tissues of great blue heron young collected at Clear Lake,

California, USA

Dnstance
from
SBMM-*
Location {miles) Year n Brain n Liver n Feathers # Blood [ Kidney n Food
Slater [sland 5 1993 8 0.36(0.15) 142067 7 223{0.77) 4 13 (0.23) 5 LES(0.10) 3 0.87{0.80)
(8 km) 1994 6 0.30(0.14) 11 1.39(0.58) 11 1.97(1.18) 7 0.46 (0112}
~ Quercus Point 9 1993 7 035(0.11) 7 1.71{0.63) 6 243¢0.9%) 4 1.08(0.32) 3 1.00(0.33) 3 031016}
(145 km) 1994 6 0.36(0.15) 146 (0.57y L1 2.01(1.18) 4 0.44(0.17)
Rodman Slough 14 1993 10 0.4 (0.09) 10 1.32(0.59) 10 3.16{0.82) 5 116(033) 7 1.12¢0.26) 4 0.46(0.04)
{22.5 km)

2 Sulphur Bank Mercury Mine.

proportion of MeHg in both liver and brain total Hg was ap-
proximately 84%. Tissue Hg concentrations for red-winged
blackbird, Brewer’s blackbird, and cliff swallow young and
their food items are shown in Table 3. A relationship was
apparent between brain Hg in passerine young and distance
from the mine (v = 0.54), but sample sizes were too small
for confidence. An apparent correlation exists between feather
Hg and brain and liver Hg, when passerine species were con-
sidered together, but data were insufficient to determine a re-
lationship for individual species. '

Raccoons. Raccoon results were grouped into three sets
based on distance from SBMM (Table 4). The most notable
characteristic of Hg tissue concentration in Clear Lake rac-
coons is variability, which probably reflects the raccoon’s om-
nivorous, opportunistic feeding habits. Brain Hg concentra-
tions (ppm) of all raccoons collected were below NOAELs
and LOAELs reported for wild mammals [46,67,68]. The high-
est brain and liver Hg concentrations, 1.15 ppm and 8.46 ppm,
respectively, were found in a raccoon collected 14.5 km (9
miles) from SBMM; surprisingly this animal had only 0.46
ppm Hg in its fur. When this raccoon was included in the tissue
calibration analysis, no correlation was found between fur and
brain Hg concentrations, but removing this animal from the
data set gave a significant fur—brain Hg correlation (p = 0.025).
We found no correlation between bleod or fur Hg concentra-
tions and liver Hg. A strong correlation (p = 0.005) was found
between claw and liver Hg concentrations, but no cotrelation
was found between claw and brain Hg. Raccoon body burden
of Hg did not correlate with body weight or with distance from
the mine.

Mink. A total of eight mink were sampled in the 1993 and
1994 ficld seasons, from approximately 250 trap sets. The
highest brain Hg concentration, 7.1 ppm in a mink collected
at the north end of the lake 22.5 km (14 miles) from the mine,
is notable (Table 5). This is the only tissue Hg concentration
collected at Clear Lake that was close to a toxicity threshold
reported for wildlife species. Brain Hg concentrations asso-
ciated with toxic effects in adult mink range from 8 to 30 ppm
[46.49,66].

OC analysis

Thirty-five samples from Clear Lake animals had liver di-
chlorodiphenyldichloroethylene (DDE) residues less than 0.4
ppm. One heron nestling had 2.54 ppm DDE in its liver. Six
herons and four fish also had tetrachlorodiphenylethane (TDE)
residues above the detection limit of 0.3 ppm. Organochlorine
tissue residues from this study are compared with OC tissue
residues from animals measured in the 1950s and 1960s in
Table 6.

Growth rates and reproductive effects

In 1993, the median age of the nestlings was 29.6 d (20—
71 d). In 1994, the median age of young collected was 31.4
d (18-57 d). This spread of ages permitted construction of
growth curves. No significant difference was found between
growth rates of great blue heron nestlings from Clear Lake
heronries compared with growth rates for nestlings from col-
onies in Washington [69] and Nova Scotia [29] (Fig. 3).
Growth rate of Clear Lake heron young also did not differ
from herons raised in captivity with unlimited food [54]. These
data indicate that heron young sampled at Clear Lake in 1993
or 1994 did not have impaired growth, when compared to the
growth rate of heron young for sites uncontaminated by Hg.

In 1993 we counted 121 active heron nests at Redman
Slough. Counts of young per successful nest made during the
nesting period and again when chicks were collected yiclded
an estimate of more than two fledglings per nest. The Rodman
Slough colony had 93 active nests in March of 1994, but the
colony was abandoned between April 2 and Apnl 15 (the
herons have since returned). The Slater Island colony con-
tained 65 active nests in 1993 but only 45 in 1994, although
the colony has expanded to the west end of the island in recent
years {70]. In contrast to 1993, when breeding was very syn-
chronous, in 1994 eggs and young were at various stages of
development in the colony at each observation period between
April 2 and May 13. We estimated two fledglings per suc-
cessful nest in 1993, In 1994, 1 55 young were found per active
nest based on a count of nests that could be observed without

Table 2. Total mercury (ppm wet wi., mean with standard deviation in parentheses) in tissues of double-crested cormorant young collected at
Quercus Point, Clear Lake, California, USA

Year 'l Brain ] Liver n Feathers n Food
1993 5 0.72 (0.15) 5 294 (1.07) 5 2.95¢0.31) 3 0.31(0.16)
1994 10 0.54 (0.09) 10 1.91 (0.39) 10 4.05(1.32) 4 0.38 (0.29)
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Fig. 2. Double-crested cormorant feather mercury (Hg) concentration versus brain und liver Hg concentration.

disturbing the colony and a final count made at the time of
collection. Double-crested cormorants were the most numer-
ous species nesting at Quercus Point, with an estimated 210
nests. More than 130 great blue heron nests, 3 black-crowned

night-heron nests, and an osprey nest were found at Quercus
Point. Heron and cormorant nests were distributed among
mixed oak and cottonwoods; both species often were found
in the same tree. In 1993, more than 100 active heron nests

Table 3. Mercury (Hg) and mcthylmercury (Mcellg) residues (ppm wet wt.) in Clear Lake, Calitornia, USA, insectivorous passcrine young and

their food
Distance from Total Hg
SBMM- only Melig Total Mellg/total
Species (miles) Sample/tissue® (ppm wet wt.)  (ppm wet wt) (Mellg + Hgll) Hg
Red-winged blackbird’
8-12 d 0.5 Pooled brains 0.029
(0.8 km) Pooled Tivers 0.092
Pooled feathers 0.054
1-7d Pooled brains 0.027 1030 0.90
Pooled livers 0.068 0.082 0.83
Pooled feathers 0.364
Paoled food (d) 0.420
Pooled food (s} 0.031
5 Pooled Fivers 0.037
(8 knm) Peoled food (d) 0.254
Pooled food {s) 0.012
Brewer’s blackbird 5 Pooled brains (1023
{8 km) Pooled livers 0.044
Pooled feathers 0.136
Pocled braing 0.027 0.030 089
Pooled livers 0.019 0.024 0.79
Pooled food (s) 0.010
Clff swallow (Clear Lake 8 Pooled brains 0.021
State Park) (12.9 km) Pooled livers 0.049
Pooled feathers 0322
Pooled brains 006 0.007 0.81
Pooled livers 0.035 0.042 0.83
8 Pooled food (s) 0.017
{12.9 knn
Rodman slongh 14 Pooled brains 0018
{22.5 km) Pooled livers 0.074
Pooled feathers 0,159

* Sulphur Bank Mercury Mine.

" Each tissue value is a single pooled sample conststing of tissues from three 10 six individuals, Food samples were collected with dip (d) or

sweep {s) nets from arcas where birds were observed foraging,
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Table 4. Mercury (Hg) tissue concentrations {(mean with standard deviation in parentheses) in raccoens
collected at Clear Lake, California, USA

Distance from

Total Hg (ppm wet wt.)

SBMM:*

(miles) Brain Liver Fur Blood Claws
0.1-0.5 0.67 (0.35) 3.29(5.1) 21.97(13.2)  0.40 (0.20) 1022 (16.7)
{0.2-0.8 km)

6 0.15 (0.08) 1.02 (0.58) 6.93 (8.4) 0.07 (0.05) 3.74 (2.1)
(9.7 km)

7-10 0.63 (0.56) 7.02(5.9) 4.05 (5.8) 0.24 (0.20) 13.0 {13.1)

{11.3-16.1 km)

¢ Sulphur Bank Mercury Mine.

and an estimated two to three fledglings per nest were found.
In 1994, we counted 50 active nests at Quercus Point. The
number of fledging-age young could be confirmed in 21 of
these nests, which yielded a mean of 1.47 fledglings per active
nest. As with Slater Island, in 1994 breeding was asynchro-
nous, with ¢ggs and young at various stages of devclopment
throughout the observation period. Based on our observations,
the reproductive success rates of great blue herons at Clear
Lake appear to be comparable to success rates of great blue
heron colonies from nearby sites not contaminated with Hg
[71.72].

Biomarkers and bioaccumulation

Brain of raccoons and mink were examined at Oregon State
University’s Veterinary Pathology Laboratory for signs of Hg-
induced lesions. No histopathologic changes were observed.

Blood cell smears of a subset of bird and mammal bleod
samples taken in 1993 did not indicate changes in erythrocyte
morphology [73] or elevations indicative of chronic infection
[74] (Table 7). We did not have blood cell counts for the same
species from reference sites, s¢ no conclusions can be drawn
about Hg-related alterations in white cell proportions [64,75],
but we found no correlation between Hg tissue concentration
and heterophil to lymphocyte ratio. Western grebes sampled
by Elbert {76] at Clear Lake and at Eagle Lake, a site uncon-
taminated by Hg, did show a difference in white cell popu-
lations between the two sites, but the difference was not sta-
tistically signiticant. The heterophil to lymphocyte ratio of
herons (approximately seven to three), the reverse of the ratio
in the two passerine species (approximately two to seven for
cliff swallows and two to six for red-winged blackbirds) is
apparently a characteristic of the Ciconiiformes [77].

Eggshell thickness

Eggshell thickness measurements from Clear Lake heron-
ries and {rom heronries uncontaminated by Hg, show that egp-
shell thickness was at pre-DDT/DDD levels, supggesting that
Hg or the combination of Hg and OCs has not caused shell
thinning. Observations under the colonies found no evidence
of hatching failure or predation, and no eggshells collected
were fragile or cracked, findings typical of OC effects.

ChE activity

Brain and plasma ChE activity measurements indicate that
ChE activitics were not depressed in either the Quercus colony,
in which nestling herons possibly were exposed to both Hg
and guthion, or at Slater Island where there was no indication
of OP exposure, indicating that neither Hg or the combination
of Hg and possible guthion exposure at the Quercus colony
was sufficient to depress ChE activities. Pre- and postreacti-
vation activilies were within 3%. Brain ChE activities of Quer-
cus Point and Slater Island herons were 12.9 and 11.4 pmoles
acetylthiocholine (AcThCh) hydrolyzed per gram brain weight,
respectively. Plasma acetylcholinesterase (AChE) activities of
Quercus Point and Slater Island herons were ¢.25 and 0.27
wmoles AcThCh hydrolyzed per mi plasma, respectively.

Figure 4 shows exposure pathways and associated Hg con-
centrations for a site on Oaks Ann close to SBMM. Trophic
relationships are based on analysis of stomach contents or on
the known biology of the species. Bird and mammal values are
liver Hg conceniration, ppb wet weight. The water: hitch (tro-
phic level 2 [TL-2] BAF is 11,100 and the water: heron (TL-
3) BAF is 31,200, based on Oaks Arm water Hg concentration
of 5.08 %X 10-2 ppb, hitch mean Hg of 563 ppb, and heron liver
mean Hg concentration of 1,590 ppb. The water: mink BAF

Table 5. Mercury (Hg) concentrations in the tissues of mink collected at Clear Lake, California, USA

Body Distance from Tissue total Hg (ppm wet wi.)

weight SBMM:

(ki) (miles) Brain Liver Fur Blood Muscle Kidney Claws
1.45 0 0.12 10,1 3.28 0.63 10.2
1.36 7 (11.3 km) 7.49 0.21 [1.9
0.45 7 (11.3 km) 299 0.08

1.74 14 (22.5 k) 7.10 9.25 21.5 0.18 : 3441
1.21 {4 (22.5 km) 0.24 0.93 1.99 016 0.58 0.607 4.70
0.67 14 (22.5 km) 0.40 2.26 6.38 1.10 1.30 7.22
1.15 14 (22.5 km) 0.44 2.13 0.28 0.405 2.28
1.06 i4 (22.5 km) 0.29 1.30 7.63 0.15 1.13 1.03 5.26

» Sulphur Bank Mercury Mine.
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Table 6. Organvchlorine residues (mean with standard deviation in parentheses) in the tissues of Clear
Lake, California, USA, wildlife sampled in 1993 compared to 1958 1963

Liver
Fat
19581963 1993 Fat eyuivalent
Species (ppm in fat) n (ppm} (%) (ppm)
Mink 1 0.07 1.63 233
Raccoons 7 0.048 2.00 43.5
{0.028)
Great blue herons 19 1.079 236 29.8
11
Western grebe 321-2,633
Goldencye 132
Double-crested cormaorants 3 0.204 2.03 $.95
(0.266)
Gull species 118-2.134
CHIE swatilows 1 015 6.58 43.8
Brewer’s blackbird 1 .18 .57 30.9
1993 Fat
(ppm: in equivalent
edible for edible
tissue) % Fat tissue®
Carp 40
Sacramento hitch 5 . 0.049 6.10 0.90
(0.058)
* Pooled sample,
*[3].
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Fig. 3. Growth curves of great blue heron nestlings at Clear Lake, Caltfornia, USA, compared to nestlings not expased to mercury.
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Table 7. White blood cell counts (mean with standard deviation in parentheses) of birds collected in Clear Lake, California, USA

Total mercury

Sample n Heteropiiils Lymphocytes  Monocytes Easinophils Basaphils (liver)
Great blue herons
Quercus Point 9 62.1 (§2.6) 34.9 (12.3) 1.4 (1.0) 1.9 (1.0) 1.46 (0.57)
Slater Island y 71.8 (9.4) 24.4 (8.1) 2.5(2.5) 2.4 (0.7) 1.39 (0.58)
Rodman Stough 5 65.3 (3.3) 30.0(2.9) 3.0(0.0) 4.7 (3.1) 1.63 (0.84)
Red-winged blackbirds 6 21.8{15.2) 59.3(16.6) 1.8 (0.8) 4.0 (1.1) 39.5(4.9) 0.070
(pooled sample)
Cliff swallows
Rodman 4 23.8(4.6) 75.0(5.6) 1.3 (0.9) 1 0,074
{pooled sample)
Clift swallows
Clear Lake State Park 13 23.6 (8.8) 73.2(8.9) 2.5{(L.) 23(1.7) 0.049
{pooicd sample)
Western grebe
Clear Lake 8 54.4 (10.2) 13.8(9.1) 1.6{1.4) 10.1 (5.3)
Eagle Lake® 5 404 (14.4) 41.8(12.2) 31802 13.8(4.1)

* Reference site uncontaminated with mercury.

(TL-4) is 190,600, Raccoons, with their opportunistic and vari-
able diet, were assigned to a mixed TL-3/4; the water : raccoon
BAF is 73,500.

DISCUSSION

Budgetary and logistic constraints imposed several prob-
tems on the study design. (1) The study had no controls, and
no matched reference population. All parameters could be
compared only to conspecifics in uncontaminated sites, and/or
to values reported in the literature. (2) Sample sizes were small,
Only great blue herons were represented by a sample sufficient
to achieve statistical power. (3) Formal randomization was not
achievable. Although we made efforts to distribute sample sites
throughout the bird colonies, and to trap mammals from mul-
tiple locations around the lake, in practice sampling patterns
and sample sizes were dictated by accessibility, regulatory
constraints, and budget. Therefore, to increase confidence and
help to compensate for these shortcomings, we maximized the
number of parameters assessed, measuring everything that

might reflect a Hg exposure, within the severe constraints of
our budget, Our reasoning was that, because the sample sizes
collected were necessarily smaller than optimum, we should
obtain the maximum informational benefit from each sample.

Care must be taken in comparing eggshell thickness mea-
surements between herons from different regions because of
recognized differences in shell thickness among subspecies.
The sample of eggshell thickness measurements we took
served mainly to reinforce our observation that shell breakage
was not a cause of nest failure in Clear Lake heronries. This
result is consistent with the low OC concentrations found, and
our examination of shells collected in the colonies. Unforiu-
nately, we were unable to obtain OC tissue residue analyses
for the same species and tissues that were measured in the
1950¢ and 1960s. However, even the across-species compar-
isons in Table 6 show a gratifying decline in OC body burden
during the intervening 25 to 30 years.

Cahill and coworkers [78] also measured Hg residues in
feathers of Clear Lake birds. They used the distal 7 to 9 cm

Table %. Great Lakes Water Quality Initiative (GLWQI) parameters compared to Clear Lake, California, USA medsurements®

Clear Lake—~ Clear Lake—
Oaks Arm Lower Arm
(CL-0A) {CL-LA) CL-OA/ CL-LA/
GLWQI Clear Lake (pe/L) {pe/L) GLWQI  GLwWQI
WV toxicity threshold, water 1,300 pg/L 51,200 6,550 39 5
Hg coucentration
Avian Hg NOAEL (with UF 0.0032 mg/kg/d
of 20)
Avian Hg NOAEL (without 0.064 mg/kg/d
UF) ’
Food Hg conceniration 0.56 mg/kg {ppm)
(Sacramento hitch) (0.3-0.85)
Dietary intake {great blue 0.138 mgrkg/d
heron nestlings) (0.0673-0.21)
TL-2 BAF Hiich GBHE® 11,000 85,954
nestlings
TL-3 BAF 27,900 Likg 28,500 223,000
TL-3/4 BAF  Raccoon 72,800 570,000
TL-4 BAF Mink 140,000 L/kg 189,000 1,478,000

WV = wildlife value, Hg = mercury, NOAEL = no observed adverse cffect level, UF = uncertainty factor, TL = uophic level, BAF =

bicaccumulation factor.
" GBHE = Great blug heron.
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of a primary flight feather for their analysis, rather than the
pooled flight and contour samples we used, and reported 6.48
ppm Hg for juvenile cormorant {eathers, compared to our 2.95
ppm in 1993 and 4.05 in 1994, The heron feather samples of
Cahill and cowoerkers contained 7.4 ppm Hg compared to 1.97
to 3.16 ppm for feathers from herons in our study, in both
years at all three sites. However, Cahill and coworkers col-
lected feather samples from adult herons, whereas we sampled
only young herons.

Because of the proximity of the Quercns Point heron colony
to an orchard treated with an OP during the nesting season,
we were afforded an opportunity to assess another possible
additive interaction of two contaminants that individually oc-
curred at concentrations too low to cause health effects, and
also to take into account a potentially confounding variable.
Quail receiving the dictary concentration of MeHg (5 ppm)
sufficient to depress ChE activity (without coadministered
parathton) had liver total Hg residucs of 35.8 ppm, wet weight
[55,79]. Clear Lake great blue heron nestlings, fed fish con-
taining 0.3 to 0.9 ppm g, and accumulating 1.3 to 1.7 ppm
Hg in the liver did not exhibit depression of ChE activity in
brain or plasma. However, this dictary concentration and liver
residue were, in the study of Dicter and Ludke [55,79], suf-
ficient to potentiate the ChE-inhibiting action of a carbamate
or OP insecticide to which the guail were simultaneously ex-
posed.

The Hg exposure of young inscetivorous passerines feeding
on emergent aquatic msects was low, and resulting tissue res-
idues were alse fow. However, our interest in insectivorous
passerines arose in part because of what they might reveal
about the exposure of bats, small mammals that share the
aquatic insectivore niche. Bats were not considered in the
GLWQI model, which regards upper trophic level piscivores
as the species most at risk. We believe that potential damage

to bats should always be considered when assessing risk or
deriving standards for waterberne contaminants, especially
those that bioaccumulate. Bats are small, with body weights
from 3 to 30 g. They have high food consumption rates to
meet the energy demands of flight. They are long-lived, with
life spans of [0 years or more, and are therefore potentially
at greater risk from contaminants that bicaccumulate and bio-
concentrate. Bats have low reproductive rates, typically one
or two young per year; thus bat populations may be more
severely harmed by reproductive toxicants. A bat of 10 g body
weight, and 1 g/d food intake rate, if feeding on insects with
total Hg concentrations found in Clear Lake invertebrates,
would be ingesting 5 to 20 times the mammalian Hg NOAEL
used in the GLWQI model [5,80-82],

The Jack of a correlation between raccoon tissue Hg con-
centratton and feather or fur Hg concentration is quite ditferent
from the findings of Roelke et al. [45]. In their survey of prey
of the Florida panther, they found a close correlation between
tissue Hg and fur Hg conecentrations in raccoons. We suggest
that Everglades raccoons occupying the range of the Florida
panther are feeding throughout the year on a more natural diet
of fish, crustaceans, and bird eggs in which Hg is more ho-
mogencously distributed, whereas Clear Lake raccoons whose
foraging ranges include residential, recreational, and agricul-
tural land consume an opportunistic diet in which Hg content
varies greatly, not only seasonally, but from day to day. The
temporal relationship between Hy tissue distribution and time
of exposure has been reported by a number of investigators
[R3]. Raccoons were abundant all around the lake 1993, al-
though an cpizootic of canine distemper in the summer and
fall of 1993 reduced raccoon numbers available for sampling
in 1994, The usual abundance of raccoons at Clear Lake and
their ease of capture would make them good candidates for
Hg monitoring in Clear Lake mammals, but the variability of
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Hg exposure and ingestion reflected by our raccoon data re-
duces their suitability for that purpose.

Mink and otter are found in wetlands and along creeks and
sloughs. Observations by residents and tocal biologists suggest
that otter and mink populations have increased during the last
10 years, but no formal population studies have been con-
ducted. Therefore, mink would be a better choice for moni-
toring Hg in wild mammals at Clear Lake, but unfortunately
are much more difficult to sample. Many more mink were
caught than were sampled, as they often can pull out of the
padded leghold traps. The highest brain Hg concentration of
an animal at Clear Lake, 7.1 ppm in an adult mink, falls be-
tween the brain Hg concentrations associated with the dictary
NOAEL and LOAEL reported for mink by Wobeser et al.
[46,67]. After 120 d on a diet containing 0.44 mg/kg/d of
MeHg, mink exhibited no clinical or pathologic signs of Hg
intoxication and had brain Hg concentrations of 3.4 ppm. Mink
receiving 1.1 mg/kg/d for 93 d displayed no clinical signs but
were found on nccropsy to have nerve tissue lesions. Brain
Hg residues in these mink were 8.2 ppm [46,67].

Tissue calibration results for feathers and blood were prom-
tsing. Given the ease with which feathers can be obtained from
birds, their use as a monitoring tool for Hg and other heavy
metals is very attractive. We hope to conduct laboratory in-
vestigations that will further refine methods for using feathers
as 2 heavy metal monitoring tool in birds. Our correlations
between blood and body tissues were better, but aithough blood
can be obtained nonlethally, it is certainly more invasive a
sample to obtain than feathers.

The avian species sampled were not the same as those used
in the GLWOQI model, belted kingfisher, bald eagle, and herring
gull, The strength of the mode! is therefore further tested by
applying it to species that share the Hg-exposure niche (upper
level piscivores) but otherwise have different biology than the
model species. Heron and cormorant young were fed almost
exclusively Sacramento hitch. Because these fish feed on
Daphnia (14-98% depending on size} and other zooplankton
[84], they are assigned to TL-2, making Clear Lake heron and
cormorant nestlings TL-3 feeders. The Hg concentration in
Sacramento hitch samples we collected, approximately 0.3 to
(.85 mg/kg, yields a dietary intake for heron nestlings of 0.073
to 0.21 mg/kg/d, using a food consumption rate of 0.245 kg/d
for a chick with 1.0 kg body weight. The avian LOAEL (TD)
derived from the three-generation mallard feeding study of
Heinz [85] was 0.064 mg/kg/d, which falls within the range
of Hg concentrations in food fed to nestling herons and cor-
maorants at Clear Lake, This value, an LOAEL to NOAEL
uncertainty factor {{/F,} of 2, and an interspecies extrapolation
factor ({/F,) of 10, yielded the NOAEL used in the GLWQI
model, 0.0032 mg/kg/d. The UF, was incorporated into the
NOAEL because of the limited availability of dose—response
data derived from chronic controlled feeding studies of MeHg
to birds. Given the proximity of the dietary exposure of nest-
lings herons to the experimental LOAEL, use of the two un-
certainty factors would seern justified.

The propoesed wildlife criterion for Hg derived from the
original, draft version of the GLWQI model was 180 pg/L (1.8
X 10~* ppb) Hg at the time this study was conducted in 1993,
Total 1{g in water in the Lower Arm of Clear lake, the cleanest
part of Clear Lake, was 6.5 X 107 ppb (6,550 pg/L), 36 times
greater the initial, proposed GLWQI WV. Total Hg in Oaks
Arm, nearest the mine, was 5.08 X 1072 ppb (50,800 pg/L),
282 times greater than the GLWQI WV, The 1993 draft
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GLWQI model therefore predicted greater exposure in Clear
Lake wildlife than our actual measurements indicated. After
public comment, scientific review, and incorporation of ad-
ditional data, the WV for Hg adopted for final rulemaking was
1,300 pg/LL [51. The Oaks Arm and Lower Arm water Hg
concentrations are therefore 39 times greater and 5 times great-
er, respectively, than the revised, final WV,

Bioaccummlation dominates the WV for contaminants that
bivaccumulate. Initially, based on data from the 1-month Clear
Lake preliminary study [14], we calculated bioaccumulation fac-
tors at Clear Lake that were very different from laboratory-de-
nived values used to calculate the draft GLWQI Hg WV [86].
The upper trophic level piscivores in the GLWQI model were
TL-3 or TL-4 feeders. The total Hg water: fish BAFs use for the
draft WV for these levels were WV 60,000 and 130,000, re-
spectively. We assigned heron and cormorant young at Clear
Lake, feeding on Sacramento hitch, to TL 2/3, based on hitch
stomach contents available at the time. The measured water: fish
BAF was 71,400, using the preliminary Oaks Arm total Hg con-
centration of 5.6 X £0-? and a mean Sacramento hitch Hg con-
centration of 0.4 ppm. By incorporating data from the expanded
study, we derived a water : fish (TL-2) BAF of 11,100 and a water :
heron (TL-3) BAF of 31,200, based on Oaks Arm water Hg
concentration of 5.08 X 1072 ppb, hitch mean Hg of 563 ppb,
and heron liver mean Hg concentration of 1,590 ppb. Similarly,
we obtained a water : mink (TL-4) BAF of 190,600, and a mixed
TL-3/4 BAF for water :raccoon of 73,500.

Bioaccumulation factors used to derive the final GLWQI
Hg WV were revised to 27, 900 for TL-3 and 140,000 for TL-
4. The Clear Lake TL-3 BAF of 31,200 is within 12% of the
final GLWQI TL-3 BAFE The final GLWQI TL-4 BAF of
140,000 lies between the TL-3/4 BAF of 73,500 and the Clear
Lake TL-4 BAF of 190,600, showing good agreement between
the revised model and actual measurements in the Clear Lake
system (Table 8).

Although mercury levels are higher in Clear Lake heron
and cormorant nestlings than in nestlings sampled from un-
contaminated sites, the breeding populations of both species
at Clear Lake appear to be stable or increasing. We can make
only qualitative comparisons in the absence of background
reproductive data for the area. We compared productivity with
dozens of other great blue heron colonies [71]. Data from these
colonies are limited to young per successful nest, which tends
to overestimate productivity because it eliminates failed nests.
Our estimates of 1.5 young per active nest are similar to 1.9
per active nest in British Columbia [30]. As we were not
monitoring the Rodman Slough herony during the incubation

_ period, when it was abandoned, we can only speculate on the

cause of abandonment. When working with colonial nesting
birds, protocols for avoiding disturbance while monitoring
must be strictly followed; some colonies may not be searched
until chicks are 4 to 6 weeks old. We noted that Rodman Slough
herons built nests low in ocaks, and were more readily disturbed
than at the other colonies, where the birds were more habit-
uated to human presence. However, the herons retumed to
Rodman in 1995 and 1996. Cormorants extended their breed-
ing activities to Rodman in 1995 and 1996 {871

Our results suggested that the model as originally applied
was too conservative for some Hg-bearing aquatic systemns,
but modifications adapted for the final WV of 1,300 pg/L have
made the model more predictive. Further, our findings dem-
onstrate the importance of accurate information on the feeding
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and breeding ceology of spectes of concern in deriving reliable
wildlife values from the model [88-92].
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Abstract

Lakes across the Northern Hemisphere have experienced enhanced atmospheric deposition of anthropogenically
derived Hg for over 100 years. In the present study, we quantified Hg fluxes to the sediments of ten small drainage lakes
across Vermont and New Hampshire, USA, for the period ~ 1800 to present. Dates were established by 2'°Pb. Total Hg
(HgT) fluxes to sediments ranged from 5 to 17pgm ™ 2yr~' during pre-industrial times, and from 21 to 83pugm™2yr™"
presently. Present-day HgT fluxes are between 2.1 to 6.9 times greater than pre-1850 fluxes. Current-day direct
atmospheric Hg deposition to the study region was estimated at 21 pygm™2yr~', which agrees well with measured HgT
deposition, when re-evasion of Hg is accounted for. Our data sugpest that He fluxes to lake sediments have declined in
recent decades, owing to reductions in atmospheric Hg deposition to the lake surface. Watershed export of
atmospherically deposited Hg remains elevated relative to present-day deposition rates, which contributes to the
impression that Hg retention by watershed soils has declined. © 2002 Elsevier Science Ltd. All rights reserved.

Keywords: Mercury, Paleolimnology; Atmospheric deposition; Sediment, Watershed

1. Introduction

Environmental mercury (Hg) contamination of aqua-
tic ecosystems is a pervasive environmental problem,
with potentially severe toxicological consequences for
humans and piscivorous wildlife (USEPA, 1997; Evers
et al., 1998, National Academy of Sciences, 2000). The
majority of Hg contaminating aquatic ecosystems is
understood to be anthropogenically derived and atmo-
spherically deposited (Fitzgerald et al., 1998). In poorly
buffered, undisturbed lakes, Hg is transported through
watersheds by high molecular weight dissolved organic
matter, and the proportion of this Hg which is neither
methylated nor re-evaded as Hg® is deposited to the
sediments (Lee and Iverfeldt, 1991; Mierle and Ingram,
1991; Driscoll et al., 1994a; Hurley et al., 2000). Several
studies have underscored the importance of watershed

*Corresponding author. Tel.: + 1-802-241-3795.
E-mail addresses: neil kamman@state.vt.us ( C. Kamman),
dengstrom{@smm.org ( R. Engstrom).

size in controiling Hg fluxes to sediments (Engstrom
et al.,, 1994; Mielli, 1995; Lorey and Driscoll, 1999},
Wetland area (Driscoll et al., 1994a; St. Louis et al,,
1994), land use (Hurley et al., 2000}, and pH (Rada et al.,
1993) have also been shown to influence delivery of Hg
to sediments.

Paleolimnological studies have been used to estimate
whole-lake surficial sediment Hg burdens (Gilmour et al.,
1992; Rada et al., 1993), and, when coupled with fine-
resolution 2'°Pb dating, to estimate fluxes of Hg to lake
sediments for both modern and historical time frames
(Ouellet and Jones, 1983; Engstrom et al., 1994; Von
Gunten et al., 1997, Hermanson, 1998; Lockhart et al.,
1998; Lorey and Driscoll, 1999). Numerous multiple
lake-sediment studies show anthropogenic Hg contam-
ination to be a recent phenomenon {~ |850 to present),
coincident with industrialization, and fossil fuel and
waste combustion {Landers et al., 1998; Pirrone el al,,
1998). Engstrom and Swain (1997) have shown that Hg
deposition to lakes down-gradient of Midwestern urban
centers is declining in response to recent reductions in

1352-2310/02/% - see Iront matter ¢ 2002 Elsevier Science Ltd. All rights reserved.
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Hg emissions. While there exists significant uncertainty
in the estimation of Hg fluxes to individual lakes (Miclli,
1995; Gottgens et al.,, 1999}, the pattern evident in so
many paleolimnological Hg studies 15 clear: anthropo-
genically derived Hg has increased by a factor of 2-8 x
in the scdiments of lakes throughout the Northern
Hemisphere (Landers et al., 1998).

In the present study, we analyzed a series of single,
short-cores taken from undisturbed lakes in Northern
New England, to evaluate four specific hypotheses: (1)
that Hg fluxes have increased proportionally to increases
observed in other studies; (2} that Hg fluxes have
decreased in recent years; (3) that Hg fluxes increase
with increasing watershed arca to lake area ratio; and,
(4) that paleolimnologically inferred atmaospheric total
Hg deposition estimates compare well with measured
total wet + dry Hg deposition.

2. Methods
2.1, Site characteristics

The lakes selected for this study lie within the borders
of Vermont and New Hampshire, and are characteristic
of undisturbed lakes within the Northeastern Highlands
Ecoregion (Omernik, [987; USEPA, 2000). All are
small, 8.1-38.9 hectare drainage lakes occupying un-
disturbed forested caichments, which are a mix of
deciduous or coniferous vegetation overlying soils
ranging from stony to silty loams. Bedrock geology is
largely schistose or granitic, and most watersheds are
poorly buffered. Some shales and slates are in evidence
near High Pond in Vermout, and the buffering capacity
of this watershed is enhanced accordingly. These water-
sheds have experienced varying degrees of deforestation
during settlement, but have regrown to forest in the past
75-130 years. Limnological attributes of the study lakes
are provided in Table |, and their location across the
study regton is shown in Fig. |

2.2, Field techniques

Sixty cm by six ¢m diameter lexan coring tubes were
prepared for sampling by cleaning in a commercial
laboratory dishwasher with Alcanox™, followed by
souking in 10% HNO,, coptous rinsing with ASTM
Type-11 deionized water, and air drying in a metal-free
hood. In the field, two sediment cores were acquired
from the lake’s deep hole using a Glew-design gravity
corer (Glew, 1989). The corc reflecting the least
disturbed stratigraphy and most distinct sediment-water
interface was selected for sectioning immediately in the
field, which minimized : disturbance. Subsamples were
extruded at 1-cm intervals to the core bottom, and split,
with one hall used for Hg analysis, and the other for

Table |

Location and limnological attributes of 10 Vermont and New Hampshire lakes used to estimate current and historical mercury deposition

Alkaiiniiy
(meq)

Flushing

Mean Volume (m®)

Max.

Basin area

(Ha)

Lake area

(Ha)

Long. DDMMSS

Lat. DDMMSS

Lake

rate (#/yr}

depth {m)

depth (m)

121.0
146.0
1.195.¢

444 183

6.1

673.4
2554

715030
THIZ00

730914

430730

Dudley
Grilman
High

276,380

™~

It

.3

641,598

,220,269

f=)
-

16.0)

70.0
466.2
1465.4

94.0
160.0
124.0
737.0
114.0
150.4

1.9
17.3

1

14.9

13130
714806
TLHILS0
725512

434730 7

Intervaie

309,805

r

5.5

35.2

444904

McConnell
Sessions
Spring

1.5

0.7
2002

690,951
2,850,174

49
107

0.3
24.0

207.2
111.3
594.9
1683.1

14.2

444220

26.7

432942

749,930
1,055,053
3,137,500

2.1

7.0
10.0

1

725432 352

432341

Wallingford
Wheeler

423

4.0
8.0

713829 26.7

720130

444230

L6

0.8

7.7

414.4

38.9

430130

Wiilard
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Fig. 1. Geographic location and bathymetry of ten Vermont and New Hampshire lakes used to estimate current and historical
mercury deposition. Coring locations are indicated by (®). Map scales differ, and acreages are shown in Table 1. Proctor Maple
Research Center (PMRC), an atmospheric monitoring station located in Underhill, VT, is also shown.

H0ph determinations. Mercury-clean sampling proce-
dures (USEPA, 1996) were used throughout the
sampling and subsequent sample handling procedures.
Sediment aliquots for Hg determinations were stored
wet in pre-cleaned, lot-certified 250 ml PETE Nalgene®
round vessels, individually bagged in zip-style PETE
bags. Sampling was performed during the summer and
fall of 1998.

2.3, Sample processing and analysis procedures
2.3.1. “°Pb dating

Sediment cores were analyzed for 2'Pb activity to
determine age and sediment accumulation rates for the

past 150-200 years. Lead-210 was measured at 17-22
depth intervals in each core through its grand-daughter
product H0ps, with *™Po added as an internal yield
tracer. The polonium isotopes were distilled from 0.3-
2.8 g dry sediment at 550°C following pretreatment with
concentrated HCl and plated directly onto stlver
planchets from a 0.5N HCl solution (Eakins and
Morrison, 1978). Activity was measured for 1-8 x 10°s
with ion-implanted or Si-depleted surface barrier detec-
tors and an EG&G Nuclear alpha spectroscopy system.
Unsupported 2'°Pb was calculated by subtracting
supported activity from the total activity measured at
each level: supported 2'"Pb was estimated from the
asymptotic activity at depth (the mean of the lowermost
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samples in a core). Supported *'"Pb values for Spring
Lake were confirmed by gamma spectrometry on an
EG&G Nuclear ultra-low background well-detector.
Dates and sedimentation rates were determined accord-
ing to the constant rate of supply model (OldField and
Appleby, 1984) with cenfidence intervals calculated by
first-order error analysis of counting uncertainty
{Binford, 1990). All dating analyses were performed at
the Science Museum of Minnesota’s St. Croix Wa-
tershed Research Station.

2.3.2. Mercury in sediment

A small aliquot of homogenized wet sediment was
extracted for percent solids determination (APHA, 1999,
method 2540B). The remaining sediment was dried at
60°C, a 0.5 g portien of which was then digested in 5ml
aqua-regia for 2 min at 95°C, and hrought to $5ml with
ASTM Type-1I deionized water. Hg in the sample was
converted to Hg?" by oxidation with 15ml KMnQ,,
and further brought to 110ml. This aliquol was mixed
with SaCl; to reduce Hg? " 1o He®, which was carried by
Ar into a Leeman® automated cold vapor atomic
absorption spectrometer (USEPA, 1994, method 2451
and 2435.5). Following initial calibration, standards were
run before and after all sample runs, and every tenth
sample during the run, as were reagent blanks and
matrix spikes. Individual samples were run in duplicate.
Standard reference malterial (SRM. Standard Soil
CRMO08-050, Resource Technology Corp., Laramie,
WY, USA) was analyzed to ensure the completeness
of the digestion process. The method detection limit
for sediment HgT was 005uge™'. The analytical
accuracy of the mercury data, cstimated as relative
percent difterence between duplicates, was +1.7%.
Analytical precision, estimated as the mean percent
recovery for matrix spikes, was 97.4%. The average
residual concentration of SRM relative to  their
certified values was + 001 pgg™', representing a mean
relative  difference of 3.4%. These analyses were
performed at the Vermont Department of Environmen-
tal Conservation’s {VTDEC) LaRosa Environmental
Laboratory.

2.3.3. Other parameters

Long-term mean alkalinity values (Table 1) were
caleulated from available data within the VTDEC Lake
Inventory Database and the New Hampshire Depart-
ment of Environmental Services Lake Trophic Status
Database. Original samples were analyzed following
standard methods (APHA, 1999). Long-term atmo-
spheric Hg deposition values were measured at the
Proctor Maple Research Center (PMRC), in Underhill,
VT (Fig. 1), and taken from Scherbatskoy ct al, (1999)
and Shanley et al. (1999).

2.3.4. Culeulations

Fluxes of total Hg to lakes were calculated as the
product of the 2*°Pb-derived sedimentation rates and
dry-weight total Hg concentrations, for each core
interval, and these are assumed 1o represent net
sedimentation of Hg to the individual lake sediment
focal centers. Background fluxes were estimated as the
average of pre-1850 fluxes. Linear regressions estimating
the relationship between time-averaged Hg fluxes and
the ratio of watershed:lake area were calculated using
SAS PROC REG. Watershed retention of atmospheri-
cally deposited Hg wus calculated as the ratio of the
regression slope to the regression y—intercept (Engstrom
et al,, 1994), The variance of this ratio was based on the
following algorithm (Mickey, 2001}

var(hfu) = b7 fa* {[vac(h)/b*] — [2cov(u, b)/ab]
— [vzlrm)/al]},

where ¢ is the regression p—intercept, for the indepen-
dent variable value 0; and, b is the regression slope.

3. Results and discussion
3.1 M'PB dating and sedimentation rates

For all ten lakes. supported 2'"Pb concentrations
ranged from 0.28 to 2.5pCig ', and the number of
deeper core intervals from which supported #'°Pb was
estimated ranged from one (McConnell Pond) to six
{Intervale Pond). Inventories of unsupported 2'°Pb in
the ten cores ranged from 6.77 to 22.02 pCi cm™2, which
is equivalent to 2'%Pb fluxes of 0.22-0.71 pCi em ™ 2yr™!
(Fig. 2 and Tuble 2). These 219Ph fluxes are similar to
regional estimates of atmospheric *'®Pb  deposition
(0.5pCicm *yr "), which implics that core-specific
sedimentation rates are not appreciably amplified by
sediment focusing. The underlying assumption for this
conclusion is that direct atmospheric deposition dom-
inates the 2'"Pb budgets of these lakes (ie., little
watershed contributton) (Oldfield and Appleby, 1984).
Dates corresponding to the bottom-most unsupported
H0ph strata ranged from 787 (Wallingford Pond), to
1861 (Spring Lake}, with a lake set-wide average value
of 1825 (S.D.=21yr). Sedimentation rates for strata
below the supported *'Pb horizon were extrapolated
using averaged bascline sedimentation rates,

Sedimentation rate profiles (Fig. 3} are variable in
nature. For Dudley. Intervale, McConnell, Wallingford,
and Wheeler Ponds, sedimentation rates increase with
time, with muximum values near or at the core tops,
indicating possible recent disturbances in these ponds’
watersheds. High and Willard Ponds display mid-core
peak sedimentation, while Sessions Pond shows two
distinet sedimentation peaks at ~ 1900 and 1970. Spring
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Fig. 2. Total *'®Pb, by depth downcore, for sediments of 10 Vermont and New Hampshire lakes.

Supported and unsupported 20py, concentrations, densities, and fluxes, for 10 Vermont and New Hampshire lakes

Supported 2*°Pb, N supported samples Cumulative Unsupported *'°Pb
pCig '(S.E) unsupported >"Pb, flux, (pCicm™2yr™)
(pCi cm™?)

Dudley 0.28 (0.07) 3 11.08 0.36

Gilman 0.75 (0.01) 2 6.77 0.22

High 1.88 (0.06) 5 14.73 0.47

Intervale 1.74 (0.06) 6 12.49 0.40

McConnell 1.68 (0.06) 1 11,32 0.36

Sessions 1.09 (0.06) 5 10.63 0.35

Spring 2.50 (0.05) 4 22,02 0.71

Wallingford 0.64 (0.02) 2 12.34 0.40

Wheeter 0.64 (0.05) 4 10.54 0.34

Willard 0.85 (0.02) 4 12.60 0.41

Lake and Gilman Pond have low, nearly flat sedimenta-
tion profiles over the period of record. Standard errors
for baseline sedimentation rates for Sesstons and Dudley
Ponds are large.

3.2. Hg concentrations and Hy fluxes

Total Hg concentrations ranged from 0.06 to
0.66 pgg™" (d.w.), with peak concentrations in all cases
coinciding with dates of 1950 or later. Profiles of Hg
concentrations in° sediment reveal striking similarities
(Fig. 3). For all lakes, baseline Hg concentrations of

0.06-0.21 pgg~"d.w. begin to rise circa 1875, and peak
between 1950 and modern times, at between .22 and
0.66pgg ' d.w. Most of the lakes show a decline in
scdiment Hg concentrations in the most recent sedi-
ments. These declines are most pronounced in Spring
Lake, and High and Willard Ponds.

Mercury concentration profiles are strongly influ-
enced by sedimentation rate, in that concentrations of
elemental constlituents are accentuated under periods of
reduced sedimentation, and vice versa (Engstrom and
Wright, 1983). Flux rates normalize this covariance,
and permit comparisons across lakes. Examination of
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Table 3

Total Hg fluxes, in pgm’ yr ', for baseline, peak, and modern time periods, for 10 Yermont and New Hampshire lakes

Madern (1998) Hyg

Peak flux (year of

Baseline flux (years Ratio of modern to

fluxpgm Zyr ! oceurrence) used to estimate) hasetine
ugm™yr! pgm~ 7yt
Dudley 46 68 (1992) 10 (1777-1860) 4.6
Gilman 26 26 (1998) L1 {1863) 24
High 21 39 (1979) F{1693-1813) 4.6
Intervale 4% 55 (1995) 7 {1626--1834) 6.9
McConnell 83 106 (1992} 13 (1777-1834) 6.4
Sessions 0 48 (1985) 14 (1766 1848) 21
Spring 25 41 (1963) 11(1755-1808) 23
Wallingford 45 66 (1987) 17 {1731-1787) 2.6
Wheeler 78 92 (1990} 16 (17151819 4.0
Wiltard 21 50 (1968) 1 (1704-1844) 21
Average 42.5 52.9 11.4 3.9

baseline (pre-1850). peak, and modern (1998) fluxes
(Table 3) and flux profiles (Fig. 4) reveals striking
similarities. For all lakes, there was an increase in Hg
fluxes, beginning by [875. The greatest post-industrial
Hg flux enhancement was observed in McConnell Pond,
and the smallest, at Gilman Pond. Averaged pre-1850
Hg flux rates ranged from 5 to 17pgm 2 yr™h Peak

Auxes, which oceurred between 1963 and modern times,
varied from 26 to (06pgm~2yr~'. Modern flux ratios
(the ratio of modern:baseline flux) ranged Irom 2.1 to
6.9 (Table 3). Seven lakes displayed a continual decline
in Hg ftux, across four or more of the most recent core
sections. This pattern has been interpreted by Engstrom
and Swain (1997) as indicating a significant decline in
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Fig. 4. Total Hg fluxes, by 2“Pb inferred date, to the sediments of 10 Vermont and New Hampshire lakes. Lakes are arrayed in order

of 1ncreasing watershed:lake area.

atmospheric Hg loadings to several Minneapolis area
lakes. Their argument that reductions in atmospheric Hg
cmissions from coal combustion, waste incineration, and
industrial sources are responsible for reduced Hg fluxes
may also apply to the present study lakes.

Our Hg fluxes and flux ratios are in excellent
agreement with those reported for lakes in Northern
Quebec (Lucotte et al., 1995), and the upper Midwest
(Engstrom and Swain, 1997), for eight ponds and an
ombrotrophic bog in Maine (Norton et al., 1997; Perry
et al., 2001), for lakes in Finland, Sweden, and Western
Canada (as compiled by Landers et al., 1998), and for
Adirondack drainage and scepage lakes (Lorey and
Driscoll, 1999). The average flux ratioc (ratio of
modern:baseline) for the entire lake set of 3.9 suggests
that lakes across Vermont and New Hampshire have
experienced a nearly four-fold increase in Hg fluxes since
before 1850.-

3.3 Inferring Hg fluxes attributable to atmospheric
loading

Across a set of lakes, the relationship between the
ratio of watershed:lake area and Hg flux can be used to
estimate the proportion of the flux attributable to direct
atmospheric contributions for any given time period

(Swain et al., 1992). By this elegantly simple technique,
an estimated linear function between the watershed:lake
area ratio and Hg flux is backcast to a watershed:lake
area ratio of one, with the corresponding flux providing
an estimate of the direct atmospheric component. This
assumes that evasion of Hg from lake surfaces is
minimal and consistent across lakes, and that, across
watersheds, a consistent proportion of the Hg trans-
ported from upstream is retained within the lake
sediments. While evasion of Hg from lake surfaces has
not completely been studied, the former assumption
appears validated by Fitzgerald et al. (1991), who
cstimated that evasion accounted for no more than
10% of the Hg flux from Little Rock Lake, Wisconsin.
The latter assumption is supported by Hurley et al.
(2000, and Shanley et al. (2001), who have shown that
the export of particulate-bound Hg varies consistently in
relation to watershed DOC and sediment export, across
multiple watershed scales in the upper Midwest and
Northeast, respectively. However, Driscoll et al. (2001)
indicate that this may not be the case for dissolved Hg
moving through Adirondack systems. Thus, sediment
Hg flux estimates derived by this study most accurately
reflects sedimentation of particulate-bound Hg.

Fig. 5a shows linear regression models for averaged
pre-1850 and modern (1998) times, across our study
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lakes. Prior to 1850, there exists no significant relation-
ship between watershed-[ake area ratio and Hg flux. Ry
contrast, for 1998, the relationship is highly significant
{(F=1497, p=0.0047), with the viriation in water-
shed:lake area explaining 65% of the variation in Hg
flux. The estimated Hg flux attributable to direct
atmospheric contributions for the pre-1850 period is
WOpgm ™y~ (S.E.=2.0, p=0001 for Ho: atmo-
spheric flux=0) while the estimate for 1998 s
2tpgm fyr 'O (SE.- 7.5 p=0032 for Ho atmo-
spheric flux=0). Modern atmospheric lluxes compare
reasonably well to dircet measurements made at a

2

relatively high elevation Vermont site by Scherbatskoy
et al. (1999). Shanley et al. (1999) used these data to
estimate average annual terrestrial atmospheric fluxes
of 463, 37.0ugm *yr~' of which are thought to
be deposited dry. These authors acknowledge that
the proportion of dry-deposited Hg which is re-evaded
as Hg" both from terrestrial and lakewater surfaces
is presently unknown, Thus, our estimated modern
atmospheric flux estimate of 21 pgm™2yr™" is within
the range of likely values for wet+dry total Hg,
minus that Hg which s re-evaded from the lake
surfuce.
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time periods, for 10 Vermont and New Hampshire lakes, (b) Percent of atmospherically deposited Hg retained in these watersheds,
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standard error of the watershed retention estimates.
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3 4. The role of watershed-lake urea ratios in the control
of Hy fluxes to lakes .

Models of watershed:lake #rea in relation to decade-
averaged fluxes from 1950 to present produce intriguing,
although statistically less satisfying results. In these
lakes, the relationships between watershed:lake area and
Hg flux are non-significant (p > 0.05 for Ho: b =0)
except for the periods 1980-1990, and 19901998,
During these periods, 1.2 and 0.86 uyg Hgm 2y~ were
delivered for each unit of watershed:lake area respec-
tively; rates which are lower than the 3.27 and
1.93pgm 2yr~! reported by Engstrom et al. (1994)
and Lorey and Driscofl (1999) in the Midwestern and
Adirondack lakes. Thus, even though average fluxes for
the 1950s and subsequent decades are significantly
elevated over pre-1850 levels (F = 4.13, p<0.02), the
influence of watershed size in coatrolling Hg flux to this
study set only becomes clear in recent years,

Viewed from the perspective of Hg retained in the
watersheds (Fig. 5b), our results appear to suggest that
watershed retention of atmospherically deposited Hg
has declined progressively from the 1950s to the present.
In reality, this trend is more likely a function of
declining atmospheric Hg deposition to lake surfaces
than an actual increase in export of Hg from watershed
soils. A decrease in atmospheric Hg deposition should
be reflected most immediately in the sediments of lakes
with very small watersheds, while lakes with relatively
large watersheds should continue to receive large Hg
inputs (relative to direct Hg deposition to the lake
surface), owing simply to a greater quantity of runofl
from soils that have become saturated with anthropo-
genic Hg. The effect of this lag between declines in direct
Hg deposition and watershed delivery is that watershed
Hg loading as a percent of direct atmospheric deposition
will increase, especially for lakes with large water-
shed:lake area ratios. This point was first proposed by
Mielli (1995), and is well illustrated by the linear
functions describing the relationship of Hg flux to
watershed:lake area for each of the last three decades
(Fig. 5¢). These linear models suggest that the atmo-
spheric component of Hg fluxes derived from larger
watersheds continues to increase, even as the overall
atmospheric deposition rate {e.g. mode! prediction at a
watershed:lake area ratio of 1) appears to be declining.

Our estimate of 93.8% atmospheric Hg retention in
the watersheds of the study lakes is significantly elevated
over the 78% reported by both Engstrom et al. (1994)
and Lorey and Driscoll {1999) for their Midwestern and
Adirondack study lakes. The cause of this difference
may relate either to the biogeochemistry of the water-
sheds, or to physical factors. Driscoll et al. (19944, b,
1998) indicate that Hg delivery through watersheds is
controlled by a variety of factors, inctuding DOC, pH,
alkalinity, and the proportion of wetlands in the

watershed. Other influential factors include bedrock
geology (Coker et al., 1995) and land use (Hurley et al_,
2000). Alkalinity, taken here as a general indicator of
DOC and pH in the watersheds, varies significantly
between our study lakes, and the Adirondack and
Midwestern ones (F = 6.89, p = 0.005), with log-ad-
justed alkalinity values significantly lower in the
Adirondack lakes. However, there is no significant
relationship between the estimated modern atmospheric
Hg retained in the watersheds, and alkalinity (p=0.05,
n = 3}. The geology underlying the lakes of all three lake
sets, while varied, does not differ strongly, except by the
presence of two highly alkaline Minnesota lakes cored
by-Engstrom et al. (1994). Land cover in the watersheds
of all three study lake sets is predominantly forested,
however, only the Adirondack lake set may have .
escaped the influence of deforestation in the past 150
years. No data are available regarding wetlands for
either the Adirondack or Midwestern study lakes. Thus,
given the available imformation, variation in watershed
chemistry, bedrock geology, or land use cannot alone
explain the high atmospheric Hg retention observed in
these Vermont and New Hampshire lakes.

Morphologically, however, the study lakes are differ-
ent. Watershed:take area ratios vary significantly among
these three studies (F = 7.098, p = 0.004). The present
study lakes have significantly larger watershed ratios
than the Midwestern sites (p<0.05), which are pre-
dominantly seepage lakes. Watershed ratios for the
Adirondack sites are intermediate in size, and the lakes
are mixed drainage and seepage. Therefore, the larger
watershed:lake area ratios in this study may explain why
these Vermont and New Hampshire lakes display higher
Hg retention than do the Adirondack and Midwestern
study lakes. Our estimate of 93.8% Hg retained in the
watersheds is in good agreement with mass-balance
estimates of 92% to 94% provided by Scherbatskoy et al.
(1998) for a small forested watershed adjacent to the
PMRC.

4. Summary

Estimated Hg fluxes across the 10 lakes sampled in
this study provide three distinct signals. First, there
exists a synchronous increase in Hg fluxes across all
lakes corresponding to the period 1850-1875, and Hg
fluxes peak between 1955 and the present. Peak Hg
fluxes are on average 3.9 times greater than average pre-
1850 values, which is attributable to increased atmo-
spheric deposition of Hg over the core record. Second,
the relationship between the watershed:lake area ratio
and Hg flux has become increasingly important in the
past 30 years, and the modern direct atmospheric
estimate of 21 pgm™2yr™ ' is in reasonable agreement
with measured atmospheric fluxes. Finally, watershed
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retention of atmosphericatly deposited Hg, estimated at
93.8%, is elevated relative to Adirondack and Mid-
western lakes, but 15 in geod agrecment with mass-
balance measurements made near PMRC. A great deal
of effort is presently being accorded to reduction and
virtual elimination of Hg. Indeed, burning of cleaner
coal and reductions in other industrial emissions may
have resulted in the reduced Hg fluxes observed in this
dataset in recent times. However, high watershed Hg
retention, coupled with a continually increasing influ-
ence of watershed size in the downstream delivery of Hg,
indicate that a significant time lag can be expected
between implementation of Hg use and emission
controls, and significant reductions in Hg accumulation
to lake sediments. Quantification of this lag may be
possible given the number of paleolimnological datasets
presently avatlable across North America, and repre-
sents a ruitful area for further analysis and inquiry.
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The effects of methylmercury (MeHg) on components of the
cholinergic system were evaluated in captive mink (Mustela
vison). Cholinergic parameters were measured in brain regions
(occipital cortex, cerebellum, brain stem, basal ganglia) and blood
"(whole blood, plasma, serum) following an 89-day exposure to
MeHg at dietary concentrations of 0, 0.1, 0.5, 1, and 2 ppm (n = 12
animals per treatment). There were no effects of MeHg on brain
choline acetyltransferase, acetylcholine, and choline transporter.
However, significantly higher densities of muscarinic cholinergic
receptors, as assessed by *H-quinuclidinyl benzilate binding, were
measured in the occipital cortex (30.2 and 39.0% higher in the 1
and 2 ppm groups, respectively), basal ganglia (67.5 and 69.1%
higher in the 0.5 and 1 ppm groups, respectively), and brain stem
{64.4% higher in the 0.5 ppm group), compared to nonexposed
controls. The calculated positive relationship between MeHg
exposure and muscarinic cholinergic receptor levels in this dosing
study were consistent with observations in wild mink. There were
no MeHg-related effects on blood cholinesterase (ChE) activity,
but ChE activity was significantly higher in the occipital cortex
(17.0% in the 1 ppm group) and basal ganglia (34.1% in the 0.5
ppm group), compared to nonexposed controls. The parallel in-
creases in muscarinic cholinergic receptor levels and ChE activity
following MeHg exposure highlight the autoregulatory nature of
cholinergic neurotransmission. In conclusion, these laboratory
data support findings from wild mink and demonstrate that
ecologically relevant exposures to MeHg (i.e., 0.5 ppm in diet)
have the potential to alter the cholinergic system in specific brain
regions.

Key Words: mink; methylmercury; muscarinic receptor; cholin-
esterase; brain; wildlife; neurotoxicology.
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Methylmercury (MeHg) is extremely neurotoxic, as it can
readily cross the mammalian blood brain barrier and interact
with protein thiols (ATSDR, 1999; Clarkson, 1997). At sub- to
low-micromolar concentrations MeHg can impede essential
neurophysiological processes, including microtubule forma-
tion and calcium homeostasis (Castoldi et al., 2001). Although
the neurotoxic effects of MeHg are mediated through multiple
mechanisms, studies have shown that specific aspects of cho-
linergic neurotransmission are vulnerable to MeHg. In vitro,
MeHg can inhibit the neuronal uptake of choline {Kobayashi
et al., 1979), activity of choline acetyltransferase (ChAT)
(Dwivedi er al., 1980; Kobayashi er al., 1979; Omata et al.,
1982), and binding to the muscarinic acetylcholine (mACh)
receptor (Abd-Elfattah and Shamoo, 1981; Basu ef al., 2005¢).
In vivo, exposure to MeHg has been linked with decreased
activity of ChAT (Dwivedi et al., 1980; Omata et al., 1982),
increased levels of mACh receptors (Coccini et al., 2000), and
reduced concentrations of acetylcholine (ACh) (Hrdina ez al.,
1976; Kobayashi er al, 1980). Furthermore, some of the
clinical outcomes of cholinergic dysfunction (i.e., anorexia,
salivation, tremors, reduced vision, seizures) (Kobayashi et al.,
1980; Wess, 2004) have also been observed in Hg-poisoned
individuals (ATSDR, 1999; Watanabe and Satoh, 1996), thus
suggesting a possible role for this neurotransmission system in
the progression of MeHg toxicosis.

Mercury (Hg) is a contaminant of global concern because
elemental Hg (Hg" can undergo long-range atmospheric
transport and later be converted to MeHg, which biomagnifies
through aquatic food webs (Chan et al., 2003; U.S. EPA, 1997,
Wiener er al,, 2003). Individuals at greatest risk of MeHg
intoxication are obligate consumers of predatory fish. For
example, ingestion of MeHg-contaminated fish by inhabitants
of Minamata Bay and Niigata (Japan) circa 1950-1960 was
implicated as the causative factor of Minamata disease
{(Watanabe and Satoh, 1996). Fish-eating wildlife are also
susceptible to MeHg intoxication {Chan er al., 2003; Wiener
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et al., 2003}, and it should be noted that symptoms resembling
Minamata disease were observed in resident animals (e.g.,
dogs, cats, fish) nearly 4 years before the first documented
human case (Watanabe and Satoh, 1996). Controlled dosing
experiments have demonstrated that piscivorous wildlife, such
as mink (Mustela vison; Aulerich et al., 1974; Wobeser et al.,
1976, Wren et al, 1987), river otters (Lontra canadensis;
O'Conner and Nielson, 1980), seals (Phoca sp.; Ronald ef af.,
1977), and loons (Gavia immer; Kenow et al., 2003), are
sensitive to MeHg. Dietary levels as low us | ppm MeHg have
been associated with a range of adverse outcomes at the tissue
(e.g., neurcnal lesions), whole-animal (e.g., effects on re-
production and neurobehavior), and possibly even population
(e.g., decline in numbers) levels.

While MeHg has the potential to affect ecosystem health,
nowadays fish-cating wildlife are seldom exposed to concen-
trations associated with overt toxic effects (1.e., > ppm MeHg
in dier). Instead, animals are exposed to lower concentrations
on a continual basis. The subtle biochemical and cellular
perturbations associated with these exposures have gone
largely unstudied. We recently documented that alterations in
mACh receptor density can be associated with MeHg accu-
mulation in the brains of wild mink (Basu et al, 2005a).
Specifically, animals with higher MeHg accumulation in brain
also had greater numbers of mACh receptors. Variations in
neurochemical receptors (i.e., mACh and D2 receptors; Basu
et al., 2005b) and enzymes (ChE and monoamine oxidase;
Basu et al., under review) have also been linked with MeHg
exposure in North American river otters. The existence of such
neurochemical changes raises numerous questions regarding
the ecophysiological consequences of MeHg on wildlife
populations. As disruptions to neurochemistry are known o
precede structural and functional damage to the nervous system
(Manzo et al., 2001), alterations in brain chemistry may serve
as an early warning for subsequent adverse neurological effects,

A major limitation in cross-sectional, epidemiological stud-
ies is the influence of multiple factors (e.g., co-contaminants,
environmental stressors, and geographic isolation) on expo-
sure-effect outcomes. As a result, before a causal link can be
made between MeHg intake and neurochemical changes in
fish-eating mammals, controlled dosing trials are required to
characterize the underlying mechanisms and derive quantita-
tive information. Wildlife are excellent models to validate the
utility of neurochemical approaches, since exposure-response
relationships can be assessed at multiple tiers of biological
organization (i.e., laboratory experiments in vitro, whole-
animal feeding trials, and field or ecosystem investigations),
and brain tissue can be oblained for detailed analysis. Such
multifaceted approaches are generally not permissible for
rodents or humans. Accordingly, the present study was
conducted to explore the effects of dietary MeHg on compo-
nents of the cholinergic system in captive mink exposed to
ecologically relevant concentrations of MeHg (i.e., 0 to 2 ppm)
for 3 months.
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MATERIALS AND METHODS

Chemicals. Methyl Hg chloride (>95% purity) was obtained from Alfa
Aesar (Ward Hill, MA). [0-Acetyl-3,7-dihydroxyphenoxazine (Amplex Red) was
purchased from Molecular Probes, Inc (Eugene, OR). 3!—I-:f\.cclyl CoA (200 Ci/
mmol), *H-hemicholinium-3 (125 Ci/mmmol), and JH-quinuclidiny] benzilate {*H-
QNB; 42 Cifmmol) were obtained from NEN/Perkin Elmer (Boston, MA). All
other laboratory reagents were purchased from Stgma- Aldrich (St. Louis, MO).

Animals.  Because mink are sensitive to many types of pollutants and can
be studied both in captivity and in nature, they have been endorsed as excellent
sentinels (U5, EPA, 1997). Juvenile male mink (1763 = 141 g), approxirmately
3 months of age at the initiation of study, were obtained from a commercial
rancher and certified discase free. They were housed individually in raised wire
mesh cages with nest boxes attached at the Canadian Centre for Fur Animal

. Research (Nova Scotia Agricultural College, Truro, NS, Canada). Mink were

exposed to a natural photoperiod and temperature and had free access (o water
during the acclimition (2 weeks) and exposure (~13 weeks) periods. Each
animal was checked twice daily, and all aspects of this stedy were approved by
the Nova Scotia Agricultural Cottege Animal Care and Use Committee and
carried out in strict accordance to Canadian Council on Animal Care (CCAC)
puidelines.

Experintental design.  Feed was prepared ot the Nova Scotia Agricultural
College and consisted of Atlantic herring (32%), beef tripe and liver (22%), cod
(17%), barley (14%), herring oil (0.9%), and a preformulated vitamin-mineral
mix. MeHg was incorporated into the diet at nominal concertrations of 0, 0.1,
0.5, |, and 2 ppm, to reflcct levels that would commonly be encountered in their
natural environment (EPA, [997). Animals were fed twice daily for a period of
89 days {August to November 2004). This length of exposure was chosen
because it allows for the steady-state accumulation of Hg into tissues (Jernelov
er el 1976) and is approximately 10% of a wild mink’s lifespan ¢Lariviere,
1999).

Al the termination of the study, each animal was anesthetized with an im
injection of xylazine (2 mg/kg bw) and ketamine hydrochloride (25 mg/kg bw).
Rlood was drawn via ¢ardiac puncture, and the animals were sacrificed with an
overdose of pentobarbital (105.6 mg/kg bw ic). Blood samples were kept on ice
for approximately 4-6 h before they were separated inio plasma and serum as
described by Stamler ef af. (2005), and then stored at —80°C. The entire brain
was extracted from the skull, and specific regions (accipital cortex, cerebellum,
brain stem, and basal ganglia) were dissected from the right hemisphere and
stored at —80°C. These regions were studied because their structure and/or
function have previously been shown to be affected by MeHp (ATSDR, 1999,
Clarkson, 1997). Total Hg was measured in the feed and the tissues (brain and
blood} according to Evans er af. (2000},

Neurochemical assays. Tissues were prepared as described by Stamier
el al. (2005) with minor madifications. AH brain samples were homogenized
for 30 s in cold Na/K buffer (50 mM NaH,PQ,, 5 mM KCI, 120 mM NaCl,
pH 7.4). For binding assays, cellular membranes wete isolated by centrifuging
the homogenate at 32,500 X g for 15 min at 4°C. The resulting peller was
washed twice under the same conditions, and the final pellet was resuspended in
Na/K buffer. For ChAT, ACh, and ChE analyses, Triton-X (final concentration
= 0.1% wiv) was added to the homogenate followed by a 20-s sonication.
Protcin concentration was determined wsing the Bradford protocol, Samples
were stored at —80°C prior to analysis,

ChAT activity.  The activity of ChAT was determined by the method of
Fonnum (1975) with modifications. The assay was carried out by incubating
samples (10 pg protein) in 50 mM No/K buffer containing 10 mM EDTA,
100 uM eserine, 100 mM choline chloride, and 0.2 pCi *H-acetyl Co A for 30 min
at 37°C. The reaction was terminated by adding an equal volume (200 pb) of
t.3% tetraphenyl boron, followed by vigorous shaking and centrifugation
3750 X g (10 min, 25°C) to separate the phases. The activity of ChAT was deter-
mined by measuring ACh in the organic layer, and the results were expressed
as fmol ACh formed/min/ug protein.
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ACh concentration. Concentrations of ACh were quantified using a com-
mercially available kit {Molecular Probes Inc., Eugene, OR) with minor
modifications. Samples (10 pg profein) were incubated in Na/K buffer
including 100 pM Amplex Red, 200 mU horseradlish peroxidase, 20 mU
choline oxidase, and 5 U acetylcholinesterase (AChE). Formation of the assay
end-product, resorufin, from ACh was determined following a three-step
enzymatic reaction catalyzed by AChE, choline oxidase, and hydrogen
peroxidase. Fluorescence of resorufin (A = 540, A, = 590) was monitored
in a microplate fluorometer (FLUQOstar Optima, BMG Laboratories, Offenburg,
Germany) follewing a 30 min incubation period. The concentration of ACh
was determined from a standard curve (02 pM ACh chloride) and expressed as
aM ACh per mg protein.

mACh receptor binding assay. Binding to the mACh receptor was
performed in a 96-well 1.0 pM GF/B glass filter system (Millipore, Boston,
MA) as previously described (Stamler e al., 2005). Approximately 20 pg of
membrane preparation in Na/K buffer was incubated with 1 nM *H-QNB,
a concentration that is indicative of mACh receptor density in mink (Stamler
et al., 2005). Following a 60-min incubation period under gentle agitation, the
binding assay was terminated by vacuum filtration, and the filters were washed
three times with Na/K buffer and then allowed to soak overnight in scintiliation
cocktail. The radioactivity retained by the filters was quantified by a liguid
scintillation counter (Beckman LS3801, Fullerton, CA) with approximately
60% counting efficiency, Specific binding was defined as the difference in *H-
QNB bound in the presence and absence of 100 pM atropine sulphate.

To compare the relationship between brain Hg and mACh receptor levels
from the current study (i.e., data for four discrete brain regions) with a prior
cross-sectional field experiment on wild mink (i.e., data for whele brains) (Basu
et al., 20052), receptor data from the current study were normalized to provide
a relative measure of possible levels in the whole brain. This was achieved by
taking into consideration that the average weight of the whole mink brain was
10.88 + 0.8] g, and that approximate weights of the individual regions were:
occipital cortex (1.0 g), cerebellum (1.2 g}, brain stem (0.8 g}, and basal ganglia
(0.3 g). The weights of these regions were estimated by measuring the amount
of tissue extracted during the necropsy, and the values compare favorably to
rodents (Scheuhammer and Cherian, 1982), It should be noted that assumptions
in this approach are that Hg levels are uniformly distributed throughout the
mink brain, and that MeHg-related changes in mACh receptor levels are
localized only to the specific brain regions we explored.

ChE activity. The activity of ChE in brain and blood samples was
determined according to protocols described by Stamler ef al. (2005), The
assay was carried out by incubating samples (0.1 pg of brain protein, or 1:5151
diluted whole blood, plasma, or serum) in Na/K buffer containing 100 pM
Amplex Red, 200 mU horseradish peroxidase, 20 mU choline oxidase, and
100 uM ACh chloride. After a 30-min incubation period, the reaction end-
product, resorufin, was detected as described in the section ACh concentration.
The specific activity of ChE was expressed as nmol of reserufin formed per min
per protein (ug) or volume (pl).

Choline transparter. Binding to the high-affinity choline transporter was
based on the method of Vickroy e af. (1984) and modified for a 96-well
microplate filtration system. Approximately 20 pg of membrane preparation
was preincubated for 30 min in Na/K buffer in filter plates (1.0 uM GF/B glass
filters, Millipore, Boston, MA) that were presoaked with 0.1% polyethyleni-
mine. Samples were then incubated with 2 nM H-hemicholinium-3 for 20 min
at 25°C under gentle agitation, The binding assay was terminaled, and
radioactivity was quantified according 1o the methods described in the section
mACh receptor binding assay. Specific binding was defined as the difference
in *H-hemicholinium-3 bound in the presence and absence of unlabelled
hemicholinium-3 (10 pM),

Statistical analyses. For quality control, method blanks and positive con-
trols were included in all biochemical assays. An internal standard was created
by pooling brain tissues from five untreated mink, and this sample was used to
calculate inter- and intra-assay variation. Al samples were assayed in triplicate.

BASU ET AL..

A p value less than or equal to 0.05 was considered statistically significant in
all unalyses. Al statistical analyses were performed using SPSS version 11.5
(Chicago, IL). Data are represented as means = SD. The difference in the
nominal and actual concentrations of Hg in the diet was assessed by a Mann-
Whitney U test. Concentrations of MeHg in blood and brain were log-
transformed to satisfy the assumptions of parametric statistics. One-way
analysis of variance (ANOVAs) was used to determine the effects of dietary
MeHg on the cholinergic parameters and Hg burden. When signiticant
differences were found, post-hoc comparisons were performed with Tukey's
HSD. Pearson correlations were used to determine the association between
neurochemical parameters in components of blood and brain regions. The
slopes of the regression plots relating brain Hg with mACh receptor levels from
the laboratory and field study were compared using a general linear model.

RESULTS

No mortalities or obvious changes to animal behavior were
evident during the trial. The background level of Hg in the
control diet (i.e., 0 ppm MeHg) was 22 + 7 ngfg, and the
measured concentrations of dietary MeHg in the treatments
were not significantly different from the nominal values. Given
that mean daily feed intake among all treatments was 31363 g
feed per animal, dietary exposures ranged from 3.3 1o 267.8
pekg b.ow.iday (Fy 50 ="246.2, p <0.001) (Table ). A significant
exposure-dependent increase in total Hg was measured in blood
{Fsss = 7.9, p < 0.001) and brain (Fs 55 = 597.5, p < 0.001)
(Table 1). There were no significant MeHg-related changes in
feed intake, whole body, and brain weight.

Cholinergic Measurements

The inter- and intra-assay variation in all assays was less
than 15%, except for the measurement of choline transporter
(intra-assay CV = 23.3%). There were no MeHg-related effects
on ChAT activity, ACh concentrations, or choline transporter in
different regions of the brain (data not shown). However,
significant MeHg-dependent increases in mACh receptor levels
were measured in all brain regions studied except for the
cerebellum (Fig. 1). *H-QNB binding in the occipital cortex
was significantly (F4s5 = 3.8, p < 0.01) higher in the 1 and 2
ppm dietary groups (30.2 and 39.0%, respectively), compared
to controls (Fig. 1A). In the basal ganglia, exposure to 0.5 and
1 ppm MeHg resulted in significantly (F, 55 = 2.8, p < 0.05)

TABLE 1
Concentrations of Total Hg in the Diet and Tissues

MeHg (ppm) Intake Whole blood Brain

in diet, nominal {(pg'kg bwiday) (ppm w.w.) (ppm d.w.})
0 3.3+ 06" 0.14 £ 0.27¢ 0.41 = 0.09°
0.1 175+ 1.7 0.60 £ 0.81° 1.50 £ 0.34"
0.5 774 £ 76" 0.68 + 0.72" 4.09 £ 0.98"
1 162.5 + 23.5¢ 0.68 + 0.47" 7.13 = 0.94"
2 267.8 + 24.9° 1.42 £ 0.80° 15.38 = 3.92¢

Note. Numbers represent means + SD, and letters represent significant
differences within columns.
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higher *H-QNB binding (67.4 and 69.1%, respectively) com-
pared to controls (Fig. 1C). In the brain stem, mean 3H-QNB
binding was significantly (F4 55 = 2.9, p < 0.05) higher (64.4%}
in the 0.5 ppm dietary group relative to controls (Fig. 1D).

For ChE activity, MeHg-related increases were measured in
the occipital cortex and basal ganglia (Fig. 2). The activity of
ChE in the occipital cortex was significantly (Fys5 =32,p <
(0.05) higher in the 1 ppm MeHg group, compared to the 0 and
2 ppmdietary groups, by 17.0 and 18.4%, respectively (Fig. 2A).
In the basal ganglia. ChE activity was significantly (F4 55 = 3.1,
p < 0.05) higher by 34.1% in the 0.5 ppm group compared to
nonexposed controls (Fig. 2C).

Inthe components of blood tested (i.e., whole blood, plasma,
serum) there were no effects of MeHg on the activity of ChE
(data not shown). However, there were significant correlations
between enzyme activity in plasma and brain stem (r = 0.516,
p < 0.0001}, plasma and occipital cortex (r = 0.250, p < 0.05),
and whole blood and basal ganglia (r = ~0.404, p < 0.001).

Comparison of mACh Receptor Levels between Lab
and Field Snudies

The relationship between brain Hg and mACh receptor
levels were compared between the current laboratory study

and a previous field experiment (Fig. 3). By normalizing the
receptor data from the current dataset (i.e., studied in four
discrete brain regions) to reflect values in the entire brain, the
densitics of mACh receptor (dependent variable) could be
related to Hg (independent variable) in whole brains according
to the following equation: y = 129.8Ln(x) + 1507.5 (r* =
0.176, p < 0.001). This exposure-response relationship is
similar to the field study (y = 118.8Ln(x) + 629.4; v’ =
0.299, p < 0.0001), as no statistically significant differences
were obtained between the slopes of the two regression plots.

DISCUSSION

Studies in wild (Basu et «f., 2005a,b, under review) and
laboratory (Coccini et al., 2000, Dwivedi er al., 1980; Hrdina
et al., 1976; Kobayuashi er al, 1980; Omata er al., 1982)
animals have shown that MeHg can alter components of the
cholinergic system. The effects on this system are nonspecific
and are caused by the interactions of MeHg with sulfhydryl-
containing proteins, which are ubiquitous in all cells. Thus, to
properly evaluate the effect of MeHg on cholinergic neurotrans-
mission, we-have systematically investigated the key biochem-
ical parameters in this pathway. While no changes to brain
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muscarinic acetylcholine {mACh) receptoss in the brain tissues of captive (open
circles—() and wild (closed circles—®)} mink. The data from the laboratory
were normalized from receptor levels measured in four discrete brain regions
{i.e., occipital conex, cerebelium, basal ganglia, and brain stem). The data from
the field were obtuined from a previous publication (Basu et al., 2005a). Lines
of best fit were calculated with linear regression inodeling,

ChAT, ACh, or choline transporter were found, significant
increases of mACh receptor levels (Fig. 1) and activity of ChE
{Fig. 2) were related to dietary MeHg intake. The mechanisms
underlying these observations can be attributed to the tightly
regulated and homeostatic controlled cholinergic system.
Exposure of mammals to MeHg results in a net decrease of
cholinergic signals through the central nervous system. In vitro,
MeHg can inhibit the activity of ChAT (ie., decreased
synthesis of ACh; Dwivedi et al., 1980; Kobayashi er al.,
1979; Omata ef al., 1982), ligand binding to the mACh receptor
(i.e., reduced signal transduction; Abd-Eifattah and Shamoo,
1981; Basu et al., 2005¢), and reuptake of choline (i.e., reduced
ACh turnover; Kobayashi et al., 1979). These results are
supported in vive, as MeHg can reduce ChAT activity (Dwivedi
et al., 1980; Omata et al., 1982) and ACh content (Hrdina et al.,
1976; Kobayashi et al., 1980). Despite these data, we did not
measure any changes in ChAT activity, ACh concentration, or
levels of choline transporter. Prior documentation of ChAT
inhibition was obtained from acute, high-dose experiments on
rats (i.e., 2-10 mg/kg bw/day for 1-4 weeks; Dwivedi ef al.,
1980 Omata et al., 1982), Conversely, our study was designed
to mimic an ecologically relevant scenario (i.e., <0.27 mg/kg
bw/day for 12,7 weeks). Perhaps no effects on ChAT were
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found because the burden of MeHg in the brain was not
sufficiently high to affect ecnzyme activity, or the animals
adapted to the continuous exposure. While MeHg can inhibit
the reuptake of choline into the neuron in vitro (Kobayashi
et al., 1979}, to our knowledge, MeHg-induced changes in the
levels of this transport protein have not been observed in vivo.
Interestingly, the blockage of choline uptake in rats by MeHg
or hemichelinium {a potent inhibitor of choline uptake) results
in similar biochemical (i.e., reduced ACh content and turnover)
and behavioral (e.g., tremors, staggered gait, and depression)
outcomes {Kobayashi er al., 1980). It was not possible to
postulate whether the neuronal content of ACh was affected by
MeHg in our study. The accurate estimation of this neuro-
transmitter requires immediate decapitation or microwave
irradiation, as ACh is rapidly hydrolyzed by ChE (turnover
rate = 150 usec; Goldberg and Hanin, 1976). Neither method
was an option in the present study because of animal care
protocols. Because chronic exposures to low levels of MeHg
can be related to decreased ACh content in rat brains {(Hrdina
et al., 1976}, carefully designed studies will be required to
reconcile this outcome in wildlife.

The key finding of this study was that the variation in
mACh receptor levels could be related to the intake of MeHg.
The mACh receptor belongs 1o a highly conserved class of
membrane-spanning proteins that transduce intraceflular sig-
nals through a G-protein (Wess, 2004). MeHg can directly
affect this receptor by inhibiting ligand binding (Abd-Elfattah
and Shamoo, 1981). For example, the calculated IC50 in the
cerebral cortex of mink (3.5 pM MeHg) was within four-fold of
values in humans and rodents (Basu er ad., 2005¢). Because Hg
can impair ligand binding, up-regulation of the mACh receptor
is possibly a compensatory mechanism to ensure homeostasis
in cholinergic transmission. Coccini et af. (2000) also found
increased mACh receptors (20 to 44% over controls) in adult
female Sprague-Dawley rats exposed to MeHg (0.5 mg/kg
bwfday) for 16 days. However, these changes were measured
14 days following the termination of treatments and were lo-
calized to the hippocampus and cerebellum. No MeHg-related
alterations in mACh receptor levels were found in the cerebral
cortex. Whether there is a species difference in the suscepti-
bility among different brain regions requires further study.
A similar positive correlation was observed between concen-
trations of brain Hg and mACh receptor levels in wild mink
collected from three study sites across Canada in a cross-
sectional study (Basu et al., 20052). More importantly, there
was no significant difference in the slopes of the regression
curves obtained from the current laboratory study and the pre-
vious field investigation (Fig. 3). Because consonant exposure-
response relationships infer a common mode of action, these
findings collectively suggest that exposure to ecologically rele-
vant concentrations of MeHg can be related to higher levels of
mACh receptors in populations of wild mink. The existence of
this phenomenon in natural populations is further supported by
considering that Hg-related changes to the cholinergic pathway
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have also been observed in feral river otters (Basu et al., 2005b,
under review).

MeHg-related increases of ChE activity were measured in
the occipital cortex and basal ganglia (Fig. 2). In vitro, MeHg
does not inhibit ChE activity in mink (N. Basu, unpublished
data) or rodents (Kobayashi et al., 1979, 1980). Therefore,
changes in enzyme activity are likely secondary responses
resulting from variations in mACh receptor levels. Several
studies have shown that pharmacological agents and environ-
mental pollutants can induce unidirectional changes to the
mACh receptor and ChE activity. For example, decreases in
both ChE activity and mACh receptors are common outcomes
in animals poisoned by organophesphates (Costa ef al., 1982).
In nature, a positive correlation has been calculated between
mACh receptor levels and ChE activity in wild birds exposed to
pesticides (Burn and Leighton, 1996) and in wild river otters
exposed to Hg (Basu er @l., under review). These examples
highlight the autoregulatory nature of the cholinergic system
during periods of toxicant stress,

MeHg causes discrete lesions to the calcarine region of the
occipital cortex and to the granule layer of the cerebellum in
wildlife (Wobeser ¢t ai., 1976; O'Conner and Nielson, 1981),
rodents, and humans (Watanabe and Satoh, 1996), and these
homologous responses in different mammalian species suggest
acommon mode of action. While neurochemicat changes would
be expected in the two aforementioned brain regions, alterations
in mACh receptors and ChE activity were measured only in the
occipital cortex (Figs. 1A and 2A). The lack of observable
response in the cerebellum (Figs. 1B and 2B) is likely due to the
scarcity of cholinergic neurons in this brain region, although
further research is required because prior studies have found
MeHg-related effects on the mACh receptor in this region (Basu
et al., 2005¢; Coccini et al., 2000). Changes in cholinergic para-
meters were also measured in the basal ganglia and brain stem,
and some clinical outcomes of MeHg poisoning have been
linked to functional impairments in these brain structures, For
example, MeHg-induced hand tremors (Fawer ef af., 1983) and
auditory-evoked potentials (Murata ef al., 1999) can be related
to damage to the basal ganglia and brain stem, respectively.

Monitoring neurochemistry is a novel approach to predict
and/or detect early nervous system dysfunction, because alter-
ations in cellular biochemistry are known to precede permanent
tissue damage (Manzo et al., 2001). In the current study, a
continuum of MeHg-related neurological effects was observed
whereby exposure of mink to the lowest treatment (i.e., 0.1 ppm)
resulted in significant uptakes of Hg into brain (Table 1), but no
significant changes in neurochemistry. With increasing expo-
sure to dietary MeHg, neurochemical effects became evident
in animals exposed to 0.5 ppm MeHg (Figs. 1 and 2). Prior
studies have shown the emergence of neuropathology in mink
exposed to 1 ppm dietary MeHg (Wobeser ef af., 1976; Wren
et al., 1987). 1t is interesting to note that alterations in
neurochemistry often subsided in the highest exposure groups
(e.g., mACh receptor levels in the basal ganglia and brain stem,
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Figs. 1C and 1D, respectively), and this attenuation may be
related to the animal’s inability to maintain cellular homeo-
stasis once cytotoxicity becomes imminent.

In summary, the present study demonstrated that MeHg can
affect certain parameters of the cholinergic system in captive
mink. Specifically, MeHg-related increases in mACh receptor
levels (Fig. 1) and ChE activity (Fig. 2) were measured in
discrete regions of the brain. Furthermore, the neurochemical
changes occurred at a MeHg exposure level (i.e., 0.5 ppm) that
is below dietary concentrations (i.e., ~1 ppm; Wobeser et al.,
1976; Wren et al., 1987) known to cause structural and func-
tional damage. The results from this laboratory study corrob-
orate ecological findings and suggest that high MeHg exposure
is associated with increased mACh receptor density in mink
(Fig. 3). Collectively, the emerging evidence from the labora-
tory and the field demonstrate that ecologically relevant con-
centrations of MeHg can affect cholinergic neurotransmission
in fish-eating wildlife.
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16.1 INTRODUCTION

This chapter describes selected aspects of the behavior of mercury in the environment and
examines the ecotoxicology of this highly toxic metal. The widespread geographic extent and
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adverse consequences of mercury pollution continue to prompt considerable scientific investigation.
Furthermore, the cnvironmental sources, biogeochemistry, transformations, transport, fate, and
effects of mercury in the environment are subjects of frequent symposia, workshops and a large,
steadily expanding body of scientific literature. We characterize the environmental mercury prob-
lem, critically review the ecotoxicology of mercury, and describe the consequences of methylmer-
cury contamination of food webs. We discuss processes and factors that influence exposure to
methylmercury, the highly neurotoxic form that readily accumulates in exposed organisms and can
biomagnify in aquatic and terrestrial food webs to concentrations that can adversely affect organisms
in upper trophic levels, including humans. Emphasis is given to aquatic food webs, where the
problem of methylmercury contamination is greatest.! When available, recent reviews have been
cited for readers interested in more detailed coverage.

Concerns about environmental mercury pollution and contamination of aquatic food webs stem
largely from the human heatth risks of dietary exposure to methylmercury, the deminant form of
mercury in the edible flesh of fish and aquatic mammals.>~* The human health risks associated with
mercury in surfuce waters and aguatic biological resources are not reviewed here but have been
critically examined in several case studies and recent reviews. ™ 1 Nonctheless, our discussion of
processes and factors affecting exposure of fish and wildlife to methylmercury is directly relevant
to the issue of human exposure lo methylmercury, which results largely from consumption of fish,
shellfish, and aquatic mammals and birds. 101207

16.2 EVOLUTION OF THE ENVIRCNMENTAL MERCURY PROBLEM

Humans have been using mercury for more than 2000 years for a wide variety of applications, ™1
and centurics of emissions and reemissions of anthropogenic mercury have caused widespread
environmental contamination over large regions of the globe *?' Cinnabar, HgS,, the principal
mercury ore, was used as a red pigment long before the process for refining mercury ore to recover
elemental mercury, Hg", was discovered. Since the advent of refining cinnabar, five mining areas
have dominated the historical global production of elemental mercury: the Almadén district in
Spain, the Idrija district in Slovenia, the Monte Amiata district in Italy, the Huancavelica district
in Peru, and the state of California in the United States.'** At Almadén, Spain, mercury was first
mined about 430 B.C..,” and during the next 25 centuries the Almadén mines produced more than
280,000 metric tons of the estimated total glebal production of about 800,000 tons.?? The mining
and smelling of cinnabar and other mercury ores have caused substantial contamination of air, soil,
water, hiota, and sediment in the vicinity of such operations, and mercury-containing wastes at
mining and smelting sites continue to emit mercury, including methylmercury, to the environment
for decades or centuries after operations cease 22+

From 1530 to 1930 an cstimated 260,000 tons or more of mercury were released globally from
mining operations that used the mercury-amalgamation process to recoyer gold and silver.’! In the
United States, gold mining was the primary use of mercury during the latter half of the 1800s, and
the demand created by gold and silver mining stimulated mining for mercury as well.'32 The
mining of mercury deposits (primarily cinnabar) along 400 km of the Coast Range of California,
for example, was stimulated by the California gold rush in the mid- 18005283234

Gold or silver was mined throughout much of North America, and large quantities of mercury
were uscd for precious-metal mining in California, Nevada, and South Dakota.?* Contaminated
tailings and alluvium originating from mining sites are consequently widespread in North America
and elsewhere.??33-%7 Emissions of mercury from contaminated mine tailings and lands include
volatilization of Hg® to the atmosphere, aqueous dissolution by infiltrating water and entrainment
with stream flow, and physical erosion and downstream transport of mercury-cnriched geologic
materials. "¢ Contaminated tailings can remain a source of mercury cmissions for decades or
centuries after mining operations have ceased ¥ In some drainage basins, exemplified by the
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Carson River (Nevada), contaminated sediment originating from historic mining sites has been
transported, deposited, and redistributed far downstream, causing persistent contamination of stream
and river channels, river banks, floodplains, and reservoirs along exlensive reaches of the water-
shed 3335-3840414344 The natural burial of such mercury-contaminated deposits by more recent,
“clean” sediments may mitigate these settings only temporarily, given that large floods can reexpose
the underlying, contaminated deposits.*

Since the early 1970s there has been a resurgence of gold-mining operations that use the
mercury-amalgarhation process, particularly in South America, Southeast Asia, China, and parts of
Africa. 31974547 These ongoing mining activities, which seem to be stimulated partly by economic
recession,* are widely dispersed in hundreds to thousands of operations — often small and in
remote areas — involving millions of people worldwide.*' 4346 Total emissions from these operations
are now and could remain a globally significant source of new anthropogenic mercury for
decades 31373945 Recent emissions to the global environment from this “new gold rush” may total
as much as 460 metric tons per year (about 10% of annual, anthropogenic global emissions),* with
roughly two thirds of this total emitted to the atmosphere and one third emitted to land or water.”!
In Brazil, gold mining has become the major source of anthropogenic mercury emissions.

Mercury also has a long history of usage in industrial applications, particularly in chlor-alkali
plants and pulp and paper mills, and pollution from these sources has been well documented in
recent decades.? 249 The most publicized industrial releases occurred in Minamata and Niigata,
Japan, in the 1950s and 1960s, when many humans were poisoned by methylmercury after eating
fish that were highly contaminated by mercury from direct industrial sources.>® These tragedies
focused global attention on environmental mercury pollution® and prompted efforts, beginning
around 1970 in the United States, Canada, and many other industrialized countries, to identify
industrial sources of mercury pollution and to reduce intentional discharges of mercury into surface
waters. 245 As a result, mercury levels in fish and sediments in such industrially affected waters
typically declined in subsequent years and decades.3>% In many cases, the concentrations of
mercury in fish decreased by 50% or more during the first decade after discharges were reduced,
and the rate of decrease in concentration then slowed considerably, or concentrations leveled off,
to values that were elevated relative to lesser contaminated waters nearby?#5253335860 At some
mercury-contaminated sites, however, the decline in concentrations of mercury in fish has been
slow ot delayed in the affected aquatic ecosystem. 235263

In industrially polluted Clay Lake, Ontario, mercury concentrations in gamefish have declined
from peak levels but remained substantially above the Canadian mercury limit of 0.5 pg/g wet
weight nearly three decades after operations ceased at the indvstrial source, a chlor-alkali plant
near Dryden that operated from 1962 to 1970.5% Mercury concentrations in axial muscle of 50-cm
walleye (Stizostedion vitrewm) from Clay Lake decreased rapidly after operations ceased at the
chlor-alkali plant — from about 15 jg/g wet weight in 1970 to about 7.5 pg/g in 1972 — and then
declined gradually to about 3.5 ug/g in 1983 .52 Concentrations apparently declined little during the
next 15 years, given that total mercury averaged 2.7 pg/g in a sample of 14 walleyes (mean fork
length, 53 cm) taken from Clay Lake in 1997 and 1998.6 Persistent problems with methylmercury
contamination of aquatic biota at historically contaminated sites may result from continuing,
unintended emissions of mercury from the source area, from recycling and methylation of the
mercury present in contaminated sediments, from temporal increases in the bioavailability of
mercury or in the habitability of highly contaminated zones within the ecosystem, from changes
in food-web structure, from atmospheric deposition of mercury from other sources, or from a
combination of these and other factors 25.506265-% [ndeed, the physical and chemical properties that
made mercury so useful in industrial applications (e.g., liguid state at ambient temperature, high
volatility, and ease of reduction) also make this metal very difficult to contain and recover from
the environment.?

The growing awareness of the hazards of mercury exposure led 1o widespread discontinuation
or phased reductions in usage of the metal in a variety of applications and consumer goods beginning
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in the late 1960s.%1%* For example, the use of mercurial fungicides in seed grain, which began in
the 1940s, had severe consequences for humans and wildlife. Thousands of humans were poisoned,
and hundreds died, when methylmercury-treated grains were eaten (rather than planted) by Iraqi
farmers and their families.®™ Incidents of high mortality of wild birds were reported after planting
of seeds treated with alkylmercury compounds,” and both seed-eating birds and their predators
were poisoned.” The use of mercury compounds as seed dressings was decreased or banned in
Sweden, Canada, and the Unned States in the 1960s and 1970s.

Mining of mercury decreased abruptly in response to rapidly declining demand and prices.
Mercury production in the United States, for example, had peaked in 1877 at more than 2700 metric
tons per year, and as recently as 1969 there were more than 100 active mercury mines in the
country.'® The mercury-mining industry in the United States collapsed in the early 1970s. Fewer
than ten mines remained in production in late 1976, and the last mine in the country to produce
mercury as its principal product closed in November 19901 :

In the late 1970s and 1980s, concentrations of mercury exceeding 0.5 or 1.0 pg/g wet weight
— sufficient to prompt fish-consumption advisories — were reported in predatory fishes from
aquatic ecosystems lacking substantive, on-site anthropogenic or geologic sources of mercury.”-7¢
Subsequeni investigations have shown that in certain aquatic syslems concentrations of methyl-
mercury in aquatic invertebrates, fish, and piscivorous wildlife are commonly elevated — a situation
frequently reported for humic and low-alkalinity lakes (including low-pH lakes),””** newly flooded
rescrveirs,*-# and wetlands or wetland-influenced ecosystems.®*-%! Many such environments can
be characterized as lightly contaminated systems in which the amount of inorganic Hg(II) being
cenverted o methylmercury is sufficient to contaminate food webs supporting production of fish
and wildlife.?2-1%0

Reliable records of temporal trends in mercury deposition can be obtained by analyses of dated
cores of depositional sediments from lakes or reservoirs, of peat from ombrotrophic bogs, and, in -
some cases, ol glacial ice 20710-1% Ap g site in northwestern Spain about 600 km northwest of the |
Almadén mines, substantive anthropogenic emissions of mercury to the aumosphere are reflected in :
peat deposited more than 1000 years ago in a core from an ombrotrophic bog.? The oldest anthro-
pogenic mercury in this core was deposited about 2500 years ago, coinciding with the start of mining
at Almadén and accounting for about 10 to 15% of the total mercury deposited in peat at that time.?
In remote and semiremote areas of North America, Greenland, and Scotland that lack on-site sources
of anthropogenic mercury, the rate of mercury accumulation in many lacustrine sediments has
increased by a factor of 2 to 4 since the mid-1800s or early 1900s, based on analyses of sediment
and peat cores. ' 102 1G107-110 Mareover, some cores from semiremote sites show evidence of recent
declines in atmosphceric mercury deposition associated with decreasing regional emissions of anthro-
pogenic mercury into the environment. 0219019610 Much of the mercury deposited onto terrestrial
catchments is stored in soils, and the sediments in lakes that receive substantial inputs of mercury
from their catchments may be slow to reflect declines in rates of atmospheric deposition of mercury.'"’

Many remote and semiremote ecosystems are contaminated with anthropogenic mercury depos-
ited after long-range atmospheric transport from source arcas.201HLIE Guglitatively, it can be
reasonably inferred that a significant fraction of the methylmercury in the aquatic biota of remote
or semiremote regions, including marine systems, is derived from anthropogenic mercury entering
the aquatic ecosystem or its watershed in atmospheric deposition 2%9410LITLI3218 Ty northern Wis-
consin, for example, the total annwval atmospheric deposition of mercury to an intensively studied,
semiremote seepage lake with no surface inflow and very little groundwater inflow averaged about
0.1 g/ha during 1988 1o 1990, an input sufficient to account for the mass of mercury in water, fish,
and depositing scdimeny. 11119 )

Concentrations of methylmercury in aguatic biota at remote and semiremote sites have probably
increased globally during the past 150 years in response to anthropogenic releases of mercury into
the environment. Substantial increases in methylmercury contamination of marine food webs in
the North Atlantic Ocean, for example, were revealed by analyses of feathers from two fish-eating
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Figure 16.1 Historical trends of increasing methylmercury concentrations {mean = 1 standard error, with sample
size denoted near the bottom of each bar) in feathers of two species of fish-eating seabirds obtained
from the North Atlantic Ocean during 1885 to 19941 Monteiro and Furness''® determined organic
mercury in feathers from museum specimens of the birds to avoid potential errors associated with
postmortem contamination of the museum samples with inorganic mercury.

seabirds sampled from 1885 through 1994 (Figure 16.1).!® The long-term increase in concentration
of methylmercury averaged 1.9% per year in Cory’s shearwater {Calonectris diomedea borealis)
and 4.8% per year in Bulwer’s petrel (Bulweria bulwerii).!'®* Monteiro and Furness''® attributed
these increases to global trends in mercury contamination, rather than local or regional sources.
Mercury concentrations have also increased during the past century in other species of seabirds.’'s
Quantitatively assessing the relative contributions of anthropogenic and natural emissions to the
methylmercury burdens accumulated in biota at remote and semiremote sites is an enormous
scientific challenge, partly because of spatial variation in (1} the contribution of natural sources and
(2) the biogeochemical transformations and transport of mercury on the landscape.** The drainage
basins onto which anthropogenic mercury is deposited can vary spatially in many respects. First,
there is variation in the natural geologic abundances of mercury in bedrock, soils, sediments, and
surface waters.'?-122 Second, surface waters within a region can differ spatially and temporally in
the extent to which they receive total mercury and methylmercury exported from the drainage
basin.9293.10L107.108.123-125 Third, the extent to which inorganic mercury present in aquatic ecosystems
is converted to methylmercury can vary considerably, even on spatial scales of a few kilometers to
tens of kilometers, 589297128 To overcome such complexities, new investigations involving the appli-
cation of stable isotopes of mercury'?-'2# are being employed to examine the biogeochemical cycling,
bioaccumulation, and food-web transfer of “old” vs. newly deposited mercury in ecosystems.!®

16.3 GLOBAL-SCALE ENVIRONMENTAL CYCLING AND FATE
Our understanding of the biogeochemical cycling of mercury (sources, pathways, and pools)

in the environment has increased markedly during the past 10 to 15 years, whether considered in
the context of mass balances, 1313 concentrations in environmental media,?*'% or important
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Figure 16.2 A simplified view of the biogeochemical cycling of mercury in an aguatic ecosystem, depicting
pathways and processes that influence exposure of biota to methylmereury. In this illustration,
mercury enters the ecosystem largely as inorganic Hg{) in atmospheric deposition. The mercury
cycle includes a complex set of biogeochemical processes, of which methylation is most important
from an ecotoxicological perspective. Methylmercury is readily bioaccumulated and transferred in
food webs and can biomagnify to high concentrations in predatory fish and wildlife. Biotic exposure
to methylmercury in the ecosystem is strongly influenced by the net balance between processes
that yield methylmercury and make it available to aquatic biota vs. processes that degrade methyl-
mercury of decrease its bioavailability for uptake.

chemical reactions and rates." - The environmental mercury cycle (Figure 16.2) has four strongly
interconnected compartments: atmospheric, terrestrial, aquatic, and biotic. The atmospheric com-
partment 1s dominated by gaseous elemental mercury (Hg®), although Hg(ID) dominates the fluxes
to the aquatic and terrestrial compartments, The terrestrial compartment is dominated by Hg(IT)
sorbed to organic matter in soils. The aquatic compartment is dominated by Hg{II)-ligand pairs in
water and Hg(II) in sediments, and the biotic compartment is dominated by methylmercury. Mercury
is quite reactive in the environment and cycles readily among compartments,

At the global scale, atmospheric processes and pathways dominate the transport of mercury from
sources to receptors. The global mercury cycle can be envisioned as a two-way exchange process,
in which sources emit clemental mercury (Hg" in the gas phase and various species of Hg(Il) to
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the atmosphere and the atmosphere loses mercury via oxidation of Hg® to Hg(II} and the rapid
removal of gaseous and particulate species of Hg(H) by wet and dry deposition.'%-142 This simple
conceptual model reflects the following understanding of atmospheric pathways and processes: (1)
that many important sources affecting global mercury cycles {including oceans, fossil fuel combus-
tion, and municipal and medical waste incinerators) emit mostly gaseous Hg® and, to a lesser extent,
gaseous and particulate species of Hg(II);!%'4%% (2) that gaseous and particulate forms of emitted
Hg(Il) are subjected to local and regional removal in dry and wet deposition, 3%-141135 limiting their
long-range transport; (3) that divalent mercury can be readily reduced to Hg? by natural processes
in both terrestrial and aquatic ecosystems;'*>!* and (4) that Hg? can be oxidized in the atmosphere
to Hg(II), which is efficiently removed in wet and dry atmospheric deposition,!3-142.145

Mercury deposited onto the land surface in atmospheric deposition is sequestered in terrestrial
soils, largely as species of Hg(II) sorbed to organic matter in the humus layer.!13t147148 Globally,
the inventory of mercury in surface soils far exceeds that in the aquatic and atmospheric compart-
ments. The vast majority (947 Mmol) of the estimated (otal mass of mercury released into the
environment during the past century resides in surface soils, compared to 17 Mmol in the atmosphere
and 36 Mmol in the oceans.® The residence times of mercury in the atmosphere and the oceans
are considerably shorter (a year to a few years) than the residence time of mercury in soils. Yet
soils should be considered a potential long-term source — as well as a sink - for mercury in the
environment, given that the Hg(II) in soils can be reduced and emitted to the atmosphere as Hg®
or slowly exported to aquatic systems located down gradient.! 10147

Recent advances in our understanding of mercury in the environment have highlighted the
dominant influence of human activities — particularly since the industrial revolution -— on the
redistribution of global mercury pools, the size of actively cycling pools, and the importance of
atmospheric pathways 1o a global poliution problem.204%1% Anthropogenic emissions have greatly
increased the mass of mercury now cycling at the earth’s surface and in the atmosphere, 106,107,109
causing widespread contamination of terrestrial soils and aquatic sediments.®19213.148.14 Magon
et al.® estimate that two thirds of the mercury in modern global fluxes is from anthropogenic
sources, and the remaining one third is from natural emissions. Soil and sediment are considered
to be the dominant sinks for atmospherically derived mercury; however, detailed studies have shown
that these enriched pools are susceptible to remobilization via volatilization, leaching, or ero-
sion 2! MSRIGIGII Tnvestigators often find that the more closely they look, the more reactive the
existing mercury pools appear to be; for example, St. Louis et al.’* found that soil-canopy-atmo-
sphere transfer rates were up to three times greater than prior estimates, Friedli et al.t*! showed
that forest fires can release mercury from burned areas, and Lalonde et al.'5? showed that recently
deposited snow can rapidly lose mercury via reevasion to the atmosphere.

The importance of apportioning between natural and anthropogenic mercury emissions is
recognized but very difficult to achieve 2048131141153 Initially, the estimated ratic of natural to
anthropogenic emissions of mercury may have been underestimated.' Tn Europe, for example,
estimated natural emissions of mercury during 1995 were in the range of 250 to 300 tons, only
slightly less than the estimate of 342 tons for anthropogenic emissions.'** In addition, emissions
of Hg? from areas that are geologically enriched with mercury or affected by mining activities can
be substantial *2'** The estimation of natural emissions from diffuse sources is greatly complicated
by the fact that original sources — whether natural or anthropogenic — cannot presently be
distinguished after mercury has been released into the atmosphere and has entered the global
biogeochemical cycle.2!-1!

16.4 MERCURY SPECIATION AND ENVIRONMENTAL CONCENTRATIONS

Scientific understanding of mercury speciation in the environment, although far from compiete,
has increased considerably because of steadily improving analytical and field methods during the
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past two decades. Mercury exists in the environment in three oxidation states — Hg(0), Hg(I), and
Hg(ll) — and for each valence many chemical forms can occur in the solid, aqueous, and gaseous
phases. The environmental chemistry of mercury is very complex, and subtle changes in chemical,
physical, biological, and hydrologic conditions can cause substantial shifts in its physical form and
valence stale over lime scales ranging from hourly to seasonal.!3%13%.152 Here we briefly summarize
selective aspects of mercury speciation in the atmospheric, aquatic, and terrestrial environments,
focusing on aspects most pertinent to the ecotoxicology of mercury, such as the formation and
abundance of methylmercury.

16.4.1 Atmosphere

In most locations, mercury in the atmosphere is mostly (> 95%) gaseous clemental Hg?, with the
remainder composed largely of particulate ionic Hg(I), gaseous divalent mercury (commonly
termed “reactive gaseous mercury”), and, on occasion, trace amounts of methylmercury.!4!.145
Particulate and reactive gaseous mercury have relatively short travel distances (up to tens of
kilometers) and residence times in the atrosphere, whereas gaseous elemental mercury has global-
scale transport and an average atmospheric residence time of about 1 year* Recent analyses of air
in northern Europe showed that total gaseous mercury averaged 1.98 ng/m’, whereas particulate
mercury and reactive gascous mercury averaged 56 and 22 pg/m?, respectively.!3155 Monovalent
mercury is stable only as the dimer (Hg,*), which rapidly disproportionates to Hg® and Hg,?* and
is probably only detectable in atmospheric samples at extremely low levels. ! Over the open oceans
concentrations of gaseous clemental mercury increase from the southern hemisphere (~1 ng/m? at
60° south) to the northern hemisphere (~3 ng/m* at 60° north),'!'%? reflecting the stronger sources
of mercury in the northern hemisphere, which is more industrialized and heavily populated than
the southern hemisphere.

Reaclive gaseous mercury is generally assumed to be HgCl,, although recent research has shown
the existence of Hg(NO,), H,O» in the gas phase.'® After polar sunrise gascous Hg? in the Arctic
and Antarctic atmospheres is rapidly depleted via oxidation to reactive gaseous mercury, which
increases rapidly in abundance as Hg® is depleted. 31491948 Dyyring April and May 2000, reactive
gaseous mercury often comprised more than 60% of the total gaseous mercury measured in air
over Barrow, Alaska.'® Reactive gaseous mercury is rapidly removed from the atmosphere via both
wet and dry deposition'*"13%1% and js considered to be available for methyiation once deposited.!#

16.4.2 Aquatic Environments

The methylation of mercury and subsequent exposure of biota to methylmercury are greater in
aquatic environments than in terrestrial environments. Many recent investigations of mercury in
surface waters have determined methylmercury, gaseous elemental mercury (Hg?), and totat mercury
(defined as the sum of all mercury species recovered from a strongly oxidized sample).'®! A fraction
termed “reactive mercury,” which is generally equivalent to mercury reducible by stannous chloride,
has also been measured; however, such fractions are often poorly defined and difficult to relate to
other cnvironmenlal faclors or processes. The recent development of methods for separating col-
loidal and truly dissolved fractions of inorganic mercury and methylmercury should advance
understanding of aqueous-solid phase partitioning of mercury specics and possibly bicavailable
fractions.'™ Dimethylmercury has been observed in the marine caviranment, but only at extremely
small concentrations (averaging 0.016 ng/L in the North Atlantic).** Dimethylmercury has not
been confirmed in fresh waters, however, and its overall importance in the mercury cycle is
unknown. We imit this discussion to the three fractions — total mercury, Hg?, and methytmercury
— that arc most commonty reported for waler.

Except under rare geochemical conditions, or in the vicinity of strong geologic or anthropogenic
mercury sources, the concentrations of all forms of mercury in most natural waters are very low
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{picograms to nanograms per liter). Most naturally occurring mercury compounds have very low
solubility, although mercury complexes with dissolved organic matter are much more soluble.’®
Among surface waters or within a given lake or stream, the abundances of methylmercury and total
mercury can vary widely, and the accurate quantification of their aqueous concentrations reguires
the steadfast application of trace-metal clean techniques to minimize sample contamination during
collection, handling, and analysis, coupled with the application of highly sensitive analytical
methods.#2'%5 When proper sample collection and preservation protocols are followed, inter-
comparisons among laboratories that use accepted analytical methods for total mercury and meth-
ylmercury yield similar results. '

The speciation of mercury in water is most strongly influenced by the aqueous chemical
conditions — most notably redox, pH, organic ligands, and inorganic ligands.'® Inorganic divalent
mercury, Hg(Il), and methylmercury are strongly influenced by the chemical makeup of the host
water and almost entirely form jon pairs with ligands in the aquatic environment.'®” In most oxic,
circumneutral surface waters, ion-pair formation for Hg(Il) and methylmercury is dominated by
dissolved organic matter and chloride.'%®1%? Under anoxic conditions, which can occur in sediment
porewaters and in the hypoliminia of certain lakes, or anywhere reduced sulfur species are appre-
ciable, inorganic Hg(II) and methylmercury will dominantly be present as sulfide or sulfhydryl
complex ion pairs %0 The complexation of Hg(II) with sulfide can substantially affect the
availability of mercury for methylation by microbes.!"!

Concentrations of total mercury in unfiltered water samples from lakes and streams lacking
substantive, on-site anthropogenic or geologic sources are usually in the range of 0.3 to
8 ng/L. 133172173 In waters influenced by mercury mining or industrial poliution, concentrations of
total mercury are greater, often in the range of 10 to 40 ng/L.3*133173-175 Surface waters with high
concentrations of humic substances can also have high concentrations of total mercury, demon-
strating the importance of natural organic material on solubility and aqueous transport of the
metal 113123020176177 Syrface waters draining areas with high geologic abundances of mercury or
with contaminated tailings from mercury or gold mining can exceed 100 or even 1000 ng/L in total
mercury. 3,26-28,313,38,41,165,178

In oxic waters, concentrations of methylmercury are typically within the range of 0.04 to (.8 ng
Hg/L 3241689390 E0.124.133,17017.080 However, concentrations of 1 to 2 ng Hg/L can occur in surface
waters affected by either industrial pollution (e.g., chlor-alkali plants)!’*¥#! or mercury mine drain-
age. 213 The fraction of total mercury present as methylmercury is generally higher in fresh waters
than in estuarine or marine systems,'®? which may result from inhibition of methylation by the
abundant sulfide in pore waters of brackish water systems'”! or from the generally low level of
dissolved organic matter in marine settings.'?” Within a given drainage basin or geographic area
the concentrations and yiclds of methylmercury, as well as the fraction of total mercury present as
methylmercury, are typically highest in surface waters that drain wetlands 535%12-125130183 The
biogeochemical processes contributing 1o the methylmercury-wetland association are under inves-
tigation; however, it is evident that biogeochemical conditions in wetlands are favorable for meth-
ylation and that complexation of methylmercury with the abundant natural organic matter in
wetlands can facilitate its export to waters downstream. Methylmercury generally accounts for
about 0.1 to 5% and seldom exceeds 10% of the total mercury present in oxic surface water. 2313317
Under anoxic conditions, however, methylmercury can be one of the dominant species of mercury
present, and concentrations can exceed 5 ng Hg/L 96100175184

Early measurements of Hg® in fresh waters showed concentrations ranging from about 0.0} to
0.10 ng/L, which led to a conclusion of pronounced super saturation of Hg® in the water column,
usually by a factor of 100 to 500, relative to the overlying air,'¥ yielding high estimated rates of
Hg? volatilization to the atmosphere. More recent investigations involving diel measurements have
generally shown strong correlations between, on the one hand, instantaneous Hg® in the water
column and solar intensity and, on the other, a reequilibration with the atmosphere after sundown,
with much lower concentrations of Hg? in water at night (about 0.005 ng/L)."*.1% Moreover, the
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rapid reoxidation of Hg" in surface water has also been demonstrated’®” and, when taken into
account, greatly decreases estimated volatilization rates of Hg® from surface waters.” In marine
ccosystems, the evasion of Hg” appears to be a geochemically significant efflux of mercury.#.'%

16.4.3 Terrestrial Environments

Comparatively few data are available on the abundances of total mercury and methylmercury
in soils and groundwater in upland settings relative to the substantive information available for
surface water, sediment, and peat in aquatic environments, Yet recent cstimates indicate that
terrestrial soils contain the largest inventories of mercury from natural and anthropogenic emis-
sions.®*! In addition, the toxicity, solubility, and volatility of mercury depend highly on its
speciation, and such information for soils is scant. Various reductive processes can yield appreciable
emissions of Hg" from contaminated soils, and the mercury in soils may be cycling more actively
than previously thought, 147153190191

The speciation of mercury in most upland soils is probably dominated by divalent mercury
species that are sorbed primarily 1o organic matter in the humus layer and secondarily to mineral
constituents in soil. 1147 Nater and Grigal,'”® who studied forest soils across the upper Midwest of
the United States, found that concentrations of total mercury in humus ranged from about 100 to
250 ng/g dry weight, whereas the mineral horizon just below the humus layer contained about 15
to 30 ng/g. In locations near point sources, especially cinnabar (HgS,) deposits or abandoned placer
imines, mercury concentrations can be considerably higher — generally in the pg/g range 26153192193
The speciation of mercury in such highly contaminated soils depends on the origin of the mercury
itself (most likely Hg® used for placer mining and chlor-alkali plants, or HgS,) as well as the
chemistry and texture of the soil. Bamnett et al.,'" for example, observed that liquid Hg? released
to anaerobic, hydric soils resulted in the formation and long-term stabilization of mercuric sulfide.
Cinnabar, on the other hand, seems to be more stable when exposed to the surface as mine tailings
or transported down gradient from mining operations, gencrally maintaining its HgS, stoichiometry,
although surface coatings of secondary mercury compounds have also been observed on weathered
cinnabar.'? Little is known about the relative stability and reactivity of mercury amalgam; however,
it probably behaves similarly to elemental mercury in the environment.

Published information on concentrations and speciation of mercury in upland soils is sparse,
especially for methylmercury. Forest soils have been rarely analyzed for methylmercury, and
reported concentrations are generally low — about 0.2 to 0.5 ng/g in the humus layer and < 0,05 ng/g
in the mineral-trophic layer.**1%1%7 Although data are few, the very low concentrations of methyl-
mercury in soils, runoff, and groundwater in upland environments suggest that little methylmercury
is produced in upland landscapes.'#5131.19

16.5 MERCURY METHYLATION IN THE ENVIRONMENT

The methylation of inorganic Hg(Il) is the most toxicologically significant transformation in
the environmental mercury cycle because it greatly increases the bioavailability and toxicity of
mercury and increases the exposure of wildlife and humans to methytmercury. It is not surprising
that variation in mercury concentrations in fish of a given size {or age) and trophic level among
surface waters lacking direct, on-site sources of mercury can be attributed largely to processes and
factors that affect the net production and abundance of methylmercury. 2647126 Mercury methylation
is the conversion of inorganic Hg(H) to methylmercury by a methyl-group donor, The conversion
of methylmercury to inorganic mercury, regardless of the mechanism, is termed demethylation. In
general, both of these processes (methylation and demethylation) operate simultaneously in aquatic
systems. The detcction of methylmercury in sediment samples generally indicates a positive net
rate of methylation, i.e.., the rate of methylation exceeds that of demcthylation; however, the
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abundance of methylmercury is not necessarily a good predictor of ir sitw methylation rate, given
that influxes of methylmercury from external sources can be significant in some settings. In this
section, we review the current understanding of methylating and demethylating agents as well as
the locations where these processes operale in the environment.

Mercury can be methylated through biotic and abiotic pathways, although microbial methylation
is generally regarded as the dominant pathway in the environment.'*!%2% More specifically,
sulfate-reducing bacteria are considered to be the most important methylating agents in aquatic
environments,”-13199-202 and the most important sites of methylation by sulfate-reducing bacteria
are thought to be oxic-anoxic interfaces in sediments?**2* and wetlands,?27123.1%8205 Methylation
also oceurs in acrobic marine and freshwaters, %7 floating periphyton mats and the roots of some
floating aquatic plants,?%2% the intestines of fish,2!® and the mucosal slime layer of fish;?'* however,
these sites are considered to be much less important quartitatively than are anaerobic sediments
and wetlands.?'? In sediments, the microbial methylation of mercury is most rapid in the uppermost
5 cm of the sediment profile, where the rate of suifate reduction is typically greatest; comparatively
little methylmercury is produced in deeper sediments,?.65.97.202213.214

To be methylated by sulfate-reducing bacteria Hg(IT) must first cross the cell mcmbrane of a
methylating bacterium, presumably as a neutral dissolved species."®!? Thus, the speciation of
inorganic mercury in aqueous and solid phases controls the fraction of the total mercury pool that
is available for microbial methylation.™!"! At certain concentrations, for example, chloride and
sulfide seem to increase bioavailability because they bind Hg?* as the neutrally charged species
HgCl, or HgS;!".2!15 however, at higher ligand concentrations these ion pairs become charged (e.g.,
HgCl,), and availability for methylation is decreased. Likewise, when Hg?* is bound to large
molecules of dissolved organic matier or to particulates (either organic matter or clay), it is
considered unavailable for biotic methylation,® Within microbial cells methylation can be facilitated
through enzymatic and nonenzymatic pathways, which are distinguished by the presence or absence
of active microbial metabolism, although both pathways call upon methylcobalamine as the active
methyl donor to the Hg?* ion.2'%?'7 Methylcobalamine is produced by many microbes in the
environment and reacts with Hg(II) to form methylmercury outside of cells in anaerobic or aerobic
conditions,”® although Choi et al.**® found that the process is catalyzed enzymatically and that
production rates are much highér within cells.

Comparatively little is known about abiotic methylation, which in simple chemxcal terms implies
the existence in the environment of a methyl donor. Several methy!-donating compounds that are
attributed largely to industrial sources can methylate mercury abiotically,?2%2?! but anthropogenic
methyl donors have been documented for few environmental settings. At high concentrations
methylated tin and lead compounds can transfer a methyl group to Hg(II) to produce methylmer-
cury,?? but these situations are very limited in extent. Most of the literature on abiotic methylation
consequently suggests that the most important methyl donors in the environment are humic
acids, 232 afthough this topic has been studied little. In most cases, abiotic formation of methyl-
mercury has been strongly linked to temperature, and at ambient conditions the methylation rates
reported for most abijotic pathways are small, Falter and Wilken®® have shown that small amounts
of methylmercury can be formed abiotically in sediments at ambient températures. Their results
have had implications for the analytical procedures being used in many laboratories to determine
methylmercury because methylmercury can be formed as an artifact while processing samples with
high concentrations (generally in the pg/g range) of inorganic Hg(11).226227

Although two processes — methylation and demethylation — ultimately control the abundance
of methylmercury, the process of demethylation has received comparatively little study.®*® Deme-
thylation, or methylmercury degradation, can occur via a number of abiotic and biotic pathways
in the environment. Like methylation, demethylation can occur in near-surface sediments via
microbial pathways? and in the water column via microbial and abiotic pathways,!371%

Much of the early literature suggested that the microbial degradation of methylmercury involved
a two-step, enzyme-catalyzed process by microbes encoded with the mer-operon gene sequence,
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also referred to as the mer detoxification pathway. The mer-operon is widespread in nature and has
been found for both Gram-negative and Gram-positive bacteria and under both aerobic and anaer-
obic conditions,®™ although most investigators have found that this process operates in aerobic
conditions.?® The first step of the mer pathway involves cleavage of the carbon-mercury bond by
the organomercurial lyase enzyme (encoded by the mer B gene) 10 yield methane and Hg?, A
second step involving the mercury-reductase enzyme (mer B encoded) reduces Hg?* to Hg?, yielding
a mercury species that can evade from the system 22823

More recently, an oxidative demethylation pathway has been proposed and confirmed by the
presence of CO, as the end product of the methyl-group breakdown and does not appear 1o involve
the secondary mercury-reductive step.?**3? These authors?* > have proposed that this pathway is
similar to the degradation of methanol or monomethylamine by methanogens. The oxidative
pathway has been demonstrated in a wide range of environments including freshwater, estuarine,
and alkaline-hypersaline sediments and in both aerobic and anaerobic conditions.?*? In anaerobic
sediments of the Everglades, methanogens and sulfate reducers have been identified as the principal
anaerobes in the oxidative-demethylation process, and maximal rates are observed in near-surficial
sediments, where maximal methylation rates are colocated.?? The precise mechanisms and triggers
that induce the oxidative-demethylation pathway remain unclear because demonstration of the
process in pure culture remains elusive. However, examination of both the mer-detoxification and
the oxidative demethylation pathways across a wide range of mercury-contamination gradients
suggest that the mer-detoxification pathway predominates in severely contaminated systems,
whereas the oxidative pathway is more important in lightly contaminated environments.

The abiotic process of photodegradation of methylmercury in surface waters has been recently
cxamined at a few sites.!?5137-2% It has long been known that methylmercury ion pairs are capable of
adsorbing light at appreciable levels and are subject to photolytic breakdown;?** however, the signif-
icance of the photodemethylation process was not recognized until photodemethylation was shown
to be quantitatively important in the methylmercury budgets of lakes.'3342% The specific mechanisms
causing the degradation of methylmercury in surface waters as well as the factors limiting this process,
are unknown, but experimental work suggests that singlet oxygen and peroxide radicals are respon-
sible for the reaction.®” The mercury end products of photodemethylation have not been determined,
and theoretical considerations indicate that any of the three oxidation states are possible.'">% Iden.
tification of mercury end products is needed to assess the overall effect of photodegradation, given
that Hg(TI) could be methylated again, whereas Hg? could evade from the lake to the atmosphere.

16.6 MERCURY-SENSITIVE ECOSYSTEMS

Some aguatic ecosystems can be classified as mercury-sensitive because seemingly small inputs
or inventories of total mercury (e.g., in the range of < 1 to 10 g Hg/ha) can cause significant
contamination of fish and wildlife in upper trophic levels with methylmercury. Known mercury-sen-
sitive ecosystems include most wetlands,”¥712* low-alkalinity or low-pH lakes, 92542 gyrface
waters with upstream or adjoining wetlands,*1243 waters with adjoining or upstream terrestrial
areas subjected to flooding,?* 8596290 and dark-water lakes and streams.*2** One common attribute
of mercury-sensitive systems is the efficient conversion of inorganic Hg(Il) to methylmer-
cury BB [ gome cases, concentrations of mercury in game fish inhabiting such ecosystems
can equal or exceed concentrations observed in fish from waters heavily contaminated by wastes
from industrial point sources such as chlor-alkali plants (Table 16.1).

A recent, but growing, body of evidence indicates that wetlands are mercury-sensitive ecosys-
tems. Wetlands can be important sources of methylmercury on the landscape, given that production
and yields of methylmercury in wetland areas can greatly exceed that in other aquatic and terrestrial
habitats.'?*'?* The production of methylmercury in wettands can increase greatly during flooding, %
a periedic event in many wetland systems. A number of ccosystem characteristics probably enhance
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Table 16.1 Elevated Mercury Concentrations in Axial Muscle Tlssue of
Selected Freshwater Game Fishes in North American Waters

Mercury Concentration

. {LLa/g wet welght)

Aquatic Environment Range in Means  Range in Maxlma
Waters poliuted by chlor-alkali plants® 1-5 2-15
Newly flooded reservoirs® 0.7-3 2-6
South Florida wetlands® 0.4-1.4 2-4
Low-alkalinity lakes® 0.5-0.9 1-3

Note: Values shown are based on data reported for northern pike (Esox lucius),
walleye (Stizostedion vitreumn), largemouth bass (Micropterus salmoides),
and smallmouth bass (Micropterus dolomieu).

2 From values summarized by Wiener and Spry.'™
® Data for largemouth bass from T. R. Lange (Flerida Fish and Wildlife Conserva-
tion Commission, Eustis, Florida, USA, personal communication}.

the microbial methy!ation of inorganic Hg(Il) in wetlands, including an abundance of labile carbon
substrates and dissolved organic matter, anaerobic sediments, high microbial activity, and seasonal
water-level fluctuations that can cause oscillating redox cycles $59296.123.126.133.179.242243 Yey the quan-
titative effect of methylmercury production and export from wetland areas on contamination of
aquatic food webs in downstream waters supporting fish production, piscivorous wildlife, and
recreational fisheries has received little study. Wetlands may differ considerably in their methyi-
mercury-preducing polential, and the influence of wetland type on methylmercury yield and the
identification of associated controlling mechanisms are areas of needed investigation,

Variation in ecosystem sensitivity to mercury inputs is exemplified in Figure 16.3, which depicts
tenfold variation in the mercury content of whole yellow perch (Perca flavescens) sampled in 1989
from three nearby lakes in northcentral Wisconsin. The three lakes differed chemically, spanning a
spatial gradient in mean pH from about 5 to 7, reflecting the variation in the chemistry of lakes in
northcentral Wisconsin, an area with hundreds of lakes with low acid-neutralizing capacity.?** The
three lakes were small seepage basins (no surface inlets or outlets) in rural, mostly forest-covered
watersheds having no identifiable on-site anthropogenic or enriched geologic sources of mercury.
The low-pH scepage lakes in this area receive very little groundwater inflow; rather, nearly all (>
95%) of their hydrologic inflow is from precipitation falling directly onto the lake surface.?** Surficial
sediments in lakes of the area are enriched with mercury, relative to deeper preindustrial sediments,
and the mercury-accumulation rate in sediments deposited about 1990 was three to four times that
in the mid-1800s.997 The three lakes can be regarded as lightly contaminated, with inventories of
total mercury in surficial sediments (uppermost 5 cm) ranging from 1.6 to 5.8 g/ha®’ and annual
atmospheric inputs of mercury (wet plus dry deposition) averaging about 0.1 g/ha from 1988 to
1990.""* The yellow perch is one of the more widespread and abundant fishes in area lakes and is
an important link in the trophic transfer of mercury in lakes of the region.?*®2% Mercury concen-
trations in walleyes (a regionally important gamefish) and chicks of commeon loons (Gavia immer,
a fish-eating bird) are elevated in area lakes with low pH or low acid-nevtralizing capacity,’s232%
reflecting variation among lakes in contamination of yellow perch, their preferred prey 23123

16.7 BIOACCUMULATION, BIOMAGNIFICATION, AND BIOLOGICAL EFFECTS
16.7.1 Biomagnification in Food Webs
Aquatic organisms can obtain methylmercury from food, water, and sediment, and they bioac-

cumulate methylmercury with continued exposure because elimination is very slow relative to the
rate of uptake.?* Methylmercury readily crosses biotogical membranes and can biomagnify to high
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Figure 16.3 Variation in ecosystem sensitivity to mercury inputs, illustrated by differing concentrations (upper
panel} and burdens (lower panel, in logarithmic scale) of mercury in whole yellow perch from three
nearby seepage lakes in forest-covered watersheds in Vilas County, Wisconsin, Fish in low-pH
lakes in this and many other geographic areas have much higher concentrations of mercury than
fish in nearby circumneutral-pH lakes that receive similar inputs of mercury in atmospheric depo-
sition, {From: unpublished data for fish sampled in May 1989 by J. G. Wiener, R. G. Rada, and D.
E. Powell, University of Wisconsin-La Crosse, River Studies Center, La Crosse, Wisconsin,)

concentrations in aquatic food webs, despite its seemingly low concentrations (< 1 ng Hg/L) in
most surface waters,’"/"334-25 Cancentrations of methylmercury in fish, for example, commonly
exceed those in ambient surface water by a factor of 10¢ (o 1()7,94254.256.257

Most of the mercury in surface waters and sediments is typically inorganic Hg(IT), yet the
mercury accumulated in fish and higher trophic levels of aquatic food webs is almost entirely
methylmercury. = +25-260 Some species of fish-eating seabirds and aquatic mammals exhibit highly
variable amounts of inorganic mercury in their internal organs, particularly the liver and kid-
neys.#82-283 The presence of inorganic mercury in piscivorous birds and mammals is generally
attributed to the ability of these species to convert methylmercury to the less toxic inorganic mercury
via demethylation 2%} The presence of inorganic mercury in internal organs and tissues does not
indicate dietary uptake or bioaccumulation of inorganic mercury by these organisms.

Biomagnification, defined as the increasing concentration of a contaminant with increasing
trophic level in a food web, has been widely documented for methylmercury in aquatic ecosys-
tlems #2726 Patterns of methylmercury biomagnification in aquatic food webs are similar, even
among aquatic sysiems that differ in ecosystem type, mercury source, and pollution intensity. This
is illustrated in Table 16.2, which suminarizes information from three geographically distant,
markedly different aquatic environments: one a coastal marine embayment in Western Australia
that was contaminated with mercury from a point source, the second a small scepage lake in northern
Wisconsin that received mercury almost entirely via atmospheric deposition, and the third a tropical
lake in a remote area of New Guinea. Two patterns characteristic of mercury concentrations in food
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webs are evident in Table 16.2. First, the concentration of methylmercury increases up the food
web from water and lower trophic levels to fish, Second, the fraction of mercury present as
methylmercury increases with increasing trophic level.

In aquatic invertebrates, methylmercury is much more readily assimilated and bioaccumulated
than is inorganic mercury.®*2° In aquatic organisms in trophic levels below fish, the fraction of
total mercury present as methylmercury can vary considerably 878726427027 [y 15 northern Wisconsin
lakes, for example, percent methylmercury ranged from 9 to 82% in aguatic insects and from 46
to 97% in five taxa of crustacean zooplankton.?® Mean percent methylmercury vatied seasonally
in net plankton from 12 lakes in northeastern Minnesota (U.S.}, increasing from 20% in spring to
52% in autumn.*”? Percent methylmercury in benthic aquatic insects in two hydroelectric reservoirs
in northern Quebec, classified by diet, ranged from 20-25% in detritivores, 30-40% in grazers,
60-85% in grazers—predators, and 95% in predatory dragonflies 2™

The greatest increase in methylmercury concentration in pelagic foed webs, relative to concen-
trations in water, occurs in the phytoplankton or seston (small living plankton and nonliving
particulate matter).2237264273 Bjiogccumulation factors for methylmercury between seston and
water, for example, ranged from 1049 to 10°® in tropical Lake Murray, New Guinea,”" and from
104410 1052 in 15 northern Wisconsin lakes.?** Bicaccumulation factors for methylmercury between
herbivorous zooplankton and seston are much smaller, averaging 2.5 (10%4) in 12 northern Wisconsin
lakes?*® and about 9 (10°%%) in natural lakes and the La Grande 2 reservoir in northern Quebec 24

Bioaccumulation factors between concentrations of mercury (largely methylmercury) between
piscivorous fish and their prey are also small relative to the orders-of-magnitude increases in
methylmercury concentration between seston and water. Ratios of mercury concentrations in pis-
civorous fish (axial muscle) to those in coexisting prey (whole fish) are typically less than 10, with
valucs ranging from ~4 10 9 in freshwater lakes.?*"%2"% Bioaccumulation factors for mercury
reported for seabirds (from analysis of contour feathers) and their prey (from analysis of regurgitated
food) are considerably greater, ranging from 125 to 225 and averaging more than 150 in six species
of seabirds from the Azores archipelago.®™

The entry of methylmercury into the base of the food web and its subsequent trophic transfer
in the lowest levels are poorly understoed. The uptake of inorganic mercury by sulfate-reducing
bacteria in the ecosystem is an essential step in the methylation of mercury and a prerequisite to
the bivaccumulation and trophic transfer of methylmercury.?*?® The abundance of methytmercury
in the lower trophic levels appears to be strongly linked to the net production or supply of
methylmercury (i.e., methylation minus demethylation), with the production of methylmercury
being tightly coupled to the rate of sulfate reduction by sulfate-reducing bacteria.®?202.279

The dominating influence of methylmercury supply on the contamination of an aquatic food
web was illustrated by a flooding experiment in the Experimental Lakes Area of Ontario, Can-
ada "% Experimental flooding of the wetland surrounding Lake 979 was followed by decom-
position of inundated vegetation,”™ which rapidly depleted dissolved oxygen and imposed anoxic
conditions over the inundated wetland surface, stimulating microbial sulfate reduction and mercury
methylation.*®!™ The abundance of methylmercury in surface water, seston, and zooplankton in
the lake increased rapidly and markedly (tenfold or greater) in response to increased methylmercury
production.”* Concentrations of methylmercury in seston and zooptankton were strongly corre-
lated with those in water, and concentrations in zooplankton were strongly correlated with those
in seston as well (all 1? 2 0.85). Bioaccumulation factors for methylmercury in zooplankton {ratio
o concentrations in water) were similar before and after flooding, despite the large changes that
occurred in water chemistry, waterborne methylmercury concentration, and zooplankton community
structure,* indicating that the increased contamination of the planktonic food web resulted directly
from the increased supply of methylmercury. This conclusion is furiher supported by a comparison
of the biomagnification of methylmercury in planktonic food webs in the La Grande 2 reservoir
to that in natural lakes in northern Quebec.®¢ In Lake 979, concentrations of methylmercury also
increased after flooding in benthic insects, caged fish (finescale dace, Phovinus neogaens, which
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fed primarily on benthic invertebrates), and nestling tree swallows (Tachycineta bicolor, which fed
primarily on emergent dipterans) 59928

Within a given fish population or community, variation in trophic position accounts for much
of the variation in methylmercury concentration, both within and among species, ¥72228 I gpecies
with omniverous feeding habits, such as adult lake trout (Saivetinus namaycush), trophic position
can vary substantially - even within a single life stage.” Thus, concentrations of methylmercury
in adult lake trout are strongly correlated with the trophic position in the pelagic food web. 32283
Moreover, concentrations of methylmercury in organisms at the top of aquatic food webs increase
concomitantly with increasing length (number of trophic levels) of the food chain below.

Unlike methylmercury, inorganic mercury is not readily transferred through successive trophic
levels and does not biomagnify in aquatic or terrestrial food webs.254264266.285 Consequently, reliance
on data from total-mercury determinations for trophic levels below fish (including water, seston,
plants, and invertebrates) can produce misleading assessments of food-web contamination and erro-
neous estimates of potential methylmercury transfer to fish and higher trophic levels.57.265.246

16.7.2 Fish

The bioaccumulation of mercury has been more intensively studied in fish than in other aquatic
organisms, probably because fish are the primary source of methylmercury in the human diet5'?
Nearly all of the mercury in fish muscle and in whole fish is methylmercury.235".7.28 There is very
little inorganic mercury in either freshwater or marine fish,2?5.7.287 even in aquatic ecosystems
with high concentrations of dissolved inorganic mercury.8 Fish assimilate inorganic mercury much
less efficiently than methylmercury from both food and water, and if absorbed, inorganic mercury
is eliminated much more rapidly than is methylmercury,233:28%-2%

Dictary uptake probably accounts for more than 90% of the total uptake of methylmercury in
wild fishes,” %% and fish probably assimilate from 65 to 80% or more of the methylmercury present
n the food they eat.!®43% In the laboratory, fish can accumulate high concentrations of meth-
Ylmercury directly across the gills when exposed to abnormally high concentrations of waterborne
methylmercury.¥2%%3% Many of the published laboratory studies on bioaccumulation have exposed
test fish to methylmercury concentrations that greatly exceed concentrations of methylmercury in
surface waters.”'™ The mode of uptake (food vs. water) in bioaccumulation experiments, however,
seems to have little influence on the distribution of methylmercury among most internal organs
and tissues, except that concentrations in the gills are much higher after waterborne (than dietary)
exposure and concentrations in the intestines are higher after dietary exposure 233.300-302

After crossing the fish gut, methylmercury binds to red blood cells and is transported via the
circulatory system.to all organs and tissues, readily crossing internal membranes 24300301353 There
is a dynamic internal redistribution of assimilated methylmercury among the tissues and organs of
fish exposed to methylmercury in both laboratory and field studies. The masses in the blood, spleen,
kidney, liver, and brain decline after exposure to either waterbome or dietary methylmercury ceases,
and much of the methylmercury in the body eventually relocates to skeletal muscle, where it
accumulates bound to sulfhydry! groups in protein.2°0204-3% Wiener and Spry'™ hypothesized that
storage of methylmercury in skeletal muscle serves as a protective mechanism in fishes, given that
sequestration in muscle reduces the exposure of the central nervous system to methylmercury.

Within a given fish population, concentrations of methylmercury in muscle tissue or whole fish
typically increase with increasing age or body size, a pattern that has been observed repeatedly in
surveys of mercury in fishes.'53 The increasing concentration with size or age results from the
very slow rate of elimination of methylmercury by fish relative 1o its rapid rate of uptake 2532 I
a critical analysis of experimental data on methylmercury elimination by fish, Trudel and
Rasmussen®? showed (1) that short-term experiments (< 90 days) substantially overestimate elim-
ination rate, (2) that elimination rate is negatively correlated with body size (r = —0.65), (3) that
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elimination rate is positively correlated with water temperature (r = 0.77) in long-term (> 90 days)
experiments, with a (0, of 1.9, and (4} that the concentration or burden of methylmercury in the
fish does not influence the rate of elimination.

The bicaccumulation of methylmercury in fish is influenced by an array of biotic, ecological,
and environmental variables. Much of the modern spatial variation in fish mercury levels (within a
given trophic level) is attributed to differences among lakes and their watersheds in biogeochemical
processes and transformations that control the abundance of methylmercury. The production of
methylmercury via the microbial methylation of inorganic Hg(II) in the environment is a key process
affecting mercury concentrations in fish.%9290126242 |y follows logically that factors and processes
affecting the microbial production of methylmercury on the landscape will also influence the
methylmercury content of fish residing in the ecosystem. Some of the variation in mercury concen-
trations in fish among northwestern Ontario lakes, for example, is caused by the effect of temperature,
or lake size, on the microbial net production of methylmercury in the epilimnia.'** Mean concen-
trations in axial muscle of walleye and northern pike (Esox lucius) ranged from about 0.7 to 1.1
pg Hg/g wet weight in small (89-706 ha) lakes but were less than 0.4 gg/g in nearby lakes that
were larger (2219-34,690 ha) and colder.'® Specific rates of mercury methylation in the lakes were
positively correlated with water temperature, whereas specific rates of methylmercury demethylation
{microbial destruction of methylmercury) were negatively correlated with temperature 3

The dietary uptake of methylmercury in fish is influenced by their size, diet, and trophic posi-
tion 274283403307 Ty piscivorous species, such as the walleye and lake trout, the methylmercury content
of the diet and associated rate of mercury accumulation can increase with age, accelerating abruptly
when the fish become large enough to switch from a diet of invertebrates 10 prey fish.743% In adult
fish, females often contain higher mercury concentrations than males because they must consume
more [ood than males to support the energy requirements of egg production.®3% The increased
feeding rates in females cause greater dietary uptake of methylmercury, and only a small fraction of
the accumulated methylmercury is transferred to the egg mass and eliminated during spawning, 287310314

The relative contamination of aquatic fooed webs with methylmercury can be assessed with
infermation on mercury concentrations in fish of a given species and age,”581312-314 particularly
if the trophic position of the fish analyzed varies little among the water bodies studied. Within a
number of geographic areas of North America, mean concentrations of mercury in same-age yellow
perch, for example, vary several fold among midcontinental lakes (and presumably receiving similar
rates of mercury deposition). Moreover, mean concentrations of mercury in yellow perch are
inversely correlated with lake pH and related chemical variables.”” #1133 Similarly, estimated
mercury concentrations in 3-year-old largemouth bass (Micropterus salmoides) from 33 Florida
lakes varicd from 0.04 1o 1.53 pg/g wet weight and were correlated with lake pH and related
chemical factors.®

Methylmercury is neurotoxic and can be very hariful to the central nervous system. In the
laboratory, long-term dictary exposure of fishes to methylmercury has caused incoordination,
diminished appetite or inability to feed, diminished responsiveness and swimming activity, starva-
tion, and mortality.!"+¥5M7 Adultl fishes were adversely affected in at least two cases of extreme
industrial mercury pollution during the past century — Minamata Bay (Japan) and Clay Lake
(Ontario). In Minamata Bay, coincident with the poisonings of humans and other organisms, resident
fish exhibited symptoms of methylmercury intoxication* 5% that have been subsequently reported
in laboratory experiments.*®318317 Thege symptoms included mortality, severely diminished loco-
motor activity, impaired escape behavior, emactated condition, and Iesions in the brain.3'® Mercury
concentrations in axial muscle of “enfeebled” fishes found floating in seawater in the bay averaged
15 pg/g wet weight and ranged from 8.4 to 24 pg/g in six species. "

In grossly polluted Clay Lake in the English-Wabigoon River system (northwestern Ontario),
northern pike varying in age from 3 to 8 years had mercury concentrations ranging from 6 to 16
Hg/g wet weight in axial muscle tissue.2 Compared with northern pike from a relatively uncon-
taminated reference lake, fish from Clay Lake were emaciated, had tow hepatic fat stores, exhibited
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symptoms of starvation (low levels of total protein, glucose, and alkaline phosphatase in blood
serum}, and had low serum cortisol levels.™2® After 1 year, contaminated northern pike transplanted
from Clay Lake into the reference lake had serum concentrations of total protein, alkaline phos-
phatase, and cortisol intermediate to those in Clay Lake and reference-lake fish, suggesting partial
recovery. Lockhart et al.>2® did not attribute the poor condition of Clay Lake fish directly to effects
of methylmercury; however, simitar symptoms have subsequently been observed in fish exposed
to dietary methylmercury in a laboratory experiment.?"’

Wiener and Spry'™ derived the following critical tissue concentrations in adult fish, based on
a review of mercury concentrations associated with toxic effects in freshwater fish. In the brain,
concentrations of 7 pg/g wet weight or greater probably cause severe, potentially lethal, effects. In
mercury-sensitive species, brain-tissue concentrations of 3 pug/g wet weight or greater probably
indicate significant toxic effects. For axial muscle tissue, field studies indicate that concentrations
of 6 to 20 pg/g wet weight are associated with toxicity. The range for laboratory studies is stmilar,
with sublethal effects or death associated with concentrations in muscle of 5-8 pg/g in walleyes
and 10-20 pg/g in salmonid species. Whole-body concentrations associated with sublethal or lethal
effects are about 5 |ig/g wet weight for brook trout (Salvelinus fontinalis) and 10 pg/g for rainbow
trout (Oncorhynchus mykiss), whereas estimated no-observed-effect concentrations in salmenid
species are 3 pg/g for the whole body and 5 pg/g for brain or axial muscle tissue. However, Wiener
and Spry'™ cautioned that the toxicity of methylmercury to fish is influenced by factors such as
interspecific and intraspecific variation in sensitivity to methylmercury that contribute uncertainty
to estimates of critical tissue concentrations. Moteover, the rate of accumulation seems to affect
the toxicity of methylmercury in fish.?? If methylmercury is accumulated slowly, fish can clearly
tolerate higher tissue concentrations of mercury, presumably due to the internal transfer and binding
of methylmercury to proteins in skeletal muscle (the primary storage site), which decreases exposure
of the central nervous system.'"

Given the high neurotoxicity of methylmercury, the exposure levels causing adverse behavioral
effects are probably much lower than exposure levels associated with overt toxicity.'” Many fish
behaviors are sensitive and ecologically relevant indicators of contaminant toxicity, affected at
exposure fevels much lower than those causing direct mortality.32!-2* The ability of mosquitofish
(Gambusia affinis) to avoid predation by largemouth bass, for example, was greatly diminished by
aqueows exposure to 10, 50, and 100 pg He/L (administered as mercuric chloride}, concentrations
that otherwise did not influence morality.”' The neurotoxic effects of exposure to sublethal
concentrations of methylmercury can impair the ability of fish to locate, capture, and ingest prey
and to avoid predators, 2+ For example, Fjeld et al.3? showed that the feeding efficiency and
competitive ability of grayling (Thymallus thymallus), exposed as eggs to waterbome methylmer-
curic chloride for 10 days and having yolk-fry with mercury concentrations of 0.27 pg/g wet weight
or greater, were impaired when fish were (ested 3 years later.

In a critical review, Wiener and Spry'™ concluded that reduced reproductive success was the
most plausible effect of mercury on wild fish populations at contemporary exposure levels in aquatic
ecosystems with methylmercury-contaminated food webs. They also suggested, based on the limited
information available, that the margin of safety between existing and harmful exposure levels may
be small for some fish populations. Methylmercury can impair reproduction of fishes by affecting
gonadal development or spawning success in the adults or by reducing the hatching success of eggs
and the health and survival of embryolarval stages.®*032132 The embryolarval and early juvenile
life stages of fish are typically most sensitive to toxic contaminants,*® and exposure of embryos
to methylmercury can impair competitive ability and foraging efficiency throughout the lifetime of
the fish.3%

Nearly all of the mercury in the developing eggs of fish is methylmercury derived from maternal
transfer.2¥7311 The amount of methylmercury transferred from the female to the developing egg
is small relative to the burden of the metal in the adult, yet the methylmercury content of eggs is
strongly related to that of the maternal fish 425731

- {?&

—ol@




i
‘ { L1546 _frame_MASTER book Page 428 Monday, August 26, 2002 1:37 PM

428 HANDBOQK OF ECOTOXICOLOGY

Recent experiments showing diminished reproductive success or fitness of fish exposed to
environmentally realistic concentrations of methytmercury indicate that some fish populations may
be adversely affected by methylmercury.#-2 Latif et al.* examined the effects of both maternally
transferred and waterborne methylmercury on embryos and larvae of walleyes from industrially
polluted Clay Lake and two atmospherically contaminated lakes in Manitoba. In their study, the
hatching success of cggs and the heart rate of embryos decreased with increasing environmentally
realistic concentrations of waterborne methylmercury (range, 0.1-7.8 ng/L.), whereas methylmer-
cury concentrations in eggs from maternal transfer did not significantly affect egg-fertilization
success, egg-hatching success, or the heart rate of embryos. The growth of Jarval walleyes (measured
8 days after hatching) and the incidence of larval deformities were unrelated to either maternal or
waterborne methylmercury in their study.®

Hammerschmidt et al. 32 fed fathead minnows (Pimephales promelas) diets containing concen-
trations of methylmercury present in contaminated food webs, maintained the fish through sexual
maturity, and examined the effects of dietary and maternally transferred methylmercury on several
reproductive variables. In their study, dietary methylmercury affected the overall reproductive
performance of adult fathead minnows, whereas maternally transferred methylmercury did not
measurably affect the embryos and larvae produced. In the adults, cxposure to dietary methylmer-
cury reduced spawning success, delayed spawning, decreased the instantaneous tate of reproduction,
and reduced gonadal development (as reflected by the gonadosomatic index) and reproductive effort
of females. These responses were caused by dietary concentrations of methylmercury that are
equaled or exceeded in the prey of some piscivorous and invertivorous fish inhabiting low-alkalinity
lakes and flooded reservoirs.? In contrast, the growth and survival of aduit fathead minnows in
this study were unrelated to dietary methylmercury. Fertilization success, hatching success, 7-day

strvival, and 7-day weight of larval fathead minnows varied considerably, but these biological

endpoints were not correlated with concentrations of mercury in either the diets or carcasses of
parental fish.3®

16.7.3 Birds

The threat of mercury to birds is now largely an aquatic one, given that the probability of
exposure of terrestrial birds to high concentrations of erganomercurials has diminished substantially
since the use of mercury compounds in seed dressings was discontinued. Fimreite” reviewed
information on bird poisenings caused by mercurial seed dressings. The bioaccumulation and toxic
effects of mercury in birds have been reviewed more recently.’ ¥ The biomagnification of mercury
in aquatic food webs often leads to high concentrations in fish-eating birds 26333233 Moreover, there
is evidence that concentrations of methylmercury have increased in some seabirds during the past
century and in the past few decades (Figure 16.1),1164t8

Consumption of fish is the main pathway of methylmercury exposure for birds.** Methylmer-
cury, one of the most harmful of contaminants to birds, can adversely affect adult survival,
reproductive success, hehavior, and cell development.® It can also cause teratogenic effects. 733
Methylmercury readily crosses the blood-brain barrier?*™ and is passed from the mother to the
eggs. ™= When transferred to eggs, nearly 100% of the mercury remains in the methytmercury
form and about 85 to 95% is deposited into the albumen.™!

Incorporation of methylmercury into growing feathers and excretion in the feces are the major
routes of mercury elimination in birds,*# although deposition of mercury into eggs is also an
important route for reproducing adult females.’#!343.345 Sickel et al.** reported a half-life of mercury
in whole bodics of adult male mallards (Anas plaryrhynchos) of about 12 weeks, and the growth
of new feathers toward the end of their 12-week period of study seemed to be responsible for most
of the loss. Young birds also excrete methylmercury into their developing feathers.7

The concentration of mercury in feathers has been advocated as an indicator of mercury in
other avian tissues.**¥ Scheuhammer et al.*® reported significant correlations between mercury in
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the feathers and blood of chicks of common loons. Caldwell et al.,*®® who failed to find good
correlations between mercury concentrations in chick feathers with those in blood, other tissues,
and eggs of double-crested cormorants (Phalacrocorax auritus), suggested that more information
is needed to establish the dynamics of mercury in feathers vs. other tissues. Unlike fish, in which
older, larger individuals tend to have higher concentrations of mercury,'”® birds can annually
eliminate much of their body burden of methylmercury through the formation of new feathers, 3

Fish-eating seabirds seem to be able to demethylate methylmercury, mainly in the liver.? The
rank order of concentrations of methylmercury in various tissues, averaged over several species of
seabirds, was liver > kidney > muscle, and the mean percentages of total mercury present as
methylmercury were 35% in liver, 36% in kidney, and 66% in muscle. Furthermore, the percentage
of total mercury present as methylmercury decreases as the concentration of total mercury increases.

In double-crested cormorants from Caballo reservoir in New Mexico, where prey fish contained
from 0.05 to 0.21 pg Hg/g wet weight, cormorant eggs contained a mean of (.30 pg Hg/g wet
weight, and nestlings that were about 7 to 10 days old had concentrations of 0.36, 0.40, 0.18, and
3.54 ng/g wet weight in blood, liver, muscle, and primary feathers, respectively.® Kim et al.,?s?
who studied nine species of seabirds, found that both total mercury and methylmercury in nearly
all species were higher in liver than in feathers, kidney, and muscle; among these latter three tissues
there were no consistent relations. With feathers, it is desirable to know when new feathers were
formed because mercury in the diet and body burdens at that time seem to control the deposition
of methylmercury into developing feathers.*° In controlled laboratory studies, where continwous
methylmercury diets have been fed, species such as chickens (Gallus gallus), ring-necked pheasants
(Phasianus colchicus), and mallards tend to accumulate the highest concentrations of mercury in
liver and kidney, with muscle and brain containing lesser concentrations, 3331332

16.7.3.1 Fleld Studies on Birds

Observations of high concentrations of mercury in fish-eating birds have prompied field studies
to assess effects of methylmercury exposure in wild birds. Mortality and impaired reproduction are
two effects observed in controlled laboratory experiments with methylmercury that could decrease
exposed populations of wild birds. A number of field studies have shown associations between high
mercury levels in the diets or tissues of fish-eating birds and suspected harm. In southern Florida,
for example, methylmercury exposure may have contribuied to deaths from chronic diseases in great
white herons (Ardea herodias occidentalis).?®? The livers of herons that died of acute causes, such
as collisions with power lines or vehicles, had a mean mercury concentration of 1.77 pg/g wet
weight, whereas birds that died showing signs of chronic disease had livers with a mean of 9.76
Kg/g mercury. Spalding et al.®® cautioned that little was known about the history of methylmercury
exposure in the dead birds examined in their study. In such cases, the wasting of muscle in sick
birds could result in the release of mercury from muscle and its further accumulation in liver.2s3

In the Netherlands, many grey herons (Ardea cinerea) died during the winter of 1976.%54 The
mercury concentration in the livers of 41 of these dead herons averaged 95.5 pg/g dry weight
{~27 pg/g wet weight), with a maximum of 773 ug/g dry weight. Necropsies were performed on
26 of the dead herons, and most were severely emaciated. Van der Molen et al.?* experimentally
exposed herons to methylmercury, and lethality was associated with mercury concentrations in the
liver that averaged 500 ng/g and ranged from 415 to 752 pg/g dry weight. Only two of the analyzed
dead herons from the field had hepatic mercury levels within this lethal range; however, van der
Molen et al.** postulated that the observed mortality was caused by the sublethal effects of mercury
combined with the stress of cold weather and undernourishment. The authors estimated that mercury
levels in livers of 20% of the 26 herons examined were sufficiently high to have caused either lethal
or serious sublethal effects. In eastern Canada, Scheuhammer et al.?®® reported that the livers and
kidneys of common loons found dead or in a weakened, cmaciated condition contained levels of
mercury that were high enough to have contributed to their ill health, although the authors noted
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that the wasting of muscle and other tissue in the sick and dead loons could have increased the
concentrations of mercury in the remaining tissue. The authors also pointed out that, because only
low levels of the mercury in the liver were in the methylmercury form, it was questionable whether
the loons were affected by methylmercury toxicity.

The embryos of birds and other vertebrate organisms are much more sensitive than the adult
to methylmercury exposure.®’s The dietary concentrations of methylmercury that significantly
impair avian reproduction are only one-fifth of those that produce overt toxicity in the adult,’* and
possible reproductive impairment of wild birds has been reported in a number of field studies.

Newton and Haas*® examined the levels of several pollutants, including mercury, in eggs of
the merlin {Falco columbarius). Concentrations of mercury in eggs from wild merlins were related
1o the number of young raised by the adults, and higher concentrations were associated with fewer
young. Nearly all of the mercury in eggs is methylmercury. 341357358 The relation between production
of young merlins, and mercury exposure was statistically significant but not clear-cut; for example,
some of the most contaminated chutches produced 3 or 4 young, whereas some of the nests with
low concentrations of mercury in eggs failed completely. Newton and Haas?5® attributed such
variable results to variation in individval sensitivity to methylmercury and to the influences of other
environmental factors on reproductive success.

Reproductive failure in commeon loons, a piscivorous aquatic bird, was attributed to dietary
mercury exposure linked o contamination of food webs from industrial mercury pollution of the
English-Wabigoon River systemn. Fimreite?? observed that young common loons were absent along
highly contaminated reaches where mercury concentrations were high in adult loons and other
aquatic birds. In a comprehensive field study in the same river system, Barr®®” showed a strong
negative correlation between the successful use of breeding territories by common loons and
mercury concentrations in lakes in a 160-km reach downstream from a chlor-alkali plant. Barr®7
observed that reductions in cgg laying and territorial fidelity were associated with mean mercury
concentrations of 0.3 to 0.4 pg/g wet weight in prey organisms and with mean concentrations of
2 to 3 ug/g wet weight in loon eggs and the adult brain. Reproductive effects were more severe
when concentrations of mercury in prey fish exceeded 0.4 pg/g wet weight,*¥”

The North American breeding range of the common loon includes many semiremote and remote
lakes in regions where reported mercury concentrations in fish commonly exceed 0.3 to 0.4 pg/g
wet weight, the dietary threshold values for reproductive effects estimated by Barr,*7 These regions
include the northcentral and northeastern United States and the castern Canadian provinces of
Ontario, Quebec, New Brunswick, and Nova Scotia. Schevhammer and Blancher,’™ for example,
estimated that as many as 30% of the lakes in central Ontario contained prey fish with mercury
levels high enough to impair reproduction in common leons, based on the dietary threshold of 0.3
to 0.4 pg/g estimated by Barr.>

In northern Wisconsin, another area with many methyImercury-contaminated fish populations,
Meyer et al.® examined reproductive success of common loons in relation to mercury levels in
blood and feathers. Adults and chicks were studied on 45 lakes (mostly secpage lakes) in an area
where atmospheric deposition is the dominant mercury source.* The mean concentration of
mercury in eggs sampled from nests at these lakes was 0.9 pg/g wet weight,*? an exposure level
that has been associated with reproductive impairment in laboratory cxperiments with mallards.?4?
Production of loon chicks was lowest at the lakes where mercury in the blood of chicks was highest.
The concentration in chick blood was negatively correlated (r? = (1.36) with lake pH,*? a pattern
also observed in the methylmercury content of prey fish (Figure 16.3) and game fish in small lakes
of the study area.’82%¢

Descriptive field studies typically yield correfational results, which alone are generally insuf-
ficient for cstablishing a causal linkage between toxicant exposure and a biological response, such
as reproductive success, because of the potential confounding influence of other, covarying fac-
tors.”*-%6% For this reason, Meyer et al.* did not conclude a causc-and-effect relation between high
methylmercury exposure and low production of loon chicks on northern Wisconsin lakes. They
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indicated the need to first critically test an alternative hypothesis concerning reproductive success
of common loons in northern Wisconsin lakes: that the lower production of loon chicks on low-pH
lakes resulted from lesser prey abundance in the low-pH lakes.

Fish assemblages of small seepage lakes used by nesting loons in northern Wisconsin are
characterized by low species richness and numerical dominance by a few species, particularly
sunfishes (Lepomis spp.) and yellow perch.742#.249.364365 The yellow perch, the preferred prey of the
common loon,”™ is ubiquitous and typically abundant in these seepage lakes, ranking second in
relative numerical abundance (based on catch per unit of effort) only to the bluegill (Lepomis
macrochirus)."#2%249.355 Moreover, the yellow perch is an acid-tolerant species, and self-sustaining
populations occur in Wisconsin lakes with pH as low as 4.4 standard units.?**** Intensive, standard-
ized fish surveys in 12 small lakes in northcentral Wisconsin (fixed sampling effort per lake with
four gear types) yielded catches of yellow perch ranging from 285 to 969 fish (mean, 597) in six
lakes with low pH (range, 5.1-6.0) and catches ranging from 38-1030 fish (mean, 370} in six lakes
with circumneutral pH (range, 6.7-7.5).7 Two other potential prey-fish species, bluegill and pump-
kinseed (Lepomis gibbosus), are also abundant in the low-pH lakes.™ Thus, it is highly improbable
that the low production of loon chicks observed by Meyer et al.®2 on low-pH lakes in northern
Wisconsin resulted from lesser prey-fish abundance in such lakes. We infer that high methylmercury
exposure is a more defensible explanation for the low production of loon chicks on these low-pH lakes.

In Georgia (U.S.), Gariboldi et al.’® measured mercury levels in prey items regurgitated by
nestling wood storks (Mycteria americana) at four colonies. The estimated mean concentration in
the diet of nestlings at individual colonies ranged from 0.10 to 0.28 pg/g wet weight, equaling or
exceeding a lowest observed adverse effect concentration (LOAEC) of 0.1 pg/g wet weight, a value
recommended by Eisler’® as a maximum tolerable dietary concentration for sensitive avian species.
The LOAEC of 0.1 ug/g wet weight was derived from laboratory experiments showing that the
teproduction and behavior of mallards were affected by a diet containing 0.5 (g Hg/g dry weight
(~0.1 pg/g wet weight), administered as methylmercury dicyandiamide. The mean concentration
in prey of nestling wood storks was highest {0.28 pg/g wet weight) in an inland colony, where an
average.of 1.9 young wood storks were fledged per nest — lower than the averages of 2.6 and 2.5
birds fledged per nest at the two coastal colonies, where mear dietary mercury concentrations were
0.10 and 0.19 pg/g wet weight, respectively.3® Gariboldi et al. ¥ stated that it was difficult to
separate the effects of dietary mercury exposure from other potential stressors on wood storks such
as differences in the abundance of prey among colonies. These authors alse noted the uncertainty
associated with extrapolating a LOAEC derived from laboratory studies with mallards to wild,
fish-eating wood storks. Mercury levels in eggs of wood storks were not measvred in this study.

In the English-Wabigoon River system, Fimreite®*? reported a mercury concentration of 3.65
Hglg wet weight in eggs of common tems (Sterna hirundo) nesting in Ball Lake, Ontario, where
estimated hatching success was less than 27%. In lesser contaminated Wabigoon Lake, mercury
averaged 1.0 pg/g in eggs of terns, only seven unhatched eggs were found, and a “large number
of fledged young” were observed. The reproductive measurements in this study were made during
two visits to each colony and were not systematically collected; however, Fimreite**? associated
the impaired reproduction in terns from Ball Lake with high methylmercury exposure.

The embryos of herring gulls (Larus argentatus) seem to be much less sensitive than embryos

of the common tern to methylmercury, based on results of Vermeer et al.,*” who measured mercury
in a single egg taken from each of 18 herring gull nests and monitored the subsequent hatching
success of the remaining eggs. Mercury levels in whole eggs varied from 2.3 to 15.8 pg/g wet
weight. In four eggs, yolk and albumen were analyzed separaltely, yielding concentrations ranging
from 0.9 to 3.5 pg/g in the yolk and from 3.5 to 22.7 pg/g in the albumen. All but two of the
remaining eggs in the 18 nests hatched, and those two eggs were in nests where the sampled eggs
contained 7.9 and 8.1 pg/g of mercury.3’

Henny et al. 8 assessed the influence of high concentrations of mercury in eggs on bird
reproduction at five national wildlife refuges in the western United States. Concentrations in some
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eggs of ducks exceeded 3 pg/g dry weight (~0.6 to 0.8 ug/g wet weight), a concentration near that
causing reproductive impairment in laboratory studies with mallards.*? It was not feasible to relate
mercury residucs measured in a single egg taken frem each duck nest to hatching success of the
remaining eggs because of heavy predation on the nests. A small sample of eggs from the nests
was, therefore, incubated in the laboratory; eggs with more than 3 pg Hg/g (dry weight) hatched
as well as eggs with concentrations less than 3 pg/g.*%*

16.7.3.2 Laboratory Experiments on Birds

An inherent limitation of ecotoxicological field studies stems from the difficulty in isolating
the biological effects of methylmercury exposure from the effects of other variables. The presence
of other environmental contaminants, for example, can complicate the identification of biological
responses to methylmercury. Controlled laboratory experiments are useful for addressing the uncer-
tainties inherent in even the best field studies, A principal objective of many laboratory experiments
has been to determine the concentrations of methylmercury in the avian diet or in avian tissues
and eggs that are associated with mortality or reproductive failure.

Koeman et al.’ dosed mice with methylmercury dicyandiamide and fed the mice, which
contained about 13 pg Hg/g wet weight, to Eurasian kestrels (Fulco tinnunculus). Methylmercury
poisoning in the kestrels became evident after about 15 days, and mortality began after 21 days.
The kestrels suffered demyelinization of the spinal cord, a symptom of methylmercury poisoning.
Concentrations of mercury in the kestrels that died or were sacrificed after showing signs of mercury
poisoning ranged from 49 to 122 pg/g wet weight in the Hver and from 20 to 33 pg/g in the brain.*?
Methylmercury poisoning and mortality also occurred in goshawks (Accipiter gentilis) and red-
tailed hawks (Buteo jamaicencis) fed chicken flesh containing about 4 to 13 pg Hg/g on a wet-
weight basis, as methylmercury.”37! Livers of the dead goshawks contained from 103 to 144 pg
Hg/g wet weight, and brains contained 36 to 51 pg/g. ¥’ Livers of poisoned red-tailed hawks
contained about 19 to 20 pg/g of mercury.’™!

Finley et al.*"? estimated the concentrations of mercury in tissues associated with the death of
birds by feeding 40 pg Hg/g, as methylmercuric dicyandiamide, to European starlings (Sturnus
vulgaris), common grackles (Quiscalus quiscula), red-winged blackbirds {Agelaius phoeniceus),
and brown-headed cowbirds (Molothrus ater). After 5 of the 14 birds of each species had died
from methylmercury poisoning, 5 survivors were sacrificed, and mercury concentrations in tissues
of the dead and surviving birds were compared. The sacrificed birds showed no overt symptoms
of methylmercury intoxication. Concentrations in tissues of most dead birds exceeded, but did not
differ statistically from, concentrations in the survivors. This study suggested that there is no
specific, single concentration of methylmercury in tissues associated with death of the organism.
Although no such threshold concentration was evident in their study, Finley et al.3"2 considered 20
Mg He/g wet weight in the tissues as a hazardous concentration.

In another study to determinge harmful tissue levels of mercury, Scheuhammer® fed dicts
containing 5 ug He/g dry weight, as methylmercuric chloride, to zebra finches (Poephila guttata)
for 76 days. One fourth of the birds died, and 40% of the survivors exhibited overt neurological
signs of methylmercury poisoning including lethargy and difficulty in balancing on their perches.
Mercury levels in the brains of finches that died were no higher than levels in birds that showed
overt signs of poisoning but did not die. Finches that survived the 76-day exposure period without
exhibiting overt symptoms of methylmercury poisoning typically had fess than 15 pg Hg/g wet
weight in the brain, whereas birds with symptoms had at least 15 Wg/g in the brain. Scheuvhammer*?
concluded from these and other data that tissue levels of methylmercury associated with neurological
effects are similar in birds of different species, size, and dietary mercury level.

In Pckin ducks (Anas plaryriynches) fed 15 pg Hg/g (as methylmercuric chloride), overt signs
of mercury poisoning (loss of appetite, decreased mobility, and lcg paralysis) appeared in males
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after 5 weeks and in females after 8 weeks.?™ Mercury concentrations did not differ between the
sexes at death or at the end of the 12-week exposure period; livers of males and females contained
88 and 92 pg/g wet weight, respectively, and brains contained 20 and 23 pg/g.™ In mallards fed
methylmercuric chloride, Pass et al.*™ saw no clear delineation between mercury concentrations in
the brains of birds that had developed microscopic lesions in the brain (range, 3.2 to 27.2 pug/g wet
weight) and those without detectable lesions (1.8 to 22 pg/g). _

Heinz®* tabulated published concentrations of mercury in the internal tissues of birds that were
poisoned, dead, or asymptomatic. He estimated that wet-weight concentrations of mercury associ-
ated with harmful methylmercury exposure in adult birds were 15 to 20 pg/g in the brain, 20 to
60 pg/g in the liver, 20 to 60 pg/g in the kidney, and 15 to 30 pg/g in muscle tissue.

The embryos and young of birds are more sensitive to methylmercury than are the adults. Heinz
and Locke* fed breeding mallards 3 ug Hg/g as methylmercury dicyandiamide, and mercury was
accumnulated in eggs to mean concentrations between ~5.5 and 7.2 pg/g wet weight in 2 consecutive
years. Reproductive success was impaired, and some ducklings died from methylmercury poisoning
after hatching. The brains of dead ducklings had mercury concentrations ranging from ~4.9 to 8.7
pgle wet weight and exhibited demyelination and necrosis characteristic of methylmercury poi-
soning.3® Reproduction of black ducks (Anas rubripes) fed 3 pug Hg/g as methylmercury dicyan-
diamide was similarly impaired, with post-hatching mortality of ducklings associated with mercury
concentrations between 3.2 and 7.0 ug/g wet weight in the brain”

Concentrations of methylmercury in the maternal diet and in eggs associated with adverse
reproductive effects in birds have also been estimated in laboratory studies. Tejning*! fed chickens
a diet containing about 9.2 pg Hg/g dry weight as methylmercury dicyandiamide. Within 3 weeks

_ mercury concentrations in eggs increased to about 25 pg/g wet weight in egg whites and 2 pg/g

in egg yolk, and hatching success of exposed eggs decreased to about 10%, relative to about 60%
in unexposed controls. When the maternal diet contained about 4.8 pg/g of mercury, administered
as methylmercury dicyandiamide, egg whites and yolks contained about 17 and 2 pg/g, and hatching
success was 17%.3 Fimreite®? fed ring-necked pheasants a diet containing about 3.7 g Hg/g as
methylmercury dicyandiamide. After 12 weeks hatching success was about 10%, compared to about
50 to 55% for controls. In eggs, decreased hatchability was associated with mercury concentrations
between 0.5 and 1.5 pg/g wet weight.*? Borg et al.,”® who fed breeding pheasants a diet with 15
to 20 pg Helg dry weight as methylmercury for 9 days, observed a significant decline in hatching
success (55%) relative to controls (74%). Mercury residues in whole eggs associated with this
decline ranged from 1.3 to 2.0 ug/g wet weight,” in close agreement with the findings of Fimreite>*?

The diagnosis of methylmercury poisoning in birds based on mecasured residues of mercury in
tissues may be complicated by the influence of other, co-occurring elements that alter the toxicity
of methylmercury.™® In particular, it has been generally believed that selenium protects vertebrate
organisms against methylmercury poisoning, even though mercury accumulation in tissues may be
increased by selenium.

A notable exception lo the presumed protective action of selenium against methylmercury
poisoning in wildlife was observed in mallards fed a combination of selenomethionine and meth-
ylmercuric chloride 8 In this experiment, Heinz and Hoffman®** showed that the toxic effects on
the developing bird embryo were much greater when selenium and methylmercury were added
jointly to the maternal diet than when methylmercury was added without sclenium. In the same
experiment, dietary selenium decreased methylmercury toxicity in the adult mallard.?®® Thus,
selenium does not seem to protect against reproductive effects of methylmercury.

Few controlled laboratory expetiments have been done on the fish-eating birds that are at greatest
risk due to methytmercury exposure in the wild. Reproductive experiments with fish-eating birds
exposed to dietary methylmercury are urgently needed, given the uncertainties in extending exper-
imental results for laboratory test species to wild, fish-eating birds. Even with laboratory species
(such as the mallard, pheasant, and chicken), there is much uncertainty i the threshold concentra-
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tions of methylmercury in the maternal diet and in the eggs that elicit reproductive problems.
Obtaining information on the reproductive sensitivity of wild, fish-cating birds to methylmercury
exposure is perhaps the most pressing research need concerning the avian ecotoxicology of mercury.
The combined effects of exposure to methylmercury and other contaminants (particularly selenium
and organochlorines), as well as other environmental stressors encountered by wild birds, also merit
critical study.

16.7.4 Mammalils

Mercury intoxication in wild mammals was first reported in association with the widespread
use of organomercurial fungicides as seed dressings during the 1950s and 1960s, when individuals
of various wild avian and mammalian species, particularly granivores and their predators, were
killed from dietary exposure to high concentrations of mercury.” Later, methylmercury intoxication
was reported as the causc of death of a wild mink (Mustela vison) near a mercury-contantinated
river™®® and of a wild otter (Lutra canadensis) near a lake contaminated with mercury from a chlor-
alkali plant.”! These cases involved outright mortality of adult mammals, probably in response (o
high dietary exposure to methylmercury. The sources of mercury that caused these past exposures
(i.e., emissions from pulp and paper mills and chlor-alkali plants and usage as seed dressings) have
largely been discontinued or greatly reduced. As described earlier in this chapter, however, other
regionally and globally significant sources of anthropogenic mercury remain, and the methylation
of mercury in the environment and biemagnification of methylmercury o high concentrations in
food webs continue. Consequently, piscivorous and other top predatory mammals still risk elevated
methylmercury exposure in some aquatic environments.

In this section, we review the effects of dietary methylmercury exposure in wild mammals, the
in vive demethylation of methylmercury, and interactions between mercury and selenium in mam-
mals. We discuss evidence linking recent methylmercury exposure (o toxic effects in certain wild
mammal species and in certain environments of North America. For earlier reviews of mercury
toxicology in wild mammals, the reader is referred to Wren,*? Heinz," Thompson,* and Wolf
ct al.*?

16.7.4.1 Effects of Methylmercury In Mammals, and Critical Concentrations in
Tissues and Diets

Data on tissue concentrations of mercury and methylmercury toxicity are more plentiful for
otter and mink than other wild mammals. Combined evidence from wild otter and mink that died
after exhibiting signs of methylmercury poisoning®®*! and from controlled, dietary-dosing exper-
iments on these two species™™*3 indicate that total mercury concentrations in the range of 20 to
100 pg/g wet weight in liver, or > 10 ug/g wet weight in brain, indicate potentially lethal exposure
to methylmercury. Reported values for other predatory mammals also fall within these ranges. For
example, a fox (Vulpes vulpes) that was found staggering and running in circles and that later died
had 30 pg/g wet weight of total mercury in its liver and kidneys, and a marten (Martes martes)
with similar symptoms of methylmercury intoxication had 40 pg Hg/g wet weight in its liver and
kidneys.” Liver tissuc from a Florida panther (Felis concolor coryi) suspected of dying of meth-
ylmercury poisoning had 110 pg/g wet weight of total mercury.** Total mercury concentrations
ranging from 37 to 145 pg/g wet weight were found in the livers of feral, domestic cats that died
from methylmercury toxicosis.®’ Generally, in the studies cited above only total mercury in tissue
was measured, and it was assumed that all or most of the mercury was present as methylmercury,
the dominant form (o which the animals were ¢xposed. Mammals that die from methylmercury
intoxication first exhibit characteristic neurological stgns, including some combination of lethargy,
weakness, ataxia, paralysis of limbs, tremors, convulsions, and visual impairment.
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Chronic exposure to dietary methylmercury concentrations of 1 ug/g wet weight or greater
causes neurotoxicity and mortality in adult mink33438538 and otter.*® Mink die after 3 to 11 months
of exposure to 1 pg Hefg wet weight of methylmercury in the diet. ¥+ Higher dietary concen-
trations (> 2 lg/g wet weight) hasten the appearance of toxic signs and mortality; however, tissue
concentrations of individual mink and otter dying of methylmercury exposure were similar regard-
less of the methylmercury concentration in the diet, and higher dietary methylmercury concenira-
tions mainly influenced the time required to accumulate toxic tissue concentrations. 3% Dietary
methylmercury levels of < 0.5 g Hg/g wet weight are generally not lethal to mink, and consumption
of such diets has not caused obvious neurological signs of methylmercury intoxication in mink in
controlled feeding experiments 334383390391

Comparatively few studies have examined more subtle, sublethal effects of methylmercury in
wild mammals. Two studies that examined the effects of dietary methylmercury on reproduction
in mink concluded that sublethal exposures (dictary concentrations < 0.5 |ig Hg/g) did not adversely
affect reproductive variables such as fertility, number of kits born per female, and the survival and
growth rates of Kits. 5392 We are unaware of any studies of subtle neurological or neurobehavioral
effects of low-level methylmercury exposure in wild mammals such as mink or otter; however,
such studies have been done on small mammals used in medical research. Burbacher et al.,*” who
reviewed the medical toxicological literature, concluded that brain-mercury concentrations of 12
to 20 pg/g wet weight during postnatat development are associated with blindness, spasticity, and
seizures in small mammals (e.g., rats, mice, and guinea pigs} experimentally exposed to methyl-
mercury; these effects have also been reported in methylmercury-intoxicated mink and otter with
similar concentrations in the brain. Lower mercury concentrations (3 to 11 pg/g wet weight} in the
brains of small experimental mammals cause behavioral deficits during postnatal development,
such as increased activity, poorer maze performance, abnormal auditory startle reflex, impaired
escape and avoidance behavior, abnormal visual evoked potentials, and abnormal performance on
learning tasks.%? Similarly, Wobeser et al** concluded that mercury concentrations exceeding 5
pglg wet weight in the brain, when combined with neurological signs, were consistent with
methylmercury toxicity in mink. Mercury concentrations in the brains of free-living otter and mink
trapped in Wisconsin and in Manitoba, Ontario, and Quebec were generally in the range of 0.1 to
1.0 pg/g wet weight, although some individuals had 5 to 10 pug/g wet weight 260394397 Results from
medical toxicological studies with small mammals indicate that such concentrations in the brain
may cause subtle visual, cognitive, or neurobehavioral deficits. Impaired vision and learning ability
could be life-threatening to wild, visual predators, given that such dysfunctions could significantly
impair ability to catch prey, causing malnutrition, increased susceptibility to disease, or reduced
reproductive success.

16.7.4.2 Demethylation and Relationship with Selenlum

Information on concentrations of total mercury in certain commonly analyzed tissues, such as
the liver, is not sufficient for diagnosing methylmercury toxicity in wild mammals. Methylmercury
is the primary and most toxic form of mercury in the diets of piscivores and other top mammalian
predators that are associated with aquatic food webs. However, some wild mammals can demeth-
ylate methylmercury to varying degrees, and inorganic mercury often accounts for a significant
and highly variable fraction of the total mercury present in the liver, kidney, and brain in such
species, 2038939 Mammals have also been shown to demethylate methylmercury in controfled
experiments. In guinea pigs (Cavia porcellus), for example, inorganic mercury accounted for 30
and 60% of total mercury in the liver and kidneys, respectively, after 3 weeks of administration of
methylmercury ¥ '

The inorganic mercury produced by in vivo demethylation of methylmercury can gradually
accumulate to very high concentrations in association with selenium in certain tissues without
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causing any apparent toxicity. Thus, liver-mercury concentrations that would probably be toxic if
composed mainty of methylmercury (> 20 pg/g wet weight) may not be toxic if present primarily
as Hg-Se complexes. Methylmercury generally predominates when total mercury concentrations
in livers of predatory mammals are less than ~9 pg/g wet weight;, however, with greater mercury
accumulation, an increasingly high proportion of total mercury is often present as inorganic mercury.
In marine mammals and aquatic birds that have accumulated high concentrations of mercury in
the liver (10 to > 30 pg/g wet weight), more than 85% of total mercury is typically present as
inorganic mercury associated with selenium in a molar ratio approximating 1:1.26%3% Thus, obser-
vations of elevated concentrations of total mercury in the liver or kidneys of dead mammals are
not sufficient for diagnosing methylmercury intoxication because of demethylation and the subse-
quent formation of Hg-Se complexes that have relatively low toxicity. Ideally, such diagnoses should
be based on information on total mercury, methylmercury, and selenium in the liver, kidneys, and
brain. Determination of total mercury in skeletal muscle would also be useful in such assessments
becausc very little demethylation occurs in muscle tissue. In the absence of clinical signs of
methylmercury intoxicalion (e.g., for animals found dead), a mercury concentration exceeding 20
Mg/g wet weight in the liver, combined with a concentration exceeding 12 pgfg wet weight in
muscle, indicates probable methylmercury intoxication.®3¥#%3 Conversely, the same or higher
mercury concentration in the liver, in conjunction with low mercury concentrations in muscle,
would not be indicative of methylmercury intoxication.

The antagonistic relation between mercury and selenium in biological systems is well known;*™
however, the biochemical mechanisms underlying this antagonism are poorly understood. Studies
with rats have demonstrated that selenium protects against or delays the toxicity of methylmercury.
Animals that received co-administration of selenium salts with methylmercury had lower mortality,
fewer neurological signs of methylmercury intoxication, and better growth rate and weight gain
than animals given only methylmercury, %0404

In wild mammals, the association between mercury and selenium has been most intensively
studied in dolphins. Rawson el al.*%s described pigment granules containing high concentrations of
mercury in lysosomes of liver cells of Atlantic bottlenose dolphins { Tursiops truncates). All animals
with mercury-containing granules had concentrations of total mercury in the liver exceeding 61
Ltg/g wet weight, whereas animals without pigment had concentrations of less than 50 pg/g. Rawson
et al.* did not suggest that these mercury-containing pigments were composed of Hg-Se-protein
complexes; however, other studies have demonstrated the presence of such compounds, both as
Hg-Se-protein complexes and as insoluble HgSe (tiemannite) granules, in liver cells of dol-
phins.***=" As reported for other mammals with high mercury accumulation, dolphins with the
highest concentrations of total mercury in the liver (> 100 pg/g wet weight) typically have the
towest pereentages of methylmercury (<10 percent of total mercury) and also have high selenium
concentrations in the liver!'® These Hg-Se compounds, which are much less toxic than methyl-
mercury, are very stablc and have a long biological half-life, accumulating to high concentrations
in older individuals.**#!! Low concentrations of mercury in the liver of dolphins, and perhaps other
marine mammals, are present primarily as methylmercury; however, there is an apparent threshold
above which the speciation of mercury is altered by in vive demethylation and concurrent accu-
mulation of sclenium with mercury in stable, insoluble complexes.*” Such Hg-Se complexes have
apparently not been reported or studied in otter or mink:

Evans et al.”* measured concentrations of total mercury and methylmercury in the brain, kidney,
fiver, and fur of apparently heaithy wild otter and mink from Ontario, Canada and reported a greater
percent of inorganic mercury in otter than in the same tissues in mink. Mink and otter had
comparable levels of total mercury {e.g., in liver, 0.85 to 3.5 pg/g wet weight in mink and 0.87 to
2.3 pg/g in otter), but the mercury in soft tissues of mink was from 80 to 90% methylmercury,
whereas the methylmercury fraction ranged from 56 o 81% in otter, leading Evans et al.? 1o
suggest that otter are more able than mink to demethylate methylmercury. Wren et al. 3% also
reported higher proportions of methylmercury in liver tissue of otter, relative to mink, in animals
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collected throughout Ontaric. Concentrations of mercury and selenium were not correlated in the
livers of Ontario otter.3%

16.7.4.3 Hazard Assessment Studles

Environmental mercury exposure has occasionally been implicated as a possible contributing
factor to population declines in mink and otter. Osowski et al.,*’? who noted that mink were
completely absent in parts of the Atlantic coastal plain of Georgia, North Carolina, and South
Carolina (southeastern United States), where they were historically abundant and where high-quality
habitat remained available, assessed the potential role of 17 environmental contaminants in popu-
lation declines of mink. Mercury (along with PCBs, DDE, and dieldrin) emerged as a potentially
important contaminant influencing mink populations. Concentrations of total mercury in kidneys
of mink from areas of concern were as high as 25 pg/g wet weight, compared to < 4 jg/g wet
weight in reference areas.*? Notably, the higher mercury levels reported in this study were toxic
to mink in conirolled feeding experiments.?*8

Giesy et al.*? conducted a hazard assessment of mercury and other contaminants in mink above
and below hydroelectric dams on three rivers flowing into the North American Great Lakes. Based
on an assumed dietary no-observed-adverse-effect concentration of (.05 pug Hg/g wet weight for
mink, the hazard assessment concluded that the calculated hazard indices were not high, although
mercury levels in fish upstream from the dams were higher than those downstream. Mercury was
deemed to be less important than PCBs as a factor potentially affecting Great Lakes mink popu-
lations, and Giesy et al.*!3 concluded that concentrations of mercury in fish in the rivers examined
were probably too low to cause any population-level effect on mink.

Two studies have attempted to assess the risk of adverse effects in otter and mink from
environmental mercury and PCB contamination in-the Clinch River and Poplar Creek watersheds
in Tennessee.**#5 Mercury in small fish collected in areas of concern averaged about 0.2 te 0.4
Heg/g wet weight.*'® Results of Monte Carlo simulations estimating total daily intakes of mercury,
integrated with dose-response curves to estimate risks, led Moore et al.*'3 to conclude that dietary
methylmercury exposure posed a moderate risk to female mink (a 24% probability of at least 15%
mortality) within the areas of concern. Similarly, Sample and Suter! concluded that there was an
85% probability that mercury exposure in otter in some of the affected sites exceeded the estimared
lowest observed adverse effect level for methylmercury.

16.8 DEGRADATION OF ECOSYSTEM GOODS AND SERVICES

As a “good” produced by aquatic ecosystems, fish are a high-quality food resource — high in
protein, low in saturated fat, and a source of beneficial omega-3 polyunsaturated fatty acids and
antioxidants such as vitamin E*® Mercury contamination has clearly diminished the economic,
nutritional, and cultural values of the fishery resources produced by many freshwater and marine
ecosystems.*"-2 The growing awareness of the mercury problem has prompted increasing efforts
to survey mercury contamination of fish, producing information that has, in turn, prompted issuance
of additional advisories concerning the consumption of sport fish. In Canada, mercury contamination
accounted for more than 97% (2572) of all fish-consumption advisories listed in 1997.#2! Most of
the Canadian advisories pertained to surface waters in Quebec and Ontario, whereas New Brunswick
and Nova Scotia had province-wide advisories in effect for mercury. In the United States, methylm-
ercury contamination accounted for 79% of all fish- and wildlife-consumption advisories in 2000,
Qut of 50 states, 41 had advisories attributed to mercury, and the number of statewide fish-consump-
tion advisories issued for lakes, rivers, or coastal waters increased substantially during 1993-2000
(Figure 16.4). In Sweden, an estimated 40,000 of the country’s 83,000 lakes contained 1-kg northern
pike with mercury concentrations higher than the national guideline of 0.5 pg/g wet weight, and an
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Figure 16.4 Recent trends in the issuance of consumption advisories in the United States caused by mercury
in fish and wildlife. Shown are the total number of advisories for mercury (top panel), the number
of states issling advisories (center), and the total number of statewide advisories for surface waters
of a given type (bottom), such as coastal waters, lakes, and rivers. Data reflect the status of
advisories through the year 2000.42' In 2001, the states of Pennsylvania and Maryland each issued
a statewide advisory (not included above) for mercury in fish.

estimated 10,000 of these lakes contained 1-kg pike with mercury concentrations exceeding the
“blacklisting™ limit of 1.0 pg/g.*'® In Uppsala County, Sweden, pollution by toxic substances (spe-
cifically mercury and cesium-137) ranked as the second greatest anthropogenic threat to lakes.*?
The cconomic losses caused by mercury contamination of fishery resources are largely
unknown, having been estimated for only a few cases.*!” The adverse impacts of mercury pollution
on some indigenous, or aboriginal, peoples who relied on aquatic ecosystems for subsistence via
fishing and hunting are multidimensional, encompassing cultural, social, and health effects as well
as economic consequences.*'®420423 For some of these peoples, the consequences of abandoning
subsistence fishing and switching Lo alternative diets, combined with the social and cultural effects
of a disrupted lifestyle, have presented a much more severe overall problem than the direct, clinical
effects of exposure to methylmercury via consumption of contaminated fish or wildlife 11%420422
The presence of inorganic mercury on the landscape, whether from anthropogenic or natural
sources, can devalue some of the services performed by aguatic ecosystems. Much of the inorganic
Hg(II) present on vegetated terrestrial areas inundated to create reservoirs for hydropower devel-
opment, for example, is methylated after flooding and enters the food chain, accumulating to high
concentrations in fish in the reservoirs and riverine reaches downstream 3#5.100240282424-327 Ty 3 pew
reservoir, the inundation of vegetated landscapes is rapidly followed by a rapid transition to
anaerobic conditions caused by rapid decomposition of inundated organic matter and the associated
depletion of dissolved oxygen near the soil-water interface. After this redox shift, anaerobic
microbial communities (including sulfate reducers) proliferate, and the net rate of methylmercury
production increases rapidly.* In the first 9 years after creation of the La Grande 2 reservoir (part
of the La Grande hydroelectric complex in the Canadian province of Québec), concentrations of
mercury increased from ~(.6 to 3.0 ug/g wet weight in 70-cm northern pike and from ~0.7 o
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2.8 pg/g in 40-cm walleye.® In some cases, mercury levels in fish from recently flooded reservoirs
have equaled or exceeded levels in fish from surface waters that were heavily contaminated by
direct industrial discharges.2*2428 Moreover, the mercury concentrations in the fishery resources of
new impoundments may remain substantially elevated for decades afier flooding 4242426429

The ecosystem services performed by natural -and construcied wetlands can also be devalued
by mercury. Freshwater wetlands improve water quality by retaining or partially removing many
of the constituents from water passing through the wetland system, including suspended solids,
bacteria, biological oxygen demand, chemical oxygen demand, certain heavy metals, phosphorus,
and nitrogen.*®*3 Constructed wetlands have been widely used for water treatment and are effective
at improving water quality in a variety of situations.**43 However, wetlands are also quantitatively
important on the landscape as sites of methylmercury production, and they can be important sources
of methylmercury for downstreani surface waters. 58 90.123-125.133.175.183.196.205.434

The production and export of methylmercury, particularly in wetland systems where the abun-
dance of mercury has been significantly increased by local anthropogenic sources or atmospheric
deposition, can impair the water-treatment function and degrade the biological resources of wetlands
and downstream waters. In riparian wetlands adjoining the Sudbury River in Massachusetts, for
example, contaminated overbank sediments on the floodplain remained an active source of meth-
ylmercury for aquatic biota and downstream riverine reaches long after the primary anthropogenic
source of mercury was controlled.®5-% In parts of the Florida Everglades, a nationally renowned
wetland ecosystem receiving anthropogenic mercury in atmospheric deposition, ™43 the rates of
methylmercury production are very rapid.*” The fish and wildlife resources in areas of the Everglades
having high methylation rates contain high levels of methylmercury,¥#%-41 diminishing the value
of the fishery and posing a threat to wildlife in upper trophic levels #¥8442-444

16.9 MERCURY POLLUTION — A CONTINUING SCIENTIFIC CHALLENGE

Environmental mercury research remains an area of substantive scientific progress and discov-
ery. Virtually hundreds of studies have examined sources, environmental transport, biogeochemical
transformations and cycling, bioaccumulation, and biological effects of the metal since global
attention first focused on environmental mercury pollution. Amazingly, a variety of recent landmark
discoveries indicate that environmental mercury research can be characterized as a relatively
“young” field of scientific endeavor.

Examples of recent prominent advances in mercury research include, but certainly are not
limited to, the following: (1) the discovery of mercury-sensitive ecosystems characterized by small
inventories of total mercury, high rates of mercury methylation, and high concentraticns of
methylmercury in piscivorous fish and wildlife, (2) the observation that perturbations of the
landscape by humans or natural processes {e.g., reservoir creation and prolonged flooding) can
markedly increase methylmercury production and contamination of aquatic food webs, (3) the
discovery of wetlands as important sites of mercury methylation and export on the landscape, (4)
the observation of significant photodegradation of methylmercury in some surface waters, (5) the
observation that selenium can worsen -~ rather than protect against — effects of methylmercury
on avian reproduction and developing young, (6) the discovery of highly reactive, gaseous forms
of Hg(11) that are rapidly removed from the atmosphere in wet and dry deposition, and (7) obser-
vation of the rapid conversion after polar sunrise of gaseous Hg® in the polar atmospheres to

“reactive gaseous Hg(IT).

Despite this impressive progress, many significant questions remain concerning the exposure
and ecotoxicological effects of mercury in the environment. Our collective appraisal is that progress
in assessing the biological and ecotoxicological effects of methylmercury exposure is lagging far
behind progress in understanding biogeochemical processes and environmental factors that influ-
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ence biological exposure 1o methylmercury. In particular, the following topics pertaining to the
ecoloxicology of mercury in biota atop aquatic food webs meril intensive scientific study,

* Critical examination of the reproductive effects of methylmercury on fish, birds, and mammals:
Which, if any, species and populations are being affected by dietary exposure (o methylmercury?
Is the vertebrate embryo the weak link in reproductive effects in exposed populations, or are other
reproductive endpoints (such as territorial fidelity, courtship and other reproductive behaviors,
gonadal development, and spawning success) more sensitive?

* Yariation among taxa of piscivorous fish, birds, and mammals in reproductive and early-life
sensitivity to methyimercury: Are fish-eating marine mammals and seabirds protected against the
adverse effects of methylmercury exposure, given their apparent abilities to demethylate methyl-
mercury and subsequently store or eliminate the resulting inorganic mercury? Are fish-eating
mammals less valnerable to methylmercury than fish-eating birds?

* The combined effects of methylmercury and other co-occurring environmental stressors: How does
mercury interact, in an ecotoxicological sense, with other persistent toxic contaminants that bio-
accumulate and biomagnify in food webs?

The modern environmental mercury problem, characterized by large geographic scale and
cnormous complexity, remains a serious challenge to environmental managers and scientists alike.
In an ccofoxicological sense, the modern mercury problem can be viewed rather simply as biotic
exposure 1o methylmercury. Given this view, the extraordinary challenge facing scientists and
cnvironmental managers is to identify approaches that can decrease biotic exposure to methyl-
mercury. Clearly, a sustained, interdisciplinary effort will be needed to address critical questions
concerning methylmercury exposure and the associated risks to wildlife and humans dependent on
aquatic food webs. ’

16.10 SUMMARY

Growing awareness of the hazards of mercury exposure prompted widespread reductions in
usage and discharges of the metal to many surface waters beginning in the late 1960s. Mercury
concentrations in fish and other aquatic biota typically declined in the years and decades following
reductions in discharges o industrially polluted waters, although contamination at some sites has
decreased slowly and high concentrations persist in fish, Contaminated tailings and alluvium from
mining operations are widespread and can remain a source of mercury emissions for decades or
centuries. [n some basins, contaminated sediment from historic mining sites has been transported
to aquatic and floodplain habitats far downstream. Gold mining with the mercury-amalgamation
process has resurged in South America, Southeast Asia, China, and Africa in widely dispersed
operations that may contribute 10% of modem anthropogenic emissions worldwide.

Since the late 1970s, unexpectedly high concentrations of mercury have been observed in fish
from waters lacking on-site anthropogenic or geologic sources of mercury, including low-alkalinity
and humic lakes, wetlands, surface waters with adjoining wetlands, waters with adjoining or
upstream areas subjected to inundation, and dark-water streams. We classify such systems as
mercury-sensitive hecause scemingly small inputs or inventories of total mercury can cause signif-
icant methylmercury contamination in fish and wildlife in upper trophic levels. A commeon attribute
of mercury-sensitive ccosystems is the efficient conversion of inerganic mercury to methylmercury.
Concentrations of methylmercury in fish in mercury-sensitive ecosystems can equal or exceed those
in fish from industrially contaminated waters.

The modern mercury problem is greatest in aguatic environments, where inorganic Hg{lI) can
be methylated to methylmercury, the highly toxic form that readily bioaccumulates in exposed
organisms and biomagnifies to high concentrations in food webs. Methylation by sulfate-reducing
bacteria at oxic-anoxic interfaces in sediments and wetlands is probably the dominant methylation
pathway in the environment. Demethylation, or degradation of methylmercury, can occur via a
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number of abiotic and biotic pathways in the environment, and photodemethylation can significantly
affect methylmercury budgets of lakes.

Emissions from anthropogenic sources and long-range atmospheric transport of mercury have

contaminated terrestrial and aquatic environments on a global scale. Analyses of sediment, peat,
and glacial ice show that the rate of mercury accumulation at semiremote and remote sites has
increased substantially (often by two- to fourfold) since the mid-1800s or early 1900s. It can be
reasonably inferred that a significant fraction of the methylmercury in aguatic biota in remote or
semiremote waters, including marine systems, is derived from anthropogenic mercury in deposition.
In the North Atlantic, for example, concentrations of methylmercury in fish-eating seabirds (and
their supporting food webs) increased substantially from 1885 through 1994,

Four compartments — atmospheric, terrestrial, aquatic, and biotic — are interconnected in the
global mercury cycle. The atmosphere is dominated by gaseous elemental mercury (Hg®, but the
fluxes between. the atmosphere and both aquatic and terrestrial compartments are dominated by
Hg(Il). The terrestrial compartment is dominated by Hg(II) in soils, the aquatic compartment by
Hg(Il)-ligand pairs in water and Hg(I1) in sediments, and the biotic compartment by methylmercury.
Mercury is reactive and moves readily between compartments. Atmospheric processes and pathways
dominate global-scale transport from sources to receptors. The global cycle can be envisioned as
a two-way exchange, in which sources emit Hg® and various species of Hg(II) to the atmosphere
and the atmosphere loses mercury via oxidation of Hg” to Hg(II) and the rapid removal of gaseous
and particulate species of Hg(Il) in wet and dry deposition. Mercury deposited onto the land is
sequestered in soils, largely as Hg(Il) sorbed to organic matter in the humus layer. The global
inventory of mercury in soils greatly exceeds that in the aquatic and atmospheric compartments.
The Hg(Il) in soils can be reduced and emitted to the atmosphere as Hg® or slowly transported
down gradient; thus, soils are both a sink and a potential long-term source of mercury. Anthropo-
genic emissions, particularly since the industrial revolution, have greatly increased the size of
cycling mercury pools and the importance of atmospheric pathways to a global pollution problem,
increasing the abundance of mercury in the atmosphere, soil, sediment, and biota. Natural emissions
of Hg® can be substantial in areas that are geologically enriched with mercury.

The aqueous abundances of methylmercury and total mercury vary widely. Total mercury in
water (unfiltered) ranges (.3 to 8 ng/L in aquatic systems lacking substantive, on-site anthropogenic
or geologic sources, 10 to 40 ng/L. in systems influenced by mercury mining or industrial pollution,
and can exceed 100 or even 1000 ng/L in systems draining areas with substantive geologic sources
or contaminated mine tailings. Methylmercury generally accounts for about 0.1 to 5% of the total
mercury in oxic surface water, seldom exceeding 10%. In oxic waters, concentrations of methyl-
mercury arc typically in the range of 0.04 to 0.8 ng Hg/L, but can be 1 to 2 ng Hg/L in systems
affected by industrial pollution or mercury mine drainage. Methylmercury can be the dominant
species under anoxic conditions, and concentrations can exceed 5 ng Hg/L.

Methylmercury readily crosses biological membranes and accumulates in aquatic organisms to
concentrations that vastly exceed those in water. Patterns of biomagnification of methylmercury in
food webs are similar, even among aquatic systems that differ in ecosystem type, mercury source,
and intensity of pollution. The entry of methylmercury into the food web and its concentrations in
lower trophic levels are influenced strongly by the supply from methylating environments, Meth-
ylmercury concentration increases up the food web from water and lower trophic levels to fish and
piscivores. The ratio of methylmercury to total mercury increases with ascending trophic level
through fish and can vary greatly in trophic levels below fish. In pelagic food webs, the greatest
increase in methylmercury concentration, relative to that in water, occurs between seston and water.
Fish accumulate methylmercury mostly via the diet, to concentrations that commonly exceed those
in water by 10%- to 107-fold. Inorganic mercury, in contrast to methylmercury, is not readily
transferred in foed webs and does not biomagnify.

In fish, concentrations of methylmercury increase with increasing trophic position and with
increasing age or size, because the rate of elimination is very slow relative to uptake. Much of the
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methylmercury in fish is eventually stored in skeletal muscle, bound to sulfhydryl groups in protein;
this may serve as a protective mechanism, given that sequestration in muscle reduces exposure of
the central nervous system to methylmercury. In the laboratory, long-term dietary exposure of fish
to methylmercury causes incoordination, diminished appetite or inability to feed, diminished
responsiveness and swimming activity, starvation, and mortality. Fish inhabiting Minamata Bay
(Japan) and Clay Lake (Ontario) — both extreme cases of industrial pollution — had very high
mercury concentrations and exhibited multiple symptoms of methylmercury intoxication. In labo-
ratory studies, sublethal exposure to waterborne methylmercury can impair the ability of test fish
to locate, capture, and ingest prey and to avoid predators, Methylmercury can impair reproduction
by affecting gonadal development or spawning success of adult fish, or by reducing the hatching
success of eggs and the health and survival of embryolarval stages. Recent experiments have shown
diminished foraging efficiency, reproductive success, health, and fitness in fish exposed to environ-
mentally realistic concentrations of methylmercury, indicating that some fish populations may he
adversely affected by existing exposure levels.

The sources of mercury respensible for reported deaths of wild birds and mammals (usage in
seed grain and emissions from pulp and paper mills and chlor-alkali plants) have been greatly
reduced or largely discontinued, yet methylmercury remains a threat to wildlife in upper trophic
levels in many aquatic ecosystems. The present pathway of exposure to methylmercury is largely
an aquatic one, and reptiles, birds, and mammals atop aguatic food webs often bicaccumulate high
concentrations of methylmercury — even at semiremote or remote sites. The principal routes of
elimination in birds and mammals are incorporation of methylmercury into growing feathers or
hair and excretion in the feces. Some fish-eating birds (particularly seabirds) and mammals can
demethylate methylmercury, and inorganic mercury can account for a significant fraction of the
total mercury present in the liver, kidney, and brain in such species.

In laboratory experiments with birds and mammals, methylmercury adversely affects survival,
reproduction, behavior, and cellular development and causes teratogenic effects. Animals dying from
methylmercury intoxication exhibit characteristic neurological signs, including some combination of
lethargy, weakness, ataxia, paralysis of limbs, tremors, convulsions, and impaired vision. In adult
mink and otter, chrenic exposure to dietary methylmercury of 1 pg/g wet weight or greater causes
neurotoxicity and mortality. Mortality and impaired reproduction, two endpoints observed in labo-
ratory experiments, could affect populations of birds and marnmals exposed to high levels of meth-
ylmercury. In field studies, exposure to high levels of methylmercury was a suspected cause of ill
health, emaciation, and mortality in studies of wild white herons, grey herons, and common loons.
In these cases, the observed mortality may have resulted from the combined effects of sublethal
methylmercury exposure and other stressors. In field studies, it is often difficult to isolate the biological
effects of methylmercury exposure from those of co-occurting toxic contaminants or other stressors.

In birds and mammals, early life stages are much mere sensitive than the adult to methylmercury,
Avian reproduction, for example, is significantly impaired at (mailernal) dietary concentrations that
are only one fifth of those that produce overt toxicity in the adult. In field studies, impaired
reproduction has been associated with high mercury exposure in piscivorous birds, including wild
merlins, common loons, wood storks, and common terns. In common loons, reductions in egg
laying and territorial fidelity have been associated with mercury concentrations averaging 0.3-0.4
Kg/e wet weight in prey organisms, and many lakes in the breeding range of this species contain
prey-size fish with concentrations equaling or exceeding this estimated threshold value. Reproduc-
tive experiments with fish-eating birds exposed to dietary methylmercury arc urgently needed, given
the uncertainties in extrapolating results from laboratory test species, such as the mallard, to wild
piscivorous birds.

Few studies have examined subtle, sublethal effects of methylmercury in wild, piscivorous
mammals. Yet medical studies with small mammals have shown that sublethal exposure to meth-
ylmercury can cause subtle visual, cognitive, or neurobehavioral deficits that could indirectly affect
the survival and reproductive success of visual predators in the wild.
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The antagonistic relation between mercury and selenium is well known in toxicology, but the
biochemical mechanisms are poorly understood. In dolphins, there is an apparent threshold con-
centration in the liver above which the speciation of mercury is altered by in vive demethylation
followed by storage with selenium in insoluble, stable Hg-Se complexes. Dietary exposure of
mallards to selenomethionine and methytmercuric chloride, separately and in combination, showed
that selenium decreased methylmercury toxicity in adults. Yet in the same experiment, the adversc
effects on the developing mallard embrye were much greater when selenomethionine and meth-
ylmercury were added jointly to the maternal diet than when only methylmercury was added.

Mercury contamination is adversely affecting a number of ecosystem goods and services. The
most notable of these is the degradation of fishery resources that have substantial economic,
nutritional, and cultura! value. The economic losses caused by the widespread contamination of
fishery resources have apparently not been estimated. For some aboriginal communities in Canada
that once relied on subsistence fishing, the impacts of mercury pollution have encompassed adverse
cultural, social, and health effects, as well as economic impacts. For some communities, abandon-
ment of subsistence fishing and a change to less healthy diets, combined with the social and cultural
effects of disrupted lifestyle, have presented a more severe overall problem than the direct, clinical
effects of exposure to methylmercury via consumption of contaminated fish.

Mercury on the landscape can also devalue services performed by aquatic ecosystems. Much
of the inorganic Hg(II) on land inundated to create reservoirs for hydropower is methylated after
flooding to methylmercury, which rapidly enters the food web and substantively contaminates fish
in the reservoirs and reaches downstream for decades. Mercury also devalues the ecosystem services
performed by wetlands, which improve the quality of water passing through the wetland system
by partial removal of nutrients and certain other constituents. Wetlands are also sites of mercury
methylation, and the production and expert of methylmercury can impair their water-treatment
function and degrade the biological resources in wetlands and downstream waters.

Environmental mercury research is an area of substantive scientific discovery that can be

characterized as a relatively young field of scientific endeavor. Our collective appraisal is that -

progress in assessing the biological and ecotoxicological effects of methylmercury exposure is
lagging far behind the recent, impressive advances in our understanding of biogeochemical pro-
cesses and environmental factors that influence biological exposure to methylmercury.

In particular, many questions concerning the ecotoxicology of mercury need to be addressed
before the population-level effects of methylmercury exposure in fish and wildlife species atop
aquatic food webs are fully understood. The modern environmental mercury problem, large in
geographic scale and enormous in complexity, remains a daunting challenge for environmental
scientists and managers alike.
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Abstract—Piscivorous wildlife, such as mink (Mustela vison), routinely are exposed to mercury (Hg) in their natural environment
at levels that may cause adverse behavioral outcomes. The purpose of this study was to determine if a correlation exists between
neurochemical receptors and concentrations of Hg in the brains of wild mink. Specifically, receptor-binding assays were conducted
to characterize the muscarinic cholinergic (mACh) and dopaminergic-2 {D2) systems in brain tissues collected from mink trapped
in the Yukon Territory, Ontario, and Nova Scotia (Canada), and values were correlated with total Hg and methyt Hg (MeHg)
concentrations in the brains. A significant correlation was found between Hg (total Hg and MeHg) and mACh receptor density
(r = 0.546; r = 0.596, respectively) or ligand affinity {r = 0.413; r = 0.474, respectively). A significant negative correlation was
found between total Hg and D2 receplor density {(r = —0.340) or ligand affinity (r = —0.346). These cormrelations suggest that
environmentally refevant concentrations of Hg may alter neurochemical function in wild mink, and that neurochemical receptor-
binding characteristics can be used as a novel biomarker lo assess Hg's effects on wildlife. Given the importance of the musearinic
cholinergic and dopaminergic pathways in animal behavior, further studies are required to explore the physiological and ecological

significance of these findings.

Keywords—Wildlife toxicology Neurotoxicology

INTRODUCTION

Mercury (Hg) is a ubiquitous neurotoxicant and naturally
occurring element that exists in multiple allotropic forms [1,2].
Methylmercury (MeHg), the primary organic species of Hg,
can readily traverse biological membrancs and biomagnify
through the aguatic food chain. Consequently, MeHg is a po-
tential risk to high trophic-level piscivorous wildlife, such as
mink (Mustela vison) [3). Historical declines of some wild
populations of mink are thought to be associated with Hg
exposure [4,5]. Additionally, controlled feeding experiments
have demonstrated that ranch mink ingesting as little as 1 pg/
g dietary MeHg display clinical signs of toxicosis, such as
reproductive impairment [6], behavioral changes [7,8], and
lethality [7,8]. The effects of Hg on wildlife and ecosystem
health is a growing concern because concentrations of Hg
measured in the brains of wild mink (range: 0.11-13.4 pg/g
wet wt total Hg) [9-11] generally are within one order of
concendrations that may cause ill effects (i.e., greater than 5
a/g wet wt total Hg) [7,12], and global concentrations con-
tinue to rise due to industrial activities and long-range at-
mospheric transport [13-16].

To understand the physiological and ecological risks as-
sociated with Hg exposure, feeding trials have been conducted
in a variety of avian and mammalian wildlife species [12,17-
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19}. The endpoints tested in a majority of these studies in-
cluded bioindicators of health that may be classified as irre-
versible, such as ataxia and brain lesions. Although these data
increase our basic understanding of Hg toxicity, there is a need
to develop specific biomarkers to predict the adverse risks
associated with chronic exposure to low concentrations of Hg
by individuals and populations. Assuming that molecular
events at the cellular level precede functional impairments at
the organ level, monitoring biochemical changes in the ner-
vous system represents a unique tool to prediet possible neu-
robehavioral outcomes associated with Hg exposure in organ-
isms [20-22].

The ability of wildlife to survive in the environment re-
quires a functional neurclogical signaling pathway whereby
the animal can receive, process, and store information. Two
major pathways in neurotransmission are the cholinergic and
dopaminergic systems that play critical roles in cognition, so-
matosensory, and motor function [23,24]. Rodent studies have
shown that Hg can disrupt multiple aspects of these pathways
including the synthesis, storage, or release of neurotransmitters
[25-29], receptor-binding events [30--32], and re-uptake or
clearance mechanisms [25,26,28]. Furthermore, studies on fish
have shown that exposure of animals to pesticides and heavy
metals altered components of the cholinergic [33] and dopa-
minergic [34] system, which were related to behavioral out-
comes. Collectively, these findings suggest that prolonged dis-
ruptions in neurotransmission ultimately may alter animal be-
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havior and lend support to the idea that neurochemical changes
may be used as biomarkers to study the neurotoxic effects of
Hg and other toxicants on wildlife.

Recently, we have demonstrated the versatility and dis-
cussed the applications of receptor-binding characteristics to
study neurochemistry in epidemiological studies of humans
and wildlife [35]. The purpose of the present study is to in-
vestigate if there is a correlation between neurochemistry and
brain Hg concentrations in wildlife. Specifically, muscarinic
cholinergic (mACh) and dopaminergic (D2) receptor-binding
characteristics were measured in whole brains of mink col-
lected from different geographical regions of Canada. Receptor
data were correlated with concentrations of brain Hg (total and
MeHg) to test the following null hypothesis: There is no as-
sociation between Hg exposure and neurochemical function in
wild animals. ‘

METHODS

Chemicals

Radioligands, [*H]-quinuchdinyl benzilate ([*HJ-QNB; 42
Ci/mmol) and [*H]-spiperone (15.7 Ci/mmol), were obtained
from NEN/Perkin-Elmer (Boston, MA, USA). Atropine, bo-
vine serum albumin, (+)-butactamol, ketanserin, and poly-
ethylenimine were purchased from Sigma-Aldrich {St. Louis,
MO, USA).

Sample collection

Animais were collected from licensed trappers during the
2002 to 2003 trapping season from the Yukon Territory (Wat-
son Lake), Southern Ontarie (Peterborough and Parry Sound
areas), and Nova Scotia, Canada. The gender of each animal
was noted and all carcasses were stored at —20°C until pro-
cessed. The lower jaw was removed to age each animal using
cementum annuli readings (Matson’s Laboratory, Milltown,
MT, USA).

Hg analysis

Concentrations of total Hg and MeHg were quantified as
described by Scheuhammer et al. [36]. To quantify total Hg,
approximately 0.35 g of freeze-dried brain tissue was digested
overnight in concentrated nitric acid, heated for 5 h at 105°C,
and diluted eightfold with distilled water. For MeHg analysis,
acidic sodium bromide was used to extract the MeHg from a
tissue sample into toluene. The Hg complex then was reverse-
extracted inte the aqueous phase as a thiosulfate conjugate,
and this sample was digested and stored in a mixture of strong
acids. Concentrations of total Hg and MeHg were measured
in the digests using cold vapor atomic absorption spectropho-
tometry (Hitachi Atomic Absorption Spectrophotometer model
Z8200, Tokyo, Japan) at a wavelength ot 253.7 nM. Certified
reference materials (Dogfish Muscle Certified Reference Ma-
terial for Trace Metals [DORM-21, Analytical Chemistry Unit,
National Research Council, Ottawa, ON, Canada) and sample
blanks were included in all analyses for quality control pur-
poses, and all data are expressed as dry weight concentrations,
unless otherwise indicated.

Preparation of brain membranes

Brains were excised from each animal and stored at —80°C
until membranes were prepared. Frozen tissues were homog-
enized for 30 s in ice-cold NaK buffer (50 mM NaH,PO,, §
mM KCI, 120 mM NaCl, pH 7.4). The homogenate was cen-
trifuged at 16,500 g for 15 min at 4°C, and the resulting pellet

Environ. Toxicol. Chem. 24, 2005 i445

was washed twice under the same conditions. The final pellet
was resuspended in NaK buffer and aliquots were frozen im-
mediately in liquid nitrogen and stored at —86°C until required.
The concentration of protein in the membrane preparation was
determined with the Bradferd assay [37] using bovine serum
albumin as the standard,

mACh receptor-binding assay

One hundred micrograms of membrane preparation were
preincubated in NaK buffer for 30 min at 25°C in duplicate.
Samples then were mixed with various concentrations (0.01-
3.2 oM} of [PH]-QNB, a mACh receptor-specific radioligand,
for 60 min at 25°C under constant agitation. The incubation
was terminated by rapid vacuum filtration through 1.2-uM
glass fiber filters (Millipore, Boston, MA, USA). The filters
were washed three times with 3 ml of ice-cold NaK butfer
and placed into glass vials. The filters were allowed to dissolve
overnight in 5-m! liquid scintillation cocktail (ICN Biomedi-
cals, Aurora, OH, USA). Radioactivity retained by the filters
was quantified by a liquid scintillation counter (LKB Wallac
1209 Rackbeta, Turku, Finland) with approximately 68%
counting efficiency. Specific binding was defined as the dif-
ference in [PH]-QNB bound in the presence and absence of
100 pM atrepine, and the total volume in each tube was | ml.
To reduce nonspecific binding of the radioligand to the filters,
filters were soaked for 30 min in 0.1% (weight/volume) po-
lyethylenimine before use.

D2 receptor-binding assay

The receptor-binding assay for the D2 receptor was mod-
ified for a 96-well microplate filter system. Twenty micrograms
of membrane preparation were preincubated in Tris buffer (50
mM Tris, 5 mM KCl, 2 mM MgCl,, pH 7.4) for 30 min at
25°C in triplicate. Samples then were mixed with various con-
centrations (0.1-5.6 nM) of [*H]-spiperone, a D2-specific ra-
dioligand, for 90 min at 25°C under constant agitation. The
incubation was terminated by rapid vacuum filtration through
1.0-puM glass fiber filters (Millipore). Filters were washed three
times with 200 pl Tris buffer and placed into glass scintillation
vials. The filters were allowed to dissolve overnight in 5-mi
liqued scintillation cocktail. Radioactivity retained by the filters
was determined as described carlier. Specific binding was de-
fined as the difference 1n ['H]-spiperone bound in the presence
and absence of 100 uM (+)-butaclamol. To reduce nonspecific
binding of the radioligand to the filters, filters were soaked for
30 min in 0.5% (weight/volume) polyethylenimine before use,
and 50 pM ketanserin (5-HT, receptor antagonist) was added
to cach well to prevent binding of [*H]-spiperone to 5-HT,
receptors.

Statistical analysis

The eritical stgnificance value for all statistical analyses
was set at o = 0.05. All data are represented as mean *
standard deviation, Data from all receptor-binding studies were
curve-fitied using GraphPad Prism (Ver 3.02, GraphPad Soft-
ware, San Diego, CA, USA) to calculate receptor density
{Bmax) and ligand affinity (Kd). To minimize the sum of
squares, an F-test determined that mACh binding was best fit
with a rectangular hyperbolic equation and D2 binding was
best fit with a three-parameter logistic equation.

Mercury (total and McHg) data were log-transformed for
statistical analysis (SigmaStat Ver 2.03, SPSS, San Rafael, CA,
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Table 1. Mean (*standard deviation) values of Hg levels in mink

brains collected across Canada, 2002 to 2003. Values are expressed
as a-dry weight concentration assuming brain moisture content of

74.6 * 1.2%
Total Hg Metlg MeHg
Sampling region  n  {pg/g dry wt} (pug/g dry wt) (% of total Hg)
Nova Scotia 27 57 =52 49 * 410 90.0 = 14.9
Ontario {i] 1.4 06 1.2 207 86.8 * 197
Yukon Temritory 11 1.2 * 0.8 .1 x08 86.8 * 14.1

* Significant (p < 0.05) differences amony groups.

USA) because the distribution of Hg data were non-Gaussian
as determined by the Kolmogorov-Smirnov test. A Pearson
correlation was conducted to explore the relationship between
brain Hg (total and MeHg) and neurochemical receptor-bind-
ing characteristics (receptor density and ligand affinity). One-
way analysis of variance was conducted to examine the re-
lationship between Hg and receptor-binding characteristics
amonyg the study regions. Analysis of covariance was con-
ducted to evaluate if any effects were related to age or gender
of mink.

RESULTS
Hg analysis

Concentrations of total Hg were measured in two indepen-
dent laboratories at McGill University (Montreal, QC, Canada)
and Trent University (Peterborough, ON, Canada). The mean
difference in values was 6.6 = 4.8% and the cold-vapor atomic
absorption spectrophotometry detection limit was 1 wg/L Hg.
Mean recovery of Dogfish Muscle Certified Reference Material
for Trace Metals (DORM-2) standard reference malerial was
94.0 * 4.9% and 93.4 * 4.3% of the expected value for total
Hg and MeHg, respectively. Concentrations of total Hg in the
mink brain ranged between 0.27 and 18.84 pg/g and concen-
trations of MeHg ranged between 0,26 and 13.52 pg/g (Table
1). Concentrations of Hg (total and MeHg) were significantly
(p < 0.001) higher in Nova Scotia samples compared to those
collected from Ontario and the Yukon Territory (Table 1),
Methylmercury was measured only at McGill University and
accounted for 88.8 * 15.4% of the total Hg (Table 1). The
relationship between total Hg and MeHg was significant (r =
0.966, p < 0.0001, n = 44}. Mean moisture content of brain
tissue was 74.6 > 1.2%. No effect of age or gender was found
on the concentrations of brain Hg.

Receptor-binding characteristics

Analysis of all mACh receptor-binding data revealed a
mean receptor deénsity and ligand affinity of 721.5 = 227.2
fmol/mg protein and 0.11 * 0.02 nM, respectively, with high-

N. Basu ct al.

est values recorded in the samples from Nova Scotia (Table
2). Nonspecific binding, as determined by incubation of sam-
ples with atropine was less than 5% of total binding at 1 nM
[*H]-QNB, Analysis of all D2 receptor—binding data revealed
a mcan receptor density and ligand affinity of 112.2 = 32.8
fmol/mg/protein and 1.64 * 0.33 nM, respectively (Table 2).
Although significantly higher D2 receptor density was mea-
sured in samples from the Yukon Territory, there were no
significant differences in D2 ligand affinity among mink col-
lected from different regions. Nonspecific binding, as deter-
mined by incubation of samples with (+)-butaclamol, was 50
to 55% of total binding at 1.8 nM [*H]-spiperone. No effects
of age or gender were found on mACh and D2 receplor-binding
characteristics.

Correlation of Hg with receptor-binding characteristics

A significant positive correlation was found between total
Hg and mACh receptor density (r = 0.546, p < 0.0001, n =
47; Fig. 1A) and ligand affinity (r = 0.413, p < 005, n =
47; Fig. 2A). Similar to total Hg, a significant positive cor-
relation was found between brain MeHg and mACh receptor
density (r = 0.596, p < 0.0001, » = 43; Fig. 1B) and ligand
affinity (r = 0.474; p < 0.001, » = 43; Fig. 2B).

Contrary to the mACh receptor data, a significant negative
correlation was found between total Hg and D2 receptor den-
sity (r = —0.340, p < 0.05, n =48, Fig. 3A) and ligand affinity
(r = ~0.346, p < 0.05, n = 48; Fig. 4A). Correlation of MeHg
with D2 receptor density (Fig. 3B) and ligand affinity (Fig.
4B) also was negative, but this association was not statistically
significant (p > 0.05).

DISCUSSION

Multiple studies have demonstrated that piscivorous wild-
life are exposed to Hg via their natural diet, but little is known
regarding the physiological and ecclogical consequences of
this long-term exposure. The major finding of this study is
that significant differences in mACh and D2 receptor-binding
characteristics (receptor density and ligand affinity) can be
correlated to concentrations of Hg (total and MeHg) in the
brains of wild mink collected across Canada (Figs. 1-4), thus
rejecting our null hypothesis. Given the importance of the
cholinergic and dopaminergic systems in cognitive processes
and motor function, prolonged alterations in receptor prop-
erlies may precede, and even be used to predict, adverse chang-
es in neurobehavior and animal health.

Concentrations of brain Hg (total and MeHg) measured in
this study correspond welt with previously published values
for mink collected in Ontario {11,38] and Yukon Territory [39].
This is the first report to publish brain Hg concentrations in
mink collected from Nova Scotia (Table 1). Significantly.high-
er concentrations of brain Hg (total and MeHg) were measured

Table 2. Mean (*standard deviation) values of neurochemical receptor-binding characteristics (Bmax = receptor density; Kd = ligand affinity)
in brain membrane preparations from mink collected across Canada, 2002 to 2003

Muscarinic cholinergic receptor-binding characteristics

Dopamine-2 receptor-binding characteristics

Bmax Kd Bmax Kd
Sampling region (fmol/mg protein) (M) {fmol/mg protein) (nM)
Nova Scotia 1,260.9 = 378.1A° 0.12 = 0.02A 108.3 = 30.0 1.59 * 0.36
Ontario 598.9 + 203.4 0.11 = 0.02AB 98.2 % 40.1 1.6% = 0.38
Yukon Territory 550.6 = B8.8 0.09 = 0.018 1345 = 21.7A 174 + Q.45

* A, B = significant (p < 0.05) differences among groups.
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{mACh) receptor density (Bmax) and levels of total Hg (A) and MeHg
(B) in brains of wild mink (Mustela vison) collected from Nova Scotia
(V), Ontario (O), and the Yukon Territory ({]) in Canada during 2002
to 2003; d.w. = dry weight.

in mink from Nova Scotia, relative to the Yukon Territory and
Ontario, which can be attributed to both the geochemistry of
this region [40] and its proximity to industrial point sources
that emit Hg [3,41]. Wildlife inhabiting low-alkaline regions,
such as Nova Scotia, generally have higher Hg tissue burdens
‘because methylation of inorganic Hg is enhanced under acidic
conditions [15]. Mean concentrations of brain MeHg, as a
‘percentage of total Hg, were consistent across the study regions
(Table 1) and support previous observations that mink have a
limited capacity to de-methylate Hg compared to other pi-
scivorous wildlife [11,42].

Historical reports of Hg poisoning [5,9] and controlled
feeding studies [6-8,43] have demonstrated that mink are sen-
sitive to chronic Hg exposure [44]. Given that average con-
centrations of Hg in North American mink are within one order
of magnitude of concentrations measured in severely poisoned
mink [3], and MeHg concentrations in many aquatic ecosys-
tems may exceed the U.S. Environmental Protection Agency’s
(U.8. EPA) derived mammalian wildlife criteria for mink (57
pg MeHg/Lj [19], there is a need to explore the subtle effects
associated with Hg exposure in the natural environment. After
reviewing the available literature, the U.S. EPA [3] recom-
mended a lowest-observable-adverse-effects level of 1.1
pg/g dietary MeHg. This criterion largely was derived from
observations that mink fed this ration had brain concentrations
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of 7.1 10 9.3 pg/g wet weight Hg and resulting neuronal lesions
[7]. Others [12] have suggested that brain concentrations of 5
rg/g wet weight MeHg (~19.7 png/g dry weight MeHg, as-
suming moisture content of brain to equal 74.6%), may be low
enough to cause subtle neurological effects. However, our data
demonstrate that significant neurochemical changes exist in
wild mink (Figs. 1--4), and levels of Hg (total and MeHg)
measured in the brains of these animals were below the con-
centrations proposcd by the U.S. EPA [3] and Wolfe et al. [12]
that may cause adverse effects.

Despite several decades of research on the ecotoxological
effects of Hg, the only acceptable biomarker for Hg is to
quantify exposure by measuring concentrations of Hg in blood,
fur, or organs. Although this type of information is necessary
for risk assessment, it does not provide much information
about the cellular changes that precede fiunctional impairment.
A major limitation in wildlife studies is the rapid postmortem
degradation of cellular components, such as enzymes and
genes, which may be used as possible biomarkers of 11g effect.
We have demonstrated recently the versatility of neurochem-
ical receptors in field-based wildlife studies because receptor-
binding characteristics were minimally affected by tissue stor-
age temperatures and multiple freeze thaw cycles [35]. These
findings, in addition to the results from the current study, lend
support to the idea that reurochemical receptor-binding char-
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Fig. 3. Relationship between dopamine-2 {D2) receptor density
(Bmax) and levels of total Hg {A) and McHg (B) in brains of wild
mink (Mustela vison) collected from Nova Scotia (V), Ontario (O),
and the Yukon Territory ([]) in Canada during 2002 to 2003; d.w. =
dry weight.

acteristics are a novel biomarker to assess Hg’s neurotoxic
effects in wildlife,

It is well-established that Hg can alter neurcbehavior in
wildlife [12,17,19], but little is known about the mechanisms
that mediate these physiological changes. The proper trans-
mission of signals between the animal’s external environment
and its nervous system is necessary for survival. Mercury is
a nonspecific cytotoxic compound [45,46] and rodent studies
have shown that organic and inorganic Hg can impair various
aspects of neurotransmission. For example, laboratory rats [47]
and mice [48] exposed to MeHg had decreased congentrations
of brain acetylcholine, the primary agonist of the mACh re-
ceptor. Reduced acetylcholine levels, as a result of MeHg ex-
posure, are supported by mechanistic studies demonstrating
that MeHg can suppress the activity of choline acetyltrans-
ferase [25,26], inhibit the voltage-gated entry of acetylcholine
into pre- and postsynaptic nerve endings [49,50], and impair
the binding of [*H}-QNB to the mACh receptor {31]. Because
Hg may reduce the cellular pool of acetylcholine, up-regulation
of the mACh receptor in Hg-exposed mink (Figs. | and 2)
may represent an adaptive response by these animals to ensure
that cholinergic neurotransmission occurs within a normal
physiological range. However, the duration an animal can sus-
tain changes in neurochemisiry needs to be studied because
behavioral changes {e.g.. impaired ability to hunt, breed, mi-
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grate} may become evident vnce this latency period is ex-
ceeded.

In contrast to the muscarinic cholinergic receptor data, a
negative correlation was calculated between Hg and D2 re-
ceptor-binding characteristics (Figs. 3 and 4). Mercury has
been demonstrated to affect the dopaminergic system in lab-
oratory animals by causing a net increase in cellular levels of
dopamine as a result of decreased monoamine oxidase activity
{26,51], increased tyrosine hydroxylase activity [25], and
spontaneous release of dopamine from neurons [27,29]. In the
field, larval mummichogs (Fundulus heteroclitus) residing in
Hg-contaminated waters had higher levels of dopamine, rel-
ative to controls [34]. Knowing that Hg can increase cellular -
dopamine levels, down-regulation of D2 receptors in high Hg-
exposed mink may represent an adaptive mechanism to prevent
the hyperstimulation of the dopaminergic system by the ani-
mal,

In conclusion, significant Hg-related changes in neuro-
chemistry are measurable in wild mink collected across Can-
ada, and these changes occur at concentrations of brain Hg
below values known to cause adverse clinical effects. Because
mink are exposed routinely to potentially harmful concentra-
tions of Hg in their natural environment and a functional neu-
rological signaling pathway is essential for animal behavior
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and survival, further studies are required to resclve the phys-
iological and ecological significance of these neurochemical
changes to individuals and populations, These data also dem-
onstrate that receptor-binding characteristics represent a novel
tool to assess the ecotoxicological risks of Hg.
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Effects of Dietary Methylmercury on
Reproduction of Fathead Minnows
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We examined effects of dietary methylmercury (MeHg) on
reproduction of fathead minnows (Pimephales promelas).
Juvenile fish were fed one of four diets until sexual maturity
{phase 1): a control diet (0.06 g Hg g~ dry weight)

and three diets contaminated with MeHg at 0.88 (fow),
4.11 (medium), and 8.46 ug Hg g~ dry weight (high). At sexuai
maturity, male and female fish were paired, again fed
one of the four diets, and allowed to reproduce (phase 2).
To assess effects of MeHg during gametogenesis, some
fish were fed diets during phase 2 that differed from those
during phase 1. Spawning success of pairs fed the same
diet during phases 1 and 2 was 75% for controls and 46%,
50%. and 36% for the low-, medium-, and high-MeHg
treatments, respectively. Spawning success of pairs fed a
contaminated diet during phase 1 and a control diet
during phase 2 was 63%, 40%, and 14% for the low-, medium-,
and high-MeHg treatments, respectively, whereas
exposure lo dietary MeHg only during phase 2 did not
reduce spawning success. Dietary MeHg delayed spawning,
and days 1o spawning was positively correlated with
concentration of total mercury in the carcasses of test
fish. MeHg reduced the instantaneous rate of reproduction
of fish fed the same diets during phases 1 and 2. Both
the gonadosomatic index and reproductive effort of female
fish were inversely correlated with mercury in carcasses,
whereas developmental and hatching success of
embryos, 7-d survival, and 7-d growth of larvae were
unrelated to mercury concentrations in parental fish or
their diets, MeHg decreased reproduction of adult fathead
minnows at dietary concentrations encountered by
predatory fishes in aquatic systems with MeHg-contaminated
food webs, implying that exposed fish populations could
be adversely affected by this widespread contaminant.

Introduction

Little is known about the toxicological effects of methyl-
mercury (MeHg) on the reproduction, growth, and survival
of wild fishes (1-23). Nearly all of the mercury in adult fish
and their eggs is MeHg (4—7). MeHg may decrease overall
reproductive success of fish by altering gametogenesis and
gonadal development of adults or by reducing the hatching
success of eggs and the survival of embryolarval stages (3,
8—11). Birge et al. (/2), for example, found that mercury
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concentrations as low as 0.07-0.10 ug g~ wet weight in eggs
of rainbow trout Oncorfiynchus mykiss were associated with
increased mortality; these concentrations are only six to nine
times those measured in eggs of rainbow trout from Lake
Ontario (13) and are within the range measured in eggs of
yellow perch Perca flavescens from low-alkalinity lakes in
northern Wisconsin (6).

Few laboratory studies of the effects of MeHg on fish have
mimicked exposure conditions in natural waters. Many
studies, for exampie, have used unrealistically high exposures
to waterborne MeHg (2). More recent investigations have
shown that diet is the primary source of MeHg for fish in
natural waters (/4, 13 and that maternal transfer is an
important pathway of MeHg exposure for fish embryos (3,
16). The amount of mercury transferred from the female to
the developing egg is small, yet the mercury content of eggs
is strongly related to that of the maternal fish (6, 7).

We fed fathead minnows Pimephales promelas diets
containing concentrations of MeHg present in some aquatic
food webs, maintained the fish through sexual maturity, and
examined the effects of dietary or maternally transferred
MeHg on several reproductive variables. Our principal
objective was to examine the effects of MeHg administered
via the diet of parental fish on the overall reproductive success
of fathead minnows.

Experimental Section

Study Design. The study included four sequential phases
corresponding to life stages of the fathead minnow: {phase
1) the juvenile stage until sexual maturity, {phase 2) spawning
of mature fish, (phase 3) embryogenesis, and (phase 4) growth
of larval progeny. During each phase, we examined effects
of either dietary or maternally transferred MeHg on fathead
Minnows.,

Throughout the study, fathead minnows were cultured
with methods described by others (/7— 19, Larvae were fed
brine shrimp nauplii (Artemiasp.) until 45-d post hatch and
then fed Starter soft-moist fish food (Nelson and Sons, Inc.,
Murray, UT). About 3 months after hatching, about 1400
juveniles were randomly placed into each of four 500-L flow-
through tanks receiving well water (Figure 1, phase 1).

Phase 1. Juvenile fathead minnows were fed ad libitum
one of four phase-1 diets, three of which were contaminated
with methylmercuric chloride. Mean concentrattons (ug g™!
dry weight) = 1 SE of total mercury in the diets were 0.060
4 0.003 (control), 0.88 &+ 0.02 (low), 4.11 4+ 0.08 {medium),
and 8.46 £+ 0.17 (high}. Normalized to caloric density, levels
of mercury in the test diets spanned those in zooplankton,
benthic invertebrates, and small forage fish from low-
alkalinity lakes in North America (Table 1). Hence, these
dietary concentrations are environmentally realistic and
reflect potential dietary exposures of fish in many aquatic
systems with MeHg-contaminated food webs.

Phase 2. After fathead minnows became sexually dimor-
phic (about 240 d post-hatch), mature males and females
were paired randomly and assigned to quadrants in one of
15 50-L flow-through breeding aquaria receiving well water
(Figure 1), Breeding aquaria were arranged randomly within
a large water bath, and each aquarium was partitioned into
quadrants with plastic screen. One pair of fishinhabited each
quadrant with an acid-cleaned spawning substrate {a half
cylinder of PVC pipe). Pairs were fed a phase-2 diet with one
of four concentrations of MeHg. To evaluate the effects of
dietary MeHg during gametogenesis on reproduction, some
fish were fed phase- 2 diets that differed from those fed during
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TABLE 1. Mercury Concentrations in Diets Used in This Study in Rel
Small Prey Fish in Low-Alkalinity Lakes’

ation to Those in Iooplankton, Benthic Invertebrates, and

caloric density concentration of mercury determined, or probable
item (Kcat g~ 'dry wt)  (ug g~ dry wt) (g Kcal ) dominant form, of mercury ref
control diet 516 0.06 0.01 total this study
zooplankton 5.24 0.06-0.28 0.011-0.053 methyl (42
zooplankton® 5.24 0.007-0.29 0.001-0.056 methyl (35)
benthic invertebrates® .52 0.001-1.0 <0.001-0.21 methyl {43
low diet 5.162 0.88 0.17 methyl this study
whole yellow perch {(age-2) 4.3—5.65d 0.12-1.2¢ 0.62-0.27 rmethyl (44
whole smelt (Osmerus mordax) 3.1-5.0°" 0.20—-2.3¢ 0.04-0.75 methyl (45)
crayfish abdominal muscle 3.3¢ 0.84-2.5¢ 0.26-0.75 methyl (46)
medium diet 5.162 4.11 0.80 methyl this study
high diet 5.162 8.46 1.64 methyl this study

*Determined by bomb calorimetry. ® From Lake 632 {reference site}. © Estimated dry-weight value assuming a whole-body water content of

75%. ¢ Based on value reported by Craig (47). ® Based on vatue reported for
caloric densities are based on vatues reported by Cummins and Wuychec

fish less than 140 mim standard length {48). ' Unless noted otherwise,
k (471).
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FIGURE 1. Experimental design used to evaluate effects of dietary
methylmercury (MeHg) on repreduction of fathead minnows. Letters
in quadrants of breeding aquaria (phase 2) represent the MeHg-
contaminated diet fed to female (circle over plus sign) and male
{circle and arrow) fish during phase 1 of the study (C = control diet
with no added MeHg, L = low, M = medium, and H = high}.

phase 1. To examine the relative effects of either male or
fernale exposure to dietary MeHg during phase 1, some fish
fed a centaminated diet during phase 1 were paired with fish
fed the control diet in phase 1. Male and fernale fish were
paired so that every treatment (i.e., phase-1 diet of male x
phase-1 diet of female x phase-2 diet of pair) was replicated
concurrently and over the 136-d period of phase-2 observa-
tion with replacement pairs of fish. Male and female fathead
minnows were capable or nearly capable of reproducing when
placed into breeding aquaria. The ovaries of female fathead
minnows contain eggs in allstages of development, and they
spawn repeatedly as the eggs mature {/9. Male fathead
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minnows tnitiate spawning by courting a receptive female
to deposit adhesive eggs on the underside of a floating or
submerged substrate (19, 20). Oviposited eggs are subse-
quently fertilized, aerated, and kept clear of detritus by the
male fish.

Phase 3. Spawning substrates were examined daily for
eggs. Each substrate with eggs was transferred to a 1-L beaker
containing aquarium water {Figure 1). Water in the beakers
was aerated gently and maintained at 25 + 1 °C with a
photoperiod of 16 hlight:8 h dark. To ensure that the gametes
were produced or matured while the fish were fed the phase-2
diet, a second clutch of eggs was collected when the phase-2
diet was different from the phase-1 diet of either test fish.

Phase 4. The 7-d survival and growth of fathead minnow
progeny were determined. After hatching, 10 embryos were
transferred to a 1-L beaker (Figure 1). When a clutch had 30
or more embryos, three beakers with 10 embryos each were
used. The beakers were maintained at 25 + 1 °C with a
photoperiod of 16 h light:8 h dark. Larvae were fed newly
hatched brine shrimp pauplii three times daily until day 7,
when they were sacrificed, dried in an oven at 65 °C for 24
h, and weighed (4 0.1 mg).

Reproductive Endpoints. Multiple endpoints of repro-
ductive success were measured, including (1) gonadal
development of females and males, (2) spawning success,
(3) days to spawning, {4) reproductive effort of female fish,
(5) developmental success of embryos, (6) hatching success
of embryos, (7) survival of larvae, and (8) growth of larvae.
Gonadal development was quantified for each adult fish,
whether or not it spawned, as the gonadosomatic index (GSI},
the percentage of the whole-body weight contributed by the
gonads. Spawning success was the percentage of pairs within
a dietary treatment that spawned a clutch of eggs within 21
d after placement in the breeding aquaria. A clutch of eggs
was defined a priori as more than five eggs oviposited between
daily examinations of a spawning substrate. Days to spawning
was the number of days elapsed before a pair of fish spawned
a clutch of eggs. Although a clutch of five eggs was used as
the criterion for days to spawning, pairs of fish were kept in
phase-2 aquaria until they spawned 30 or more eggs, a
number sufficient for measurement of the other reproductive
variables (e.g., hatching success). Reproductive effort of
femnale fish was the total number of eggs laid (until spawning
= 30 eggs) per gram of fish, a ratio that accounts for the
biomass of the female from which energy and nutrients are
allocated for the production of eggs (21). Daily reproductive
effort (i.e., egps g7! d ) was estimated by normalizing
reproductive effort to the number of days a female was kept
in a phase-2 aquarium. Developmental success was the
percentage of embryos in each clutch that reached the “eyed”
stage. Hatching success was the percentage of "eyed” eggs



that hatched. Survival of larvae was the percentage of the
initial number of hatched larvae that was surviving in a beaker
on day 7 (post hatch). Growth of larvae was the mean dry
weight of surviving larvae on day 7. Breeding pairs were
sacrificed on the day that they spawned more than a
cumulative total of 30 eggs or after 21 d if they did not spawn.
Each adult fish was placed in a food-grade plastic bag,
anesthetized in a refrigerator, blotted dry, measured (4 1
mm total length), weighed (+ 0.1 mg), and dissected to
remove the gonads, which were also weighed {+ 0.1 mg).
Carcasses (i.e., whole fish minus gonads) were promptly
frozen at < =30 °C until lyophilization,

We took steps to minimize contamination of fish carcasses
during dissection. Fish were dissected with stainless steel
implements on the inner surface of a food-grade plastic bag
inside a laminar-flow hood. Between fish, dissection equip-
ment was rigorously cleaned with detergent and rinsed with
reagent-grade water, dissection surfaces were changed, and
gloves were cleaned or changed.

MeHg-Contaminated Diets. Phase-1 and phase-2 diets
were prepared by mixing fish food (Soft-moist fish food,
Nelson and Sons, Inc.) with reagent alcohel (Fisher} con-
taining dissolved methylmercuric chloride (Alfa Chemical).
Control diets were prepared similarly by mixing fish food
with alcohol only. Alcohol was evaporated from the mixtures
in acid-cleaned, glass pans in a fume hood. Diets were
prepared about every 2 weeks and frozen until use. Samples
of each diet from each preparation batch were analyzed for
total mercury. The mean caloric density of diets, determined
by bomb calorimetry, was 5.16 Kcal g~! dry weight (relative
standard deviation, 0.59%).

Estimated Exposure to Waterborne MeHg. We did not
measure MeHg in aquarium water but did examine dis-
sociation of MeHg from contaminated food in well water to
estimate the assoclated potential exposure of fathead min-
nows to waterborne MeHg. Samples of each diet were soaked
in well water for 10 min or 22 h and collected on acid-cleaned
Gelman Type A/E filters. Both diet sample and filter were
acid-digested and analyzed for total mercury.

Little MeHg dissociated from contaminated diets in well
water. Samples of contaminated diets that had soaked for 10
min lost from 2.7% to 5.2% of the mercury measured in
unsoaked samples. Loss of MeHg from contaminated diets
soaked for 22 h ranged from 7.6% to 10%. Total mercury
concentrations in soaked samples of the control diet were
similar to those in unsoaked samples.

Potential concentrations of MeHg in culture water were
estimated from (1) the amount of food put into the tanks
daily, (2) the approximate amount of food consumed, (3) the
dissociation of MeHg from the diets, and (4) the volume and
rate of water replacement in the tanks. Fathead minnows in
the 500-L tanks (phase 1) were fed intermittently a maximurm
of 36 g of food per day, more than half of which was consurned
within 10 min after each feeding. Based on the volume and
average inflow of water to the tanks (30 L h™!), about 80%
of the tank velume was replaced every 24 h (22). We estimate
that maximal levels of waterborne MeHg could have ranged
from 1 ng L~! in the low-MeHg tank to 8 ng L~! in the high-
MeHg tank, assuming that (1) half of the food was consumed,
(2) the inflowing water contained no MeHg, (3) 10% of the
MeHg dissociated from uneaten food during a 24-h period,
and (4) all of the dissociated MeHg remained dissolved. These
MeHg concentrations are 10—10? fold greater than those in
oxic waters of low-alkalinity lakes in northern Wisconsin
{0.05-0.33 ng Hg L=! (23) but are considerably (107~10°
fold) less than the waterborne concentrations known to affect
the survival, development, reproduction, physiology, and
behavior of juvenile and adult fishes (2. Moreover, the
concentrations of MeHg in our contaminated diets exceeded

" the estimated maximal concentrations in water by about

108, Thus, it can be reasonably inferred that the effects of
MeHg on reproduction of fathead minnows in this study
resulted from dietary exposure.

Mercury Determinations. Diets and carcasses of adult
fish were analyzed individually for total mercury. Frozen
carcasses were lyophilized to a constant dry weight in food-
grade plastic bags for 102—168 h at = ~50 °C. Lyophilized
carcasses weighing 0.5 g or more were pulverized and
homogenized inside their plastic bags. We acid-digested
whole, lyophilized carcasses of fish weighing less than 0.5 g,
0.4-g subsamples of lyophilized carcasses weighing =2 0.5 g,
and 0.25-g subsamples of diets following the methods of
Hammerschmidt et al. (6). Each digestate was analyzed by
flow injection cold-vapor atomic absorption spectroscopy
with a Perkin-Elmer FIMS 100.

Quality Assurance. Allequipment used to culture fathead
minnows was acid cleaned and rinsed with either reagent-
grade water (nominal resistance = 15MQ cm™!) or welt water.
For determinations of total mercury, glassware and equip-
ment were acld cleaned and rinsed with reagent-grade water.
All acids and reagents used in digestions and analyses were
suitable for use in mercury determinations {J. T. Baker).
Mercury standards were prepared from a 1000-mg L™!
certified standard {J. T. Baker).

Accuracy of determinations of total mercury for each
analytical batch of samples was quantified by analyses of (1)
certified reference materials from the National Research
Council of Canada and the U.S. National Institute of
Standards and Technology, (2) replicate subsamples of
homogenized fish and test diets, (3) spiked (before digestion)
subsamples of homogenized fish and diets, and {4) blanks
and standards taken through the digestion procedures. Mean
measured concentrations and 95% confldence intervals (CI)
of total mercury in the four reference materials analyzed
were within the certified ranges, which ranged from 0.27--
0.39ug g t0 4.38—4.90 ug g ! dry weight. Method precision
(relative standard deviation) for determinations of total
mercury, estimated from analyses of duplicate and triplicate
subsamples, averaged 4.7% (range, 0.2—17.9%) for fish and
4.1% f{range, 1.3-9.1%) for diets. Mean recovery of total
mercury was 98% (95% CI, 97—100%) for 111 spiked sub-
samples of fish and 96% (CI, 93—100%) for 36 spiked
subsamples of diets. Our estimated method detection limit
(24) for total mercury in a 0.25-g sample of homogenized
fish was 0.004 g Hg g~ dry weight.

Statistical Analyses. Data were analyzed with a micro-
computer and SPS3 for Windows software (version 8.0). Least-
squares linear regression models were used to describe
relations between (1) measures of reproductive success and
total mercury in fish carcasses and (2) the different repro-
ductive variables measured. Spawning success, develop-
mental and hatching success of embryos, and survival and
growth of larvae were examined only for eggs and progeny
from the 100 pairs of adult fish for which both parents were
fed the same diet during each phase throughout the study,
although the diet of both fish may have changed from one
phase to another {e.g., male and female fed the medium-
MeHg diet during phase 1 and the control diet during phase
2). Only data from the 50 pairs of fish fed the same diet
during phases 1 and 2 (e.g., male and female fed medium
diet during both phase 1 and 2) were used In regression
analyses of days to spawning. All spawning females {n = 52)
and males (n = 47) fed a single dtet during both phases 1 and
2, regardless of the exposure of their mate, were used in
statistical analyses of the effects of MeHg on gonadal
development. Measurements from all spawning females (n
= 52) fed the same diet during both phases 1 and 2 were used
to assess the effects of MeHg on reproductive effort. For
measures of reproductive success that were related to parental
exposure to dietary MeHg, a Wilcoxon rank sumn test was
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TABLE 2. Wet Weight, Spawning Success, and Total Mercury in Carcasses of Male and Female Fathead Minnows Fed Diets with

Different Levels of Methylmercury®

burden (g Hg fish )

concentration (#g Hg g~' dry wt}

male female  male

female

Same Diet during Phases 1 and 2

i spawning

mean wet weight (g} success
diet male female " (%%}
control 444 (2.94-6.83) 1.89 (1.48-2.48) 16 75

low 3.70 (2.78-4.26) 1.94 (1.16—2.57) 13 46
medium 4.79 (2.51-6.14} 2.12 (1.73-2.74) 10 50
high 512 (3.81-8.54) 2.50 (1.33-3.67) 11 6

0.36 (0.18-0.56)

1.51 (0.66-2.11)
13.5 (9.00—1.6)
25.5(18.0-38.2)

0.21 (0.11-0.43)

1.5% (0.66-2.11)

7.4 (5.15-9.54)
14.2 (7.40-22.2)

0.32 (0.20-0.43)

2,83 (2.13-3.87)
11.7 (9.98-13.8)
18,4 {14,8-25.0)

0.48 (0.27-0.43)

3.40 (2.23—4.54)
14.0 (9.78—20.9)
22,2 {15.1-26.4)

Contaminated Diet during Phase 1 and Control Diet during Phase 2

low 4.26 (3.28-5.40) 1.83 (1.39-2.25) 8 63
medium 4.35 (3.51-5.47) 2.20 (1.70-2.76) 10 40
high 4,51 (3.58—6,20) 2.27 {(1.66-3.30) 7 4

low 4.38 (3.36-6.42) 2.07 (1.18-2.91) 1 55
medium 3.39 (2.34-3.94) 1.79(1.49-2.28) 7 86
high 4,89 (3.67-6.83) 1.99(1.41-2.53) 7 100

2.02 (1.69-2.27)
7.05 (3.99-0.68)
14.8 (8.50—20.3)

Control Diet during Phase 1 and Contaminated Diet during Phase 2
1.06 {0.40-1.97)
4.03(1.73-6.74)
8.36 {2.64-19.7)

2.59 (1.85-3.57)
7.51 (5.88-9.70)
12,1(9.18-17.6)

1.07 {0.84~1.23) 1.97 (1.38-2.61)
4.17 (3.30-5.45) 6.64 (2.50—-10.4)
6.93 (4.06-9.17) 11.6(10.3-13.4)

0.69 (0.25—1.44)
2.66 (1.09-4.65)
5.17 {1.46—-10.1)

1.02 (0.45—2.29} 1.41 (0.52—2.40)
4,92 (2.51-8.80} 6.57 (2.90-11.8)
6.48(2.34-11.2) 11.2(2.69-21.6}

* Number of pairs of fathead minnows examined. ® Ranges are given in parentheses.

used to contrast the relative effect of either male or female
exposure to MeHpg.

The number of days until each pair of fish spawned a
clutch of eggs may have exceeded the period of time that the
fish were in the breeding quadrants (21 <), and, therefore,
reproduction went unobserved. These data are said to be
right-censored (25}, and the statistical analysis must account
for the censoring. We used a Cox regression model for time-
dependent variables (25) to assess the effect of MeHg in
females on days to spawning of the 50 pairs of fish fed the
same diet during both phases | and 2. This is an extension
of the Cox proportional hazards model of the distributions
of times until a single event, such as mortality. The
instantaneous rate of reproduction generated by the regres-
sion model, denoted by the hazard function hig, is an
estimate of the potential for reproduction per unit time at
a parttcular instant, given that reproduction has not already
occurred and can be defined as

(D = [hy(D] explC+ 6C x o (N

where hy() is an unknown baseline hazard function, 8 and
& are regression coefficients, Cis the mercury concentration
of the female carcass {(ug Hg g! dry weight), and ¢ {time)
ranged from 1 to 21 d. Therefore, the potential for spawning
by a pair of fathead minnows, given that they have not already
spawned, is a function of some baseline reproduction rate;
the potential is increased {exp term >1) or decreased (exp
term < 1) by mercury in the female and is not constant with
time.

The ratio of the potential for reproduction between two
groups of fathead minnows with different mercury concen-
trations can be calculated as

relative reproductive potential =
exp[(C, — C) +6((C, x 0 — (G, x 9)] {2)

where C, and (; are the mean mercury concentrations in
fernale fathead minnows of the two groups. We fitted eq !
to the reproduction data (i.e.. days to spawning) by maxi-
mizing the partial likelihood and constructed Wald y-square
* tests for each parameter (25).

Results and Discussion

Dietary MeHg did not reduce the growth and survival of
adult fathead minnows in our study. There was considerable
overlap in wet weights of fathead minnows of each sexamong
the four phase-1 diets (Table 2). Mean wet weight ranged
from 3.70 g {low MeHg) to 5.12 g (high MeHg) in males and
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from 1.89 g (controls) to 2.50 g (high MeHg) in females. Wet
weights of spawning and nonspawning fish were positively
related to mercury burdens for all males (#=0.19, p < 0.001,
n=179) and females (= 0.23, p < 0.001, 1= 188) combined,
suggesting that exposure to dietary MeHg, at levels that were
not overtly toxic to the fish, stimulated somatic growth (i.e.,
hormesis). Mortality of adult fish was small and unrelated
to dietary MeHg, ranging from 0.07% for fish fed the low-
MeHg diet to about 0.4% for fish fed the control and high-
MeHg diets during phase 1. Only one fish died during phase
2, a male fed the medium-MeHg diet during both phases 1
and 2. These results were unexpected, given previous
investigations showing decreased survival and growth of adult
and juvenile fishes exposed to dietary MeHg (11, 26, 27).

Concentrations of mercury were notably higher in female
fathead minnows than in males fed the same diet (Table 2),
prabably because female fish consume more food than males
to support the energy requirements of egg production (28,
29). The increased feeding rates in females cause greater
dietary uptake of methylmercury, and only a small fraction
of the accurnulated methytmercury is transferred to the egg
mass and eliminated during spawning (6, 7, 13).

Dietary MeHg reduced gonadal development of female
fathead minnows. The GSI of spawning fernales fed the same
diet during phases 1 and 2 ranged from 3.0% to 16.4% and
was related inversely to the concentration of total mercury
in carcasses (£ = 0.15, p = 0.005, n = 52). The GSI of females
fed a contaminated diet during phase 1 and the control diet
during phase 2 was not correlated with total mercury in
carcasses {p =0.54, n= 25). Likewise, the GSI of females fad
the control diet during phase | and a contaminated diet
during phase 2 was not correlated with total mercury in
carcasses (p = 0.65, n = 25), even though fish fed contami-
nated diets during phase 2 readily accumulated MeHg (Table
2). Insufficient samples sizes may have precluded detection
of the effects of mercury on GSI when diets differed between
phases 1 and 2,

Dietary MeHg also reduced the daily reproductive effort
of female fathead minnows (Figure 2). The average daily
number of eggs laid per gram of female carcass was highly
variable but was correlated negatively with concentrations
of total mercury in carcasses of females fed the same diet
during both phases 1 and 2 (2 = 0.14, p= 0.01, n = 46). The
total number of eggs laid per gram of carcass was correlated
positively with GSI (#* = 0.21, p=0.001); hence, dietary MeHg
reduced gonadal development of female fish, and this effect
was linked to lower egg production. Exposure of female fish
to MeHg can interfere with the production of estrogen,
thereby reducing the number, size. or quality of eggs
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FIGURE 2. Relation between reproductive effort and concentration
of total mercury in carcasses of female fathead minnows fed the
same diet during phases 1 and 2.

produced. Estrogen stimulates the liver to produce vitello-
genin, a macromolecule that is a substrate for developing
eggs (30). Intraperitoneal exposure to MeHg depressed
estrogen levels in female tilapia Oreochromis niloticus (31,
and prolonged exposure to a high concentration of aqueous
MeHg interfered with vitellogenesis in catfish Clarias batra-
chus (8).

In male fathead minnows fed the same diet during phases
1and 2, the GSI ranged from 0.4% to 2.3% and was unrelated
to total mercury in carcasses. The GSI may not, however, be
a sensitive measure of gonadal development in male fish
exposed to MeHg. For example, the GSI of male walleye
Stizostedion vitreum fed a MeHg-contaminated diet con-
taining about 1.0 g Hg g! wet weight did not differ from
that of controls, but histological examination showed dis-
ruption of the normal architecture of the testes ({1). Hence,
gonadal development of male fish exposed to MeHg might
be better evaluated by histological examination than with
GSI {11). :

Dietary MeHg reduced the spawning success of fathead
minnows (Table 2). Spawning success of pairs fed the control
diet during phases 1 and 2 was 75% (i.e., 12 of 16 pairs
spawned). Although fish fed contaminated diets were gener-
ally larger than those fed the control diet, their spawning
success was less: 46%, 50%, and 36%, respectively, for pairs
fed the low-, medium-, and high-MeHg diets during both
phases | and 2.

The influence of dietary MeHg on spawning apparently
was inresponse to phase i exposure (i.e., as juveniles), given
that spawning success of contaminated fish was not improved
by a shift to the control diet during phase 2 {Table 2).
Spawning success was §3%, 40%, and 14%, respectively, for
pairs fed the low-, medium-, and high-MeHg diets during
phase 1 and the control diet during phase 2. After spawning
their final clutch of eggs, mean concentrations and burdens
of total mercury in carcasses of contaminated fish fed the
controi diet during phase 2 were less than those in fish fed
a contaminated diet during both phases 1 and 2 (Table 2).

Interestingly, exposure to dietary MeHg during phase 2
did not reduce the spawning success of fish fed the control
diet during phase 1 (Table 2). Spawning success was 55%,
86%, and 100% for pairs fed the low-, medium-, and high-
MeHg diets during phase 2. Concentrations and burdens of
mercury were clearly elevated in fish fed the medium- and
high-MeHg diets during phase 2, yet their spawning success
exceeded that of pairs fed the control diet during both phases
! and 2 (75%}. A reason for enhanced spawning success of
these fish is unknown, but the mechanism by which phase-2
dietary MeHg elicited this effect likely is neurological (e.g.,
perception of mate) rather than hormonal (e.g., heightened
genadal maturation), given that the fish were sexually mature
when placed into the breeding aquaria.

Spawning success of pairs was similar whether only males
or only females were exposed to dietary MeHg during phase
1. Regardless of the diet in phase 2, the spawning success of
pairs with females fed any of the three contaminated diets
and males fed the control diet during phase 1 was 40%, similar
to that of pairs with females fed the control diet and males
fed a contaminated diet (51%; Fisher's exact test, p=0.397).

Spawning success of fathead minnows was related to
gonadal development of female fish. For femnales fed the same
diet during both phases 1 and 2, the mean GSi of spawning
fish was greater than the GSI of fish that failed to spawn
within 21 d (Wilcoxon rank sum test, p < 0.001}, averaging
9.1% and 6.3% for spawning and nonspawning females fed
the control diet, 11.1% and 6.3% for fish fed the low-MeHg
diet, 8.2% and 4.5% for fish fed the medium-MeHg diet, and
6.2% and 5.2% for fish fed the high-MeHg diet. Thus, reduced
gonadal development of female fathead minnows, an effect
elicited by dietary MeHg in spawning females, diminishes
the capacity of individual fish to spawn, subsequently
reducing the spawning success of the population.

Concentrations of total mercury in fathead minnows fed
the low-MeHg diet {Table 2) were similar to those in some
piscivorous fish in low-alkalinity lakes and newly flooded
reservoirs having elevated MeHg in food webs (2, 32--34).
Relative to controls, the spawning success of our test fish
was reduced by dietary concentrations of MeHg of 0.17 ug
HgKcal™ (low-MeHg diet) or greater, a concentration equaled
or exceeded in the prey of some piscivorous and invertivorous
fish in low-alkalinity lakes and flooded reservoirs (Table 1).
Moreover, Paterson et al. (35) found MeHg in zooplankton
as high as 1.09 ug Hg g~! dry weight (about 0.21 zg Hg Kcal ™)
after flooding of a peatland reservoir in northwestern Ontario,
suggesting that even zooplanktivorous fish could be exposed
to dietary MeHg high enough to alter reproduction in aquatic
systerns with very high rates of MeHg production.

MeHg also delayed spawning of fathead minnows. Days
to spawning was correlated positively with the concentration
of total mercury in carcasses of both females {2 = 0.33, p=
0.002) and males (2 = 0.33, p = 0.002) fed the same diet
during both phases | and 2. In females, days to spawning
also was related inversely to the GSI {# = 0.22, p = 0.014).
Days to spawning of pairs with females fed a contaminated
diet and males fed the control diet during phase 1 averaged
10 d, exceeding that for pairs with females fed the control
diet and males fed a contaminated diet (mean, 7 d; Wilcoxon
rank sum test, p = 0.051).

MeHg decreased the instantaneous rate of reproduction
for female fathead minnows fed the same diet during both
phases 1 and 2 (g [SE] = —0.126 [0.048], Wald y2 = 7.02, df
=1, p=0.008), and the effect changed with time (& [SE] =
0.009 {0.005), Wald y? = 4.00, df == 1, p=0.045). Consequently,
onday I the relative reproductive potential of female fathead
minnows with total mercury in carcasses averaging 0.48 ug
Hg g ! dry weight {control diet; Table 2) was 1.4 times that
for fish averaging 3.4 ug Hg g~' dry weight (low-MeHg dieg),
4.9 times that for fish averaging 14 ug Hg g ™! (medium-MeHg
diet), and 12.7 times that for fish averaging 22 ug Hg g~*
(high-MeHg diet).

Complete inhibition of reproduction has obvious con-
sequences, but delayed reproductive activity also can reduce
survival and recruitment in fish populations. Fathead min-
nows are almost in reproductive condition when they become
sexually dimorphic; therefore, our test fish were presumably
capable or nearly capable of spawning when they were placed
into the breeding aquaria. However, many pairs of pheno-
typically mature fish fed a contaminated diet during phase
1 did not spawn within 21 d, whereas 92% of the pairs fed
the control diet during both phases 1 and 2 spawned within
6 d. Under natural conditions, many fishes reproduce for
only a brief period in late spring or early summer. Delayed
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TABLE 3. Developmental and Hatching Success of Embryos
and Survival an \'.'mghl of Larval Fathead Minnows Measured
7 d after Hatching®

mean (range)
mass of
developmental  hatching larval individual
diet success (%)  success (%) survival (%) larvae (mg)
Same Diet during Phases 1 and 2
60 91 78 0.6
control {0—-100) {65—100) (0-100} (0.2-0.9)
54 76 85 09
low {2—-100) (36—100} (30-100) (0. 5 1 3)
73 59 79
medium {54—93) (6—99) (57-96) (0. 7 0 8)
43 99 85
high (21-72) (96--100)  (80—90)
Contaminated Diet during Phase 1 and Control Diet during Phase 2
43 50 90 0.6
fow (11-90) {0—83) (65-100) (0.2-1.0)
65 90 88 0.8
medium (0--986) (79-100} {83—-93) (0.6-0.9)
high 0
Control Diet during Phase 1 and Contaminated Diet during Phase 2
50 89 33 0.8
low (0-88) (78—96) (90-97) (0.7-0.9)
60 91 89 0.7
medium {0—100) (83—100} (85—-97  (0.5-1.2)
49 74 69 0.7
high {0—-91) (4—100) (0—95) {0.5-0.9)

* Parentai fish were fed one of four diets during phases 1 and 2.

spawning can reduce the survival of young fishes by
disrupting the timing of endogenous to exogenous feeding
relative to seasonally abundant feod resources, such as
plankton and small prey fish. Failure of young fish to exploit
such resources can result in decreased growth—a factor that
can increase the susceptibility of young-of-the-year fish to
predation (36) and reduce their over-winter survival (37).

Developmental and hatching success of embryos and 7-d
survival and weight of larvae varied considerably in our study
{Table 3) but were not correlated with concentrations of
mercury in either the diets or carcasses of parental fish, No
significant effect on either fertilization success, hatching
success, or larval survival also was observed when adult
killifish Fundulus heteroclituswere exposed to similar dietary
levels of MeHg and contained similar whole-body concen-
trations of mercury (38). Sample size in our study may have
been too small to detect effects of MelHg on these variables,
given their high variation within dietary test groups. Forthese
measures, we examined 100 pairs of fish; of these, only about
half spawned and fewer produced viable embryos, and even
fewer produced larvae. In addition, an increased duration of
observation for larval survival and growth, far beyond 7 d
post-hatch, could have been more effective for identifying
effects of maternally transferred MeHg (38, 39). Fjeld et al.
(40) for example, observed impaired feeding efficiency and
reduced competitive ability in 3-year-old grayling (Thymallus
thymallus) that had been exposed as eggs to waterborne
MeHg for 10 d during embryogenesis.

Latif et al. (3 examined the effects of both maternaily
transferred and waterborne Mekg on embryos and larvae of
walleye from industrially polluted Clay Lake and two remote
lakes in Manitoba. In their study, the hatching success of
eggs and heart rate of embryos decreased with increasing,
environmentally relevant concentrations of waterborne
MeHg (range, 0.1~-7.8 ng L 1), whereas MeHg in eggs from
maternal transfer did not affect either hatching success or
heart rate. The growth of larval walleye, measured 8 d after
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hatching, was not affected by either maternal or waterborne
MeHg (3).

Dietary MeHg affected the overall reproductive perfor-
mance of adult fathead minnows but maternaily transferred
MeHg did not measurably affect the embryos and larvae
produced. Previous studies (12} have shown that MeHg
reduces the survival and growth of embryo and larval fish,
yet few have examined reproductive effects of MeHg on
mature fishes, a life stage that is generally less sensitive to
MeHg (2). In our study, dietary MeHg reduced gonadal
development of female fathead minnows, which may explain
the reduced proportion of spawning fish, delayed spawning,
and low reproductive effort of contaminated pairs of fish.
Any of these reproductive effects alone can have serious
consequences for the survival and recruitment of fish
populaticns. Yet, we observed a cumulative sequence of
effects in fish exposed to dietary MeHg. Moreover, the
concentrations of dietary MeHg that adversely affected
reproductive success of the fathead minnows are encountered
in aquatic food webs of many surface waters.
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Recent laboratory studies have demonstrated that
environmentally realistic concentrations of dietary methyl-
mercury can impair reproduction of fish. To evaluate
relations between reproductive success and biomarkers
of methylmercury exposure, we fed juvenile fathead minnows
(Pimephales promelas) one of three diets contaminated
with methylmercury: .06 {control), 0.87 (Jow), and

3.93 (medium) ug of Hg g~ dry weight. At sexual maturity,
fish were paired, ailowed to reproduce, and then analyzed
for total mercury, plasma testosterone {T), and 1753-
estradiol (£2). Diets did not affect survival or growth of
fathead minnows. Methylmercury suppressed levels of T
in males and E2 in femiales. Male fathead minnows fed the
control diet had mean T concentrations 20% and 106%
greater than those fed the low and medium diets; control
females had mean E2 concentrations 149% and 402%
greater than those fed the low and medium diets.
Methylmercury also inhibited gonadal development of
females; the gonadosomatic index {GSI) of females fed
the medium diet was 40% less than that of females fed
control or low diets. Plasma levels of T in males and E2 in
females were positively related to GSI. Methylmercury
reduced the reproductive success of fathead minnows.
Spawning success was 32% for pairs fed the control diet,
12% for pairs fed the low diet, and 0% for pairs fed the
medium diet. Pairs fed the low diet required, on average,
5 d longer to spawn a clutch of eggs than the controls.
Concentrations of methylmercury fed to fathead minnows
in this study are also encountered by invertivorous and
piscivorous fish in some methylmercury-contaminated aquatic
ecosystems. This suggests that reproduction of wild
fishes may be adversely affected by methylmercury and
that suppressed hormone levels may be used to indicate
diminished reproduction of fish.

Introduction

Few studies have demonstrated a direct relation between
exposure to contaminants and subsequent adverse effects
on wild populations of fish. Difficulties in documenting effects
of contaminant exposure arise from natural fluctuations in
peopulation demographics as well as synergistic and cumuia-
tive effects of natural and other anthropogenic stressors (I).
Recent field studies investigating effects of endocrine-
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e-mail: sandhein. mark@uwlax.edu.

' Present address: Department of Zoology, Milami University,
Oxford, OH 45036.
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disrupting chemicals on reproduction of wild populations of
fish have emphasized the use of reproductive biomarkers to
provide quantifiable measures of molecular and physiological
change {e.g.. refs 2 and 3). Reproductive biomarkers can
include induced production of the yolk-precursor vitellogenin
in males, circulating levels of sex hormones such as test-
osterone (T} and 178-estradiol (E2), indices of gonadal status,
and expression of secondary sex characteristics. Little
evidence exists, however, to indicate that alterations in
reproductive biomarkers result in population-level effects.
For example, effluents containing environmental estrogens
inrivers of the U K. (4) and United States (5) cause widespread
disruption in gonadal development and alteration of sex
hormone profiles in cyprinid fishes, yet effects on fish
recruitment have not been detected. Arcand-Hoy and Benson
(6) stress the importance of establishing relations between
reproductive biomarkers and effects on populations (e.g.,
reproductive success) through the use of experimental
laboratory studies.

Mercury contamination of the environment is a problem
of global cencern. Globally increasing concentrations of
atmospheric mercury from anthropogenic sources have led
to increased mercury deposition (7, 8, which is the principal
source of mercury for many surface waters (9. In the aquatic
environment, bacteria can transform inorganic mercury into
methyimercury (MeHg; 100, which is highly toxic and readily
bicaccumulates in exposed organisms, biomagnifying in
aquatic food webs (11, 12). The ecological implications of
MeHg in aquatic food webs have focused primarily on health
and reproductive risks associated with consumption of
contaminated fish tissue by humans and piscivorous birds
and mammals. To date, few studies have focused on the
population-level effects of MeHg on the fish themselves (13).

Methylmercury can disrupt endocrine function of fish.
Arnold (14} reported gonadal lesions and abnormal levels of
11-ketotestosterone and E2 in laboratory fish exposed to
MeHg. Morecver, elevated concentrations of MeHg in aquatic
food webs may adversely affect reproduction of some wild
fish. Levels of dietary MeHg that reduced reproductive success
of fathead minnows (Pimephales promelas, 15) and killifish
(Fundulus heterociitus, 16} in laboratory studies are also
encountered by fish in some surface waters. The relation has
not been established, however, between reproductive bio- -
markers and reproduction altered by MeHg.

The primary objective of this research was to determine
relations among concentrations of plasma T and E2, gonad
weight, and reproductive success of fish exposed to dietary
MeHg. We fed juvenile fathead minnows diets contaminated
with concentrations of MeHg encountered by some fish in
the environment, maintained the fish through sexual ma-
turity, and evaluated the effects of dietary MeHg on endocrine
function and reproductive success.

Experimental Section

Fish. Fathead minnows were obtained as embryos from the
Upper Midwest Environmental Sciences Center (U.5. Geo-
logical Survey, La Crosse, WI) and raised to sexual maturity.
Embryos were collected from outdoor ponds and placed in
a single hatching jar with flowing water in the laboratory.
Hatched larvae were then allowed to swim out into two 500-L
flow-through aquaria. Larvae were fed brine shrimp (Artemia
nauplif) for 60 d and gradually acclimated to a diet of Sterling
Silver Cup Fish Food (Nelson and Sons, Inc., Murray, UT) for
30 d. Ninety days after hatching, 200 fathead minnows were
transferred to each of fifteen 180-L flow-through aquaria.
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TABLE 1. Mercury Concentrations in Diets fed To Test Fish in
This Study in Comparison to Concentrations of Mercury in
Zooplankton, Benthic Invertebrates, and Forage Fish in
Eow-Alkalinity Lakes and Newly Flooded Reservoirs”

item Hg concn (g g~ dw) ref
control diet 0.06 this study
zooplankton 0.06—0.28 11
benthic invertebrates =0.01-1.02 12
low diet 0.87 this study
whole yellow perch 0.12-1.16 47
rainbow smelt 0.20-2.28 54
crayfish 0.84—2.46 a5
medium diet 393 this study

* Adapted from ref 15.

Fish were exposed to MeHg in these aquaria until sexual
maturity.

Fish were cultured according to standard methods for
toxicity testing (17, 18). Fathead minnows were maintained
in aquaria receiving well water with a 16:8-h light:dark cycle.
Water quality characteristics were measured daily (temper-
ature 23.6 + 0.1 °C. dissolved oxygen 6.70 £ 0.01 mg LY or
weekly (alkalinity 300 & 2 mg L™! as CaCOs, pH 8.06 £ 0.01,
hardness 348 + 3 mg L™! as CaCO,, ammonia 0.2 £ 0.0 mg
L™ as NH3-N; 19). Deposited and suspended wastes were
siphoned daily from each aquarium, and residue on aquaria
was removed weekly by scraping. All aquaria and equipment
were acid-cleaned before use; separate cleaning equipment
was used for each aquarium to aveid possible transmission
of pathogens.

MeHg Exposure. Fathead minnows were fed MeHg-
contaminated food (5% of body mass per day) to increase
burdens of MeHg in fish. Nearly all (95—99%) mercury in fish
is MeHg (20, and it accumulates almost entirely via dietary
uptake (21). Fish were fed a contaminated diet with one of
three concentrations of total mercury (mean == 1 SE); 0.058
+ 0.004 (control), 0.87 + 0.02 (low MeHg), and 3.93 + 0.08
{medium MeHg) ug g~' dry weight (dw). These concentrations
approximate MeHg concentrations in the diets of invertivo-
rous and piscivorous fish from midcontinental low-atkalinity
lakes (Table 1) and replicate the diets (control, low, medium)
fed to fathead minnows by Hammerschmidt et al. (15). Each
180-L aquarium was randormly assigned one of the three
diets to yield five aquaria per dietary treatment. Fish were
fed MeHg-contaminated food for about 250 d (from 90 d
post-hatch until termination of experiment).

Contaminated diets were prepared by mixing fish food
with reagent alcohol containing dissolved methylmercuric
chloride (£5). Control diets were prepared by mixing fish
food with alcohol only. Alcohol was evaporated overnight
from the fish food in acid-washed glass pans ina fume hood.
Diets were prepared as needed and frozen until use. Samples
from each batch were analyzed for total mercury.

Reproductive Tests. Adult fathead minnows display strong
sexualdimorphism during breeding. Sexual maturity of males
is denoted by the development of spawning color, rostral
tubercles, and a soft mucus-secreting dorsal fat pad (/7).
Females exhibit an extended urogenital papilia when mature
(22).

After fathead minnows hecame sexually dimorphic (ap-
proximately 300320 d after hatching}, five breeding pairs

from each 180-L aquarium were selected and randomly .

assigned to quadrants, within treatment, to one of fifteen
50-L breeding aguaria receiving well water. Fish in the 50-L
breeding aquaria received the same dliet they were fed in the
180-L aquaria. One acid-washed spawning substrate (a half
cylinder of PVC pipe) was placed into each quadrant and
examined daily for eggs.

End points of reproductive success measured in fish
included spawning success, days to spawning, and relative
fecundity of female fish. Spawning success was the percentage
of pairs within a dietary treatment that spawned a clutch of
eggs within 21 d after placement in breeding aquaria. A clutch
of eggs was defined a priori as six or more eggs. Days to
spawning was the number of days required for a pair of fish
to spawn a clutch of eggs. Relative fecundity of female fish
was calculated as the number of eggs laid per gram of fish.
Days to spawning and relative fecundity of female fish were
measured only for pairs that spawned a clutch of eggs.

Sample Collection. After spawning or after 21 d if no
spawning occurred, adult fathead minnows were euthanized
with an excess of MS-222 (Sigma-Aldrich). Blood was collected
from the caudal vein in heparinized hematocrit capillary tubes
{Fisher Scientific) by severing the cauda! peduncle. Because
hormone levels in fish may vary diurnally, blood samples
were collected from all fish between 0900 and 1200 h and
were centrifuged for 10 min at 4 °C. Plasma was drawn from
the capillary tubes and stored at —80 °C until analysis of sex
hormones. The weight (£ 0.1 mg), total length (+ 1 mm),
and sex of each fish were recorded. Gonads were dissected
from the fish and weighed (£ 0.1 mg). To minimize mercury
contamination of carcasses, fish were dissected inside a
laminar-flow hood with soap-washed stainless steel scalpels
on the inner surface of separate food-grade plastic bags.
Carcasses were frozen {~30 °C) until lyophilization and
analysis of total mercury.

Mercury Determination, Diets and lyophilized carcasses
of adult fathead minnows were analyzed for total mercury
by cold-vapor atomic absorption spectroscopy. Lyophilized
carcasses weighing less than 0.5 g, 0.4-g subsamples of
lyophilized carcasses weighing 0.5 g or greater, and 0.25-g
subsamples of diets were acid-digested (23) and analyzed
with a Perkin-Elmer FIMS 100. Glassware used in analyses
were acid-cleaned and rinsed with reagent-grade water
(nominal resistance > 15 M cm™'). Acids and reagents used
in digestions and analyses were suitable for trace metal
analysis (]. T. Baker).

The accuracy of mercury determinations for each ana-
Iytical batch was determined by analyses of (i) certified
reference materials (National Research Council of Canaday),
(i) triplicate subsamples of homogenized fish and diets, (jii)
spiked samples of homogenized fish and diets, and (iv}
procedural blanks and calibration standards. Mean measured
concentrations of total mercury in the three reference
materials analyzed were within certified ranges, which ranged
from 0.21-0.33 to 4.38-4.90 ug g~' dw. Methed precision
(relative standard deviation) of mercury determinations,
estimated from triplicate analyses of fish and diets, averaged
4.0%. Mean recovery of mercury from spiked samples was
98%. The method detection limit (18 for total mercury in a
0.25-g sample of fish food was 0.001 xg g~! dw.

Reproductive Biomarkers. Plasma T and E2 were quan-
tified by competitive enzyme immunocassay with Cayman
Chemical EIA kits. Assay procedures used were specified by
the manufacturer (24, 25), with two exceptions: (i) due to
small sample volume, reagent and sample volumes used in
the assays were reduced by half (i.e., to 25 xL of plasma) and
(i) standard curves were established with linear regression
by plotting absorbance units as a function of analyte
concentration (26). Hormones were extracted from plasma
with ether before analysis. A 5-mL aliquot of diethyl ether
was added to each plasma sample in a glass tube, Each tube
was vortexed for 60 s, and the ether layer was transferred to
a clean tube with a pasteur pipet. This process was repeated
twice with 3-mL ether aliquots. The final extraction step,
however, was done by freezing the plasma layer in a dry
ice—ethanol bath and decanting off the ether layer. Ether
was evaporated from each test tube overnight in a fume hood
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TABLE 2, Resuits of Exposure to Dietary Methimercury in Fathead Minnows?

mean total Hg in

mean ww (g} carcass (ug-g~" ww} mean GSI (%) male T female E2  spawning
diet male female male female male female ingmL"  {ngmL-") success (%)
contral  3.23{0.28) 1.85(0.07) 0.071(0.001) 0.079{(0.002) 0.69{0.36) 6.46(0.53) 2.29(0.60) 5.57(1.27) 32(10.2)
low 3.41(0.22) 1.92(0.35) 0864 (0038 0917(0.027) 0.80(0.06) 6.38(0.60) 1.90{(0.33) 2.11(0.52) 12(4.9)
medium 3.64 (0.33) 1.79(0.12) 3.557 (0.188) 3.842 (0.146) 0.74(0.11) 3.82(0.34) 1.06 (0.45) 1.08 (0.17) 0

* Numbers in parentheses represent 1 SE based on 5 tanks of fish per dietary treatment with § male and 5 femaie fish from each tank.

at 30 °C. Extracts were reconstituted in assay buffer for
analysis. Testosterone and E2 calibration standards were also
extracted (from solvent} and reconstituted in assay buffer
with this procedure. Mean (+ 1 5D) recovery of T and E2
from calibration standards was 91.4 (+ 11.0)% and 97.4 (&
9.6)%. Samples were analyzed in duplicate and re-assayed
if the coefficient of variation between duplicates exceeded
20%. Due to limited sample volumes, T was determined only
for males, and E2 was determined only for females.

The accuracy of sex hormone assays was determined by
triplicate analysis of a standard plasma sample from common
carp (Cyprinus carpio) with each plate. Intra-assay coefficients
of variation were 14.6% for T and 16.9% for E2. Inter-assay
coefficients of variation were 23.6% for T and 26.6% for E2,
Mean percent recoveries of triplicate spiked samples of carp
plasma were 103.7% for T and 99.3% for E2. Method detection
limits (19) of assays were estimated to be 0.028 ng mL~! for
T and 0.043 ng mL~! for E2. Glassware used in assays was
soap-washed and rinsed with reagent-grade water. Assay
reagents and buffers were prepared with reagent-grade water.

Gonadal development of fathead minnows was used as
an additional reproductive biomarker of MeHg exposure,
Gonadal development was measured for each adult fish,
regardless of whether it spawned, with the gonadosomatic
index (GSI) expressed as the percentage of total body weight
contributed by the gonads.

Statistical Analyses. For all variables except spawning
success, repeated measures one-way analysis of variance
{ANOVA) was performed to detect differences among treat-
ments; each of the 15 exposure aquaria was considered as
an experimental unit. Bonferroni post-hoc tests were used
to determine differences between specific treatments. Dif-
ferences in spawning success among treatments were
detected with a »? test. Ordinary least-squares regression
models were used to assess relations between levels of sex
hormones and gonadal development. Data were log-
transformed, when appropriate, to meet the assumptions of
parametric tests and were analyzed with SPSS for Windows
software (version 10.1). In addition, quantile regression
analysis {27) was used to estimate relations between con-
centrations of total mercury in fish carcasses and levels of
sex hormones. Quantile regressions are appropriate for
modeling the effects of limiting factors, such as toxicants, on
biological responses (28), especially for relationships where
heterogeneousresponses result in “wedge-shaped” pattérns
of data that are heteroscedastic and violate assumptions of
ordinaryleast-squares regression (29 . Unlike ordinary least-
squares regression, which estimates model functions through
the center of data distributions (i.e.,, mean response), the
upper regression quantiles {e.g.. 90th) have slope estimates
that are most consistent with the relation expected if mercury
is actively limiting the maximum concentration of sex
hormones in fish (28). The 75th. 80th, 85th, 90th, and 95th
quantiles were estimated for the relation between total
mercury in fish carcasses and concentration of T or E2 with
the program BLOSSOM (30). The largest quantile for which
the slope parameter was significant was used as a best
estimate of the change in hormone concentration when
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mercury is the active limiting factor. A type I error (o) of 0.05
was used to judge the significance of all statistical tests.

Results and Discussion

Survival and Growth. Diets with elevated concentrations of
MeHg were not lethat to fathead minnows. Mean survival of
juvenile fathead minnows in 180-L aquaria ranged from 85%
for fish fed the low-MeHg diet to 88% for fish fed the control
and medium-MeHg diets. Most mortality was associated with
deformities of unknown origin of the head or axial skeleton.
Three adult male fish {one from each treatment) died of
unknown causes while in the 50-L breeding aquaria.

Growth of fathead minnows was also unaffected by MeHg
(Table 2). Mean wet weight {ww} and total length of test fish
did not differ among treatments. Mean ww ranged from 3.23
(control) to 3.64 g (medium MeHg) in males (ANOVA, F12
=0.750, P =0.49) and from 1.79 (medium MeHg) to 1.92 g
(low MeHg) in females (ANOVA, £ ;= 0.224, P=0.80). Mean
total length of male fish did not vary among treatments,
averaging 68 mm in control and low-MeHg diets and 69 mm
in the medium-MeHg diet (ANQOVA, 5,2 = 0.104, P = 0.90}.
Females from all dietary treatments averaged 59 mm total
Iength (ANOVA, Fp 2 = 0,143, P = 0.87).

Recent investigations of the effects of environmentally
realistic concentrations of dietary MeHg on fish survival and
growth, however, are equivocal. Methylmercury-contami-
nated diets reduced growth of male juvenile walleye but did
not affect the survival of either sex {31}. Likewise, Hammer-
schmidt et al. ({/5) observed no effect of diets artificially
contaminated with MeHg on the survival of juvenite and
adult fathead minnows; however, increased growth (ie..
hormesis) of male and femaie fathead minnows was reported.
Furthermore, there was no effect of 0.5 ug g~! ww of dietary
MeHg on weight of adult killifish, but male fish had increased
mortality {(I16).

Dietary MeHg may affect survival and growth of fish as
a result of behavioral alterations. Methylmercury is neuro-
toxic, yet its actions on the central nervous system of fish are
peorly understoed (13). Many studies with high concentra-
tlons of dietary MeHg (e.g., refs 32and 33) have documented
suppression of appetite in fish followed by reduced growth
and mortality. Hammerschmidt (34) noted increased vigor
in fathead minnows exposed to low levels of dietary MeHg,
possibly leading to the increased growth of fish. We observed
no overt modifications of behavior of fathead minnows in
this study, which may account for the lack of significant
differencesin survival and growth of fish among treatments.

Reproductive Biomarkers. Methylmercury suppressed
levels of T in males and E2 in females (Table 2). Males fed
the control diet had mean T concentrations that were 20%
and 116% greater, respectively, than those fed the low- and
medium-MeHg diets. Differences in T concentrations be-
tween males fed the control diet and those fed the medium-
MeHg diet were statistically significant (ANOVA, Fp 1, =4.941,
P=10.03). Control females had mean E2 concentrations that
were 164% and 416% greater than those fed the low- and
medium-MeHg diets. Significant suppression of E2 levels
occurred in females fed both low- and medium-MeHg diets



10

=

E 8

o

=4 ’ [ ] *
-~

] 8 .
c

2

@ *

B 41"

[}

=4

|7}

2

o 2

[3+]

=

.
r
)
-e

Female estradiol (ng-mL-}
[+-]

R TRLPS X -
LA A RS

0 1 2 3 4 5 5

(=]
U

Carcass Hg (ug-g' wet weight)

FIGURE 1. Relation between plasma testosterone and estradiol
and concentration of mercury in the carcass of fathead minnows.
Lines represent the 75th (males, top) and 90th (females, bottom)
quantile.

{ANOVA, Fp 2 = 9135, P < 0.01). Moreover, maximum
concentrations of T in males (75th quantile, iy = 2.95, b=
—0.48, R = 0.05, P = 0.04, n = 69) and E2 in females (90th
quantile, by = 10.40, Iy= -2.02, R=10.65, P=0.01, n = 62)
were inversely related to concentrations of total mercury in
carcasses {Figure 1).

Differences in levels of sex hormones were also evident
Between, spawning and nonspawning fish within dietary
treatments (Figure 2). Spawning males fed the centrol diet
had mean T concentrations 277% greater than male controls
that did not spawn. However, the difference in T concentra-
tions between spawning and nonspawning males fed the
low-MeHg diet was only 5%. Female fish exhibited a similar
trend. Spawning females fed the control diet had mean E2
concentrations 99% greater than female controls that did
not spawn. Spawning females fed the low-MeHg diet had
mean E2 concentrations 21% greater than those that did not
spawn. The large difference in hormone levels between
spawning and nonspawning controls was expected, given
that increases in circulating hormone levels are critical for
developmentand reproduction {33). Reproduction of control
fish was initiated by elevated hormone levels (36). Those
controls that did not spawn had much lower hormone levels,
probably due to natural variation in steroid hormone
synthesis and metabolism. The nominal differences observed
in hormone levels between spawning and nonspawning fish
fed the low-MeHg diet, however, indicate that elevation of
T and EZ levels in male and female fish was limited by dietary
MeHg.

Previous laboratory studies also have found that MeHg
can suppress levels of sex hormones in fish. Plasma 11-
ketotestosterone and E2 concentrations were suppressed in
male and female tilapia (Oreochromis niloticusy dosed with
capsules containing 0.1 or 1.0 mg of methylmercuric chloride
(14). Exposure to high levels of MeHg in water inhibited
steroidogenesis in male catfish (Clarias batrachus) (37). The

5 M spawned
Did not spawn

Male testosterone (ng-mL")

Female estradiol (ng-mL"")

Diet

FIGURE 2. Mean plasma testosterone (males, top} and estradiol
concentrations (females, bottom) of spawning and nonspawning
fathead minnows fed diets with different levels of MeHg. Bars
represent 1 SE,

ecological relevance of these findings are difficult to interpret,
however, because test fish were not exposed to low levels of
MeHg via the diet. This study, to our knowledge, is the first
to report alterations in reproductive endocrine function in
fish exposed to environmentally realistic concentrations of
dietary MeHp.

The specific mechanism suppressing sex hormones in
fish is unknown. Endocrine regulation of fish reproduction
is mediated by the hypothalamic—pituitary—gonadal axis
common to all vertebrate taxa. Hypothalamic secretion of
gonadotropin-releasing hormone {GnRH) stimulates pituitary
release of gonadotropins GTH-1 and GTH-2, which in turn
act on the gonads to stimulate steroidogenesis (38}. Disrup-
tion of single or multiple components of this axis could result
in altered steroidogenesis (i.e., the observed suppression of
T and E2). Exposure to high concentrations of waterborne
MeHg can inhibit gonadotropic activity in the pituitary of
catfish {(39). Arnold (/4) suggested that MeHg may suppress
steroidogenesis by interfering directly with gonadal develop-
ment. Future mechanistic studies could investigate effects
of MeHg on molecular regulation of steroidogenesis, includ- -
ing expression and activity of steroidogenic enzymes (40).

Suppression of steroidogenesis can affect gametogenesis
and the development of secondary sex characteristics,
ultimately resulting in reduced reproductive success. Lower
egg production by female fathead minnows fed MeHpg-
contaminated diets observed by Hammerschmidt et al. (15)
was likely due to reduced levels of E2Z and subsequently
reduced vitellogenin, which is a substrate for developing eggs
(41). Vitellogenin is produced in the liver of female fish and
is induced by elevated levels of E2. Spermatogenesis was
hindered in guppies (Poecilia reticulata) exposed to water-
borne MeHg (42). Harries et al. {43 reported altered
reproductive performance and abnormal steroid hormone
profiles in fathead minnows exposed to 4-nonylphenol and
related these alterations to inhibited development of sec-
ondary sex characteristics in males, including fewer nuptial
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tubercles and a smaller dorsal fat pad. Moreover, a population
of wild bream (Abramis brama) exposed to many contami-
nants in the Elbe River, Germany, was recently reported to
have reciprocal relations between inhibitory effects on
gonadal growth, levels of sex hormones, and expression of
secondary sex characteristics (3). Further research could focus
on the use of secondary sex characteristics as an indicator
of altered reproduction and endocrine function of fish due
to MeHg exposure.

Dietary MeHg inhibited gonadal development of female
fathead minnows but not males (Table 2), The GSI of females
fed the medium-MeHg diet was 40% less than that of femaies
fed control or low-MeHg diets (ANOVA, Fo;z = B.686,
£ < 0.01), which did not differ. The GSI of males was
unaffected by dietary MeHg (ANOVA, F> 1, =0.406, P=0.68).
Mean GSI in males ranged from 0.68% in controls to 0.80%
in the low-MeHg treatment.

Studies examining effects of MeHg on gonadal develop-
ment of fish have found mixed results. Hammerschmidt et
al. (15) reported that dietary MeHg significantly reduced GSI
in fermale but not in male fathead minnows, in agreement
with our results. In contrast, dietary MeHg reduced GSI in
male juvenile walleyes but not females {31). Very high
concentrations of waterborne MeHg reduced the GS] of both
male and female catfish (37, 44). However, G5 was not altered
in male or female tilapia implanted with capsules containing
methylmercuric chloride {74).

Histological examination of gonads may provide a more
sensitive indicator than G3I for assessing effects of MeHg on
gonadal development. Arnold (/4), for example, reported
atretic follicles and atrophied seminiferous tubules of female
and male tilapia after treatment with MeHg even though GSI
did not differ between treated and control fish. Juvenile male
walleyes with reduced GSI also exhibited testicular atrophy,
which likely contributed to the differences in GSI observed
by Friedmann et al. {31).

Inhibition of gonadal development can affect reproductive
potential of fish. Hammerschmidt et al. (15 reported that
relative fecundity of female fathead minnows was negatively
correlated with concentrations of total mercury in carcasses,
This was likely due to altered stercidogenesis and gameto-
genesis of damaged reproductive tissues. Fathead minnows
with small gonads in our study also had low levels of sex
hormones {Figure 3). Testosterone in male fish (2 =0.14, P
= 0.001, n=69) and E2 in female fish (#* = 0.24, P < 0.001,
n = 62) were positively related to GSI. Females fed the
medium-MeHg diet generally had the smallest gonads and
lowest levels of E2, indicating that MeHg reduced the capacity
of ovaries to produce sex hormones. McMaster et al. (45)
reported that fish populations with reduced gonadal growth
due to bleached kraft pulp mill effluent also exhibited reduced
circulating levels of sex hormones due to reductions in
capacity of gonadal tissues to synthesize steroids.

Biomarkers may be useful in assessing the reproductive
health of wild fish populations exposed to MeHg, given that
it is difficult to quantify reproductive success of fish in their
natural environments. Measuring gonadal development,
levels of sex hormones, and possibly vitellogenin could
provide a method for monitoring subtle changes in repro-
ductive performance of individuals that may adversely affect
populations (46). This information could assist fishery
managers in assessing the relative effects of MeHg on year-
class strengths of wild populations of fish.

Reproductive Success. Dietary MeHg adversely affected
reproduction of fathead minnows. The proportion of pairs
of fish that spawned within 21 d after being placed into
breeding aquaria decreased in a dose-dependent fashion
(x%=2 = 10.439, P < 0.01; Table 2). Pairs fed the control diet
accumulated little mercury (<0.1 ug g~' ww) and had a
spawning success of 32% (i.e., eight of 25 pairs spawned).
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FIGURE 3. Relation between plasma testosterone (males, top) and
estradiol (females, bottom) and the gonadosomatic index (GSI) of
fathead minnows fed diets with different levels of MeHg.

Pairs fed the low-MeHg diet had mean total mercury
concentrations slightly less than 1 4g g~! ww and a spawning
success of 12%. No pairs in the medium-MeHg treatment
spawned; their mean total mercury concentrations exceeded
35ug g ww.

Dietary MeHg also delayed spawning of fathead minnows.
Of those fish that spawned, pairs fed the low-MeHg diet
required more days to spawn than those fed a control diet
(ANOVA, F 5 = 7.992, P= 0.04). Days to spawning averaged
12 and 17 d, respectively, for pairs fed control and low-MeHg
diets.

Relative fecundity of female fathead minnows was not
related to MeHg exposure. The number of eggs laid per gram
of female fish was highly variable. Mean (x 1 SE) relative
fecundity of females fed control and Jow-MeHg diets were
13.9 + 7.3 and 35.5 + 16.0 eggs g™, respectively.

Mercury concentrations that accumulated in carcasses
of fathead minnows in this study are environmentally realistic.
Piscivorous fish inlow-pH lakes and newly flooded reservoirs,
for example, often contain total mercury concentrations in
axial muscle in the range of 0.5—3.0 ug g~! ww (13). Elevated
concentrations can also occur in invertivorous fish, such as
yellow perch (Perca flavescens; 47). This suggests that wild
fish populations could be at risk for impaired reproduction
due to MeHg.

The adverse effects of MeHg on reproduction of fathead
minnows were anticipated. Hammerschmidt et al. (15) also
observed reduced spawning success and delayed spawning
of fathead minnows fed MeHg-contaminated diets. However,
they also observed reduced relative fecundity of female fish.
We did not detect reduced relative fecundity presumabily
because sample sizes were small and egg production varied
considerably within dietary treatments. Aithough not sta-
tistically significant, females fed the low-MeHg diet had higher
relative fecundity than females fed the control diet. It is
possible that females fed the low-Melg diet had an increased
relative fecundity {as compared to controls) because of



reduced egg size. The size of eggs are known to be affected
by diet and other factors and can be related to egg quality
(41). Egg size was not measured in this study, however.

Future work investigating effects of MeHg on reproduction
of fish should also focus on early life stage and transgen-
erational effects. Fish embryos and larvae are exposed to
MeHg in water and via maternal transfer (23, 48. Latif et al.
(49) reported that environmentally relevant concentrations
of waterborne MeHg reduced hatching success and lowered
heart rates of walleye embryos. Altered reproduction, in-
cluding reduced fertilization success and altered sex ratios,
was noted in killifish exposed to maternally derived MeHg
(16). Wiener and Spry (13) concluded that fish populations
are most at risk from MeHg at existing exposure levels during
embryonic and larval stages.

Ecological consequences of altered reproduction include
population-, community-, and ecosystem-level effects. For
example, atmospheric deposition of metals from a smelter
near Flin Flon, MB, Canada, caused decreased recruitment
in a population of white suckers (Catostornus commerson;i)
due to reduced spawning success of adults and reduced
survival of eggs and larvae (50). Adams et al. () reported
reduced fish community integrity (measured as species
richness and relative abundance) in a reservoir subjected to
many contaminants, including high concentrations of mer-
cury, due to reproductive impairment of largemouth bass
(Micropterus salmoides) and bluegill (Lepomis macrochirus).
Ecosystemn-level consequences of altered reproduction can
occur if a fish population provides some service that is
essential to ecosystem function. For example, alterations in
reproductive performance of Pacific sockeye salmon (On-
corhyncus nerka) due to increased temperature can affect
productivity of lake ecosystems where spawning occurs (51).

Concentrations of dietary MeHg regularly encountered
by wild fish significantly suppressed levels of sex hormones,
inhibited gonadal development, and reduced reproductive
success of fathead minnows. This suggests that (i) suppressed
hormone levels and inhibited gonadal development may be
used to indicate altered reproduction of fish and (ii)
reproduction of wild fishes may be adversely affected by
MeHg. It is not known whether effects of MeHg on fish
reproduction and endocrine function cbserved in the
laboratory also occur in the field. Field studies indicate that
alterations in reproductive biomarkers may occur in wild
fish populations, yet causality is difficult to establish because
of spatial and temporal variability and the presence of other
contaminants {2, 52, 53). Further assessment of relations
among exposure to MeHg, effects on biomarkers, and
reproductive responses of wild fish populaticns is warranted,
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